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initiator reaction (slow) pH-bufering (slow and/or fast)

L |

[ FeSa) + 20aaq + HoO ™% Fe?+ 4+ 2502 + 2H* -l

03y, diffusion from atmosphere

T Fett + L0guq + HY AT Felt 4+ jH,0 |

J l immobilization of Fe?*+
{ Fe™ +3H,0 &% Fe(OH)y + 3H*

Fe+ from Fe?*
oxidation Fe3*+ from dissolution of ferric hydroxides

FeSyw + MFe™ + 8H;0 A% [5Fed* + 2503 + 16H* |

propagation cycle {fast) l
{

KAISi;Op + 4H* + 4H;0 <=5 K+ + AR+ + 3H,Si0,(4q)

CaCOsqy + 2HY ™4 Ca?* + H;COjaq)

COgy(,, diffusion to atmosphere

Figure 6.1: Conceptual model of pyrite oxidation, modified from Singer and Stumm [1970]

Reactions 6.2 and 6.3 provide parallel reaction pathways for the oxidation of pyrite.
Many studies have shown that under low pH-conditions the oxidation by ferric iron is
the preferred pathway for pyrite oxidation [Singer and Stumm, 1970, Moses et al., 1987,
Nordstrom and Alpers, 1998]. However, Moses et al. [1987] reported that low Fe(III)-
concentrations are sufficient to oxidize pyrite and that the oxidation of pyrite by Fe(1II)
is dominant over the oxidation by dissolved oxygen up to pH = 9, although the difference
decreases with increasing pH. Singer and Stumm [1970] determined that the direct oxida-
tion of pyrite by Oz(aq) according to reaction 6.2 provides a significant contribution to the
overall oxidation of pyrite at early times only and, therefore, defined this reaction as the
"initiator reaction”. Reactions 6.3 and 6.4 are sequential reactions and the progress of the
combined reaction will be determined by the slower reaction of the sequence. Singer and
Stumm [1970] have defined reactions 6.3 and 6.4 as the "propagation cycle”. Reactions
6.2 and 6.4 are parallel reactions with respect to the consumption of dissolved oxygen.
If conditions are favorable, i.e. if the rates of reactions 6.3 and 6.4 are both faster than
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the rate of reaction 6.2, then the oxidation of pyrite by Fe>* will be more rapid than
oxidation by dissolved oxygen.

Singer and Stumm [1970] define the oxidation of ferrous iron to ferric iron according
to reaction 6.4 as the rate-determining step under abiotic conditions. Many researchers
have found that the rate of ferrous iron oxidation under low pH-conditions is significantly
faster if the reaction is catalyzed by the bacteria Thiobacillus Ferroozridans [Southam
and Beveridge, 1992, Bodo and Lundgren, 1974, Singer and Stumm, 1970]. Bodo and
Lundgren [1974] reported that ideal conditions for biological catalysis of ferrous iron
oxidation by Thiobacillus Ferroozidans exist in a pH-range between 2 and 3.5. They
observed a sharp drop of catalysis rates when approaching higher pH-values. Southam
and Beveridge [1992], on the other hand, reported that catalysis at a lower rate might
also take place under circumneutral pH-conditions. For high pH-values (pH > 7), the
abiotic rate of ferrous iron oxidation is rapid [Singer and Stumm, 1970, Millero, 1985].
Considerable differences exist with respect to estimates of the degree of biological catalysis
in comparison to the abiotic rate. Singer and Stumm [1970] reported that microbial
mediation might accelerate the rate of ferrous iron oxidation by a factor larger than 106,
Nordstrom and Alpers [1998] suggested that the oxidation of pyrite by ferric iron is the
rate-controlling step of the propagation cycle, implying that the biologically catalyzed
rate of ferrous iron oxidation is potentially faster than the oxidation of pyrite by ferric

iron.

Another influence on pyrite oxidation rates may be the availability of ferric iron as a
species in solution, which hydrolyzes at pH-values above 2:

Fe** + H,0 = FeOH?* +H* (6.5)
Fe3* +2H,0 = Fe(OH)f + H* (6.6)
Fe** +3H,0 = Fe(OH)s(aq) + HY (6.7)
Fe’* +4H,0 = Fe(OH); + H* (6.8)

Most laboratory studies of pyrite oxidation by Fe(III) were conducted under low pH-
conditions {McKibben and Barnes, 1986, Williamson and Rimstidt, 1994] and therefore
do not address the possible influence of hydrolysis reactions. As mentioned previously,
Moses et al. [1987] showed that pyrite oxidation by Fe(III) is of importance over a pH-
range from 2 - 9, and, even at high pH-values, is at least as fast as the oxidation of pyrite
by oxygen. These findings indicate that the effect of ferric iron hydrolysis may not be
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as pronounced and most importantly, that it may be appropriate to express the pyrite
oxidation rate in terms of the total Fe(III)-concentrations instead of the Fe3*-species

concentrations.

A likely explanation for decreasing pyrite oxidation rates by ferric iron under mildly
acidic and circumneutral pH-conditions is the significant decrease in the solubility of
ferric iron. The precipitation of ferric oxides/hydroxides or hydroxy-sulfates such as
ferrihydrite, schwertmannite and jarosite [Bigham et al., 1996] limit dissolved Fe(III)-
concentrations and therefore the availability of ferric iron for the oxidation of pyrite.
Under these conditions pyrite oxidation by ferric iron becomes more dependent on the Fe-
recycling reaction according to equation 6.4 [Moses et al., 1987]. Precipitation reactions
for ferrihydrite and jarosite can be written as:

Fe’* + 3H,0 = Fe(OH)a(s) + 3H™ (6.9)
K* + 3Fe®* + 2502~ + 6H,0 = KFe3(SO4)2(OH)s + 6H' (6.10)

If secondary minerals containing ferric iron precipitate, reactions 6.3, 6.9 and 6.10
are parallel reactions with respect to the consumption of ferric iron. To what degree the
precipitation of these secondary minerals will affect the oxidation of pyrite depends on the
relative rates for secondary mineral precipitation and pyrite oxidation, and the solubility
of the secondary mineral phases.

The dissolution of ferric oxides/hydroxides and hydroxy-sulfates is a potential source
of ferric iron, which may also affect the rate of pyrite oxidation by providing the oxidant.
In this case reactions 6.4, 6.9 and 6.10 are parallel with respect to the production of ferric
iron.

The precipitation of secondary minerals may inhibit the oxidation of pyrite by their
formation on the surface of the sulfide mineral particles, where they form a surface coating
(e.g. Cathles, 1979, Hiskey and Schlitt, 1982, Jaynes et al., 1984a, Davis and Ritchie, 1986,
Nicholson et al., 1990, Wunderly et al., 1996]. This protective layer limits the access of
the electron acceptors, dissolved oxygen and ferric iron, to the reactive pyrite surface.

The pH of the pore water affects the solubility and hydrolysis of ferric iron, the rate
of oxidation of ferrous iron [Singer and Stumm, 1970, Lowson, 1982}, and the bacterial
catalysis of oxidation reactions [e.g. Nordstrom and Southam, 1997). By extension, the
pH affects the rate of pyrite oxidation by ferric iron. Acidification of the pore water is
primarily due to the oxidation of sulfide minerals and the precipitation of ferric hydroxides
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(see equations 6.2, 6.3, 6.9 and 6.10). Acid production can be offset by the dissolution
of pH-buffering minerals contained in the tailings material. Depending on the particular
mineral phase dissolving, the pH will be buffered to a specific value [Morin et al., 1988,
Blowes and Ptacek, 1994]. Another influence on the degree of pH-buffering is the effective
rate of mineral dissolution in comparison to pyrite oxidation rates. Calcite, for example,
is a fast dissolving mineral with a high pH-buffer capacity:

CaCOs(s) + HY = Ca?* + HCOS (6.11)

pH-buffering due to the dissolution of aluminosilicate minerals is a relatively slow process.
The dissolution of K-feldpar is an example of a slowly dissolving mineral:

KAlSi;Og + 4H* + 4H,0 — K* + APt + 3H,Si04(aq) (6.12)

If carbonate minerals are dissolving in the unsaturated zone, the pH may be buffered
additionally by the degassing of carbon dioxide:

HCO3 + H* — CO2(g) + H,0 (6.13)

6.2 Example Applications

A number of simulations were conducted to evaluate the relative importance of several
processes affecting the rate of pyrite oxidation, the pH of the pore water, and the compo-
sition of the aqueous and solid phases. Simulations were carried out for a batch reactor
and for a vertical profile of partially-saturated tailings material of varying composition.
The following topics were addressed:

Batch reactor simulations:

¢ Initiator reaction and propagation cycle - What are the contributions of pyrite
oxidation by dissolved oxygen and ferric iron to the overall pyrite oxidation rate?
How does the propagation cycle evolve over time?

¢ Kinetically-controlled oxidation of ferrous iron - Under what conditions is the ox-
idation of ferrous iron by dissolved oxygen rate-limiting for the overall progress of
pyrite oxidation?
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@ Precipitation of ferric-bearing minerals - How does the precipitation of ferric-bearing
secondary minerals affect the rate of pyrite oxidation by ferric iron?

Reactive transport simulations:

e Macroscopic transport control - How does pore size distribution (hydraulic conduc-
tivity) affect water saturations, oxygen transport, and pyrite oxidation rates?

o pH-buffering - How does the presence of pH-buffering minerals affect the transient
evolution of the pore water composition and the tailings mineralogy?

® Oxygen mass balance - What are the oxygen consuming processes and what is the
relative importance of the various processes?

® Degassing of carbonic acid - How does exsolution of carbonic acid to the gaseous
phase and subsequent loss to the atmosphere affect the pH in the presence of car-
bonate minerals? How important is CO;-degassing as an acid-consuming process?

6.2.1 Definition of Reaction Network

Reaction stoichiometries, equilibrium and rate constants common to both the batch re-
actor and reactive transport simulations are presented in this section. Table 6.1 lists
aqueous complexation and oxidation-reduction reactions along with the corresponding
equilibrium constants. Table 6.2 defines the reaction stoichiometries for the dissolution
and exsolution of oxygen and carbon dioxide and their equilibrium constants. Table 6.3
summarizes the dissolution-precipitation reactions which are considered here. The oxida-
tion of pyrite and the dissolution of K-feldspar are treated as irreversible reactions, while
the remaining mineral phases may dissolve or precipitate in response to changes in the
saturation state of the solution with respect to each mineral phase.

Dissolution-precipitation reactions are treated as surface-controlled reactions, unless
otherwise noted. The reaction rates of reversible dissolution-precipitation reactions are
described by transition state theory rate expressions of the form [Lasaga, 1998):

m
R = —keg ; []_ - I‘:{‘!P;: ] , (6.14)
i
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Reaction log KT
Oxidation-reduction reactions
(1) Fer = Fe’* +0.250,(aq) + HY —0.5H,0  8.473
Complexation reactions
(2) OH- = H,0 - H -13.998
(3) H3Si04~ = H,Si04 — H* -9.830
(4) CaHCOF = Ca?* + CO3~ + Ht 11.440
(5) CaCOs(aq) = Ca?*+ CO?Z- 3.220
(6) CaSOs(aq) = Ca?t +S03% 2.309
(7) KSOj7 = K* + 802~ 0.850
(8) Al(OH)J = AlI*+ 4+ 2H,0 - 2H* -10.100
(9) Al(OH); = AP+ + 4H,0 — 4H* -22.700
(10) Al(OH)s(aq) = AP+ +3H,0 - 3H* -16.900
(11) Fe(OH)™* = Fe?* + HoO ~H* -9.500
(12) FeSO4(aq) = Fe?* + 802" 2.250
(13) HCO; = H* + CO03~ 10.330
(14) H,COs(aq) = 2H*+CO%" 16.681
(15) Al(QH)%* = APt + H,0 - H* -4.990
(16) AlSOf = APt 4+ 803" 3.500
(17) Al(SO4); = AP+ 4+ 2502~ 5.000
(18) HsOj7 = H* + S0~ 1.987
(19) Fe(OH)2* = Fedt + H,0 - HY -2.190
(20) Fe(SO4)* = Fe’t + 802~ 4.040
(21) Fe(OH)F = Fe3* + 2H,0 -~ 2H* -5.670
(22) Fe(OH)sz(aq) = Fet +3H,0 —3H* -12.560

Table 6.1: Oxidation-reduction and complexation reactions

Reaction log K‘g
(1) O2(g) = 02(aq) 2.898
(2) CO2(g) = 2H*+CO%3~ —H,O 18.160

Table 6.2: Gas dissolution-exsolution reactions

186
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kes ; defines the effective dissolution rate for the mineral phase A7*. The equilibrium
and estimated effective rate constants for reversible dissolution-precipitation reactions

are given in Table 6.4.

Mineral phase Reaction
irreversible
(la) pyrite FeSa(s) + 3.502(aq) + H,0 — Fe** + 2505~ + 2H*
(1b) pyrite FeSa(s) + 14Fe’* +8H,0  — 15Fe?* + 2503~ + 16H™
(2) K-feldspar KAISizOg +4H* +4H,0  — K* + AB* + 3H,Si04
reversible
(3) calcite CaCOj3(s) = Ca**t + CO35~
(4) siderite FeCO3(s) = Fe?* + CO3™
(5) gibbsite Al{OH)s(s) + 3H* = AI** + 3H,0
(6) gypsum CaS0, - 2H,0(s) = Ca?* + 502~ + 2H,0
(7) ferrihydrite Fe(OH);(s) + 3H' = Fe** + 3H,0
(8) jarosite KFe3(SO4)2(OH)g + 6Ht = K* + 3Fe’* + 250%™ + 6H,0
(9) silica(am) SiOz(am) + 2H,0 = H,4Si04
(10) jurbanite  Al(OH)SO4-5H,0 + Ht = AP+ + 802~ + 6H,0
(11) melanterite FeSO, - TH,0 = Fe?* + SO~ + 7TH,0

Table 6.3: Dissolution-precipitation reactions

Mineral phase log K  keg,i [mol m~ s~']
(3) calcite 8.475 5.0-107°
(4) siderite 10.450 1.0-10°5
(5) gibbsite -8.110 1.0-10°%
(6) gypsum 4.580 1.0-10~*
(7) ferrihydrite  2.710 1.0-10°6
(8) jarosite 9.210 1.0-10°°
(9) silica(am) 2.710 1.0-10°%
(10) jurbanite 3.805 1.0-10~%
(11) melanterite  2.209 1.0-1074

Table 6.4: Parameters for reversible dissolution-precipitation reactions
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The irreversible dissolution of K-feldspar is described by a pH-dependent rate expres-
sion [Blum and Stiilings, 1995] and is given by:

m
R2md = —max [[52 [kg;d,S{H+}0.5 + kgd,S{H+}-0.58] [1 - I;l{}:l? ]] ,0]
2 (6.15)
The rate constants are k5 = 3.19- 1071 mol m~2 s~! and kj>* = 7.30 - 10~ mol
m~! s~!. The equilibrium constant is KJ* = -0.08. The rate expressions used for the
description of pyrite oxidation are discussed separately for batch and reactive transport

simulations in Sections 6.2.2 and 6.2.3.

6.2.2 Batch Reactor Simulations

A series of simulations has been conducted using a batch reactor as shown in Figure
6.2. The porous material in the batch reactor has a porosity of 50% and contains 0.5
vol% pyrite and 49.5 vol% K-feldspar. The initial reactive surface areas for pyrite and K-
feldspar are assumed S| = 12 m? m~3 and S, = 594 m? m~3, respectively. The void pore
space is partially-saturated and the phase saturations for water and gas are both 50%.
It was assumed that the system is open to the atmosphere and that the pore water is in
equilibrium with atmospheric gases. The initial pore water composition is characterized
by a pH = 2 and a total sulfate concentration of 6.95-10~% mol 1-!. The low pH was used
as a starting condition to utilize available laboratory-derived rate expressions for pyrite
oxidation by Fe(III) only within their range of applicability. The concentrations of the
remaining constituents were assumed to be negligibly low.

fixed:
p0, =0.21 atm, pCO, = 107 *atm,
S,=8§,=0.5

initial condition:
pH=2,S0,=6.95x 10" mol I"
$=05,¢,.=5x 10°, O trspee = 0.495

Figure 6.2: Batch reactor for numerical study of acid mine drainage generation
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Pyrite oxidation is here described by a combined rate expression based on the labora-
tory experiments from Williamson and Rimstidt [1994] and McKibben and Barnes [1986)].
The combined rate expression takes the form:

Pm
R = _max Hsl [k{'{d”{Og(aq)}°'5{H+}‘°‘”] {I}“{mu]
11
TAP]
“rem

12

+ [kt IFe(tID)* S {H*} 0] [ ” ,o] . (6.16)
This rate expression accounts for the irreversibility of pyrite oxidation. JAP[} and AP}
are the ion activity products for pyrite oxidation by oxygen and by ferric iron, as defined
by the reaction stoichiometries of reactions la and 1b in Table 6.3. The corresponding
equilibrium constants are log K7} = -215.264 and log K]} = -98.541. The rate constant
for pyrite oxidation by dissolved oxygen is defined by AT = 10~8!% mol m~2 s™!
[Williamson and Rimstidt, 1994] and the rate constant for pyrite oxidation by ferric iron

is k% = 10~752 mol m~2 s~! [McKibben and Barnes, 1986).

Initiator Reaction and Propagation Cycle

Figure 6.3a shows the time-dependent evolution of pyrite oxidation and K-feldspar dis-
solution rates plotted on a log-log scale. Pyrite oxidation by dissolved oxygen is initially
the dominant reaction path for the oxidation of pyrite. Oxidation by ferric iron gains im-
portance as dissolved iron concentrations increase. The simulation results coincide with
the "initiator reaction” and "propagation cycle” model introduced by Singer and Stumm
[1970]. The overall rate of pyrite oxidation by ferric iron increases with time. This behav-
ior can be attributed to the autocatalytic nature of the propagation cycle, which is due to
the net-gain in dissolved total iron concentrations during pyrite oxidation. It was assumed
that Fe(II)-oxidation is fast in comparison to pyrite oxidation by ferric iron. Therefore,
equilibrium conditions have been assumed for the Fe(II) /Fe(III)-redox couple. The degree
of autocatalysis in a real system will strongly depend on the Fe(III)-availability, which is
determined by the rate of ferrous iron oxidation by dissolved oxygen (equation 6.4), and
will be discussed later. The simulation shows that pyrite oxidation rates by ferric iron
exceed the oxidation rates by dissolved oxygen by 2-3 orders of magnitude, which is in
close agreement with the results of the laboratory experiments of Moses et al. [1987] and
Williamson and Rimstidt [1994).
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Figure 6.3: Initiator reaction and propagation cycle: a) dissolution rates of primary
minerals, b) precipitation rates of secondary minerals, c) selected mineral volume fractions

and pH
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Jarosite precipitates as a result of the increasing dissolved iron, sulfate and potassium
concentrations [Bigham et al., 1996]. Once saturation is reached, jarosite provides a
limit to dissolved ferric iron concentrations and thus, the overall oxidation rate of pyrite
(Figures 6.3b and c). This behavior is indicated by the break in the increase of pyrite
oxidation rates after approximately 0.2 years (Figure 6.3a).

The oxidation of pyrite increases the acidity of the pore water (Figure 6.3c) and leads
to an enhanced dissolution of K-feldspar (Figure 6.3a). However, despite the abundance
of this mineral phase, the rate of K-feldspar dissolution is slow in comparison to the rate
of pyrite oxidation. Significant pH-buffering can only be observed when pyrite becomes
completely depleted. The secondary minerals amorphous silica and jurbanite form as a
result of K-feldspar dissolution (Figures 6.3b and 6.3c). The solution remained under-
saturated with respect to other potential secondary mineral phases including kaolinite,
ferrihydrite, gibbsite and alunite.

Pyrite oxidation leads to high concentrations of dissolved iron (max. 0.46 mol 17})
and sulfate (max. 1.38 mol 1-!). The ionic strength of the solution reaches a maximum
of I = 1.25 when pyrite oxidation rates are highest. The present model uses the extended
Debye-Hiickel equation, which is strictly only applicable up to an ionic strength of I = 0.7
[Allison et al., 1991). This may affect the accuracy of the modelled results. Nevertheless,
the qualitative behavior is believed to be represented correctly. It is also possible that
other ferric-bearing mineral phases such as coquimbite (Fez(SO4)3-9H20) or kornelite
(Fe2(SO4)3-7TH20) precipitate under the prevailing low pH- and high TDS-conditions
(Nordstrom and Alpers, 1998].

Kinetically-Controlled Oxidation of Ferrous Iron

The simulation conducted in the previous section was based on the assumption that the
oxidation of ferrous iron by dissolved oxygen is fast in comparison to the rate of pyrite
oxidation by ferric iron. However, Singer and Stumm [1970] reported that the oxidation
of ferrous iron is the rate-determining step for pyrite oxidation in abiotic systems under
low pH-conditions. The abiotic axidation rate for ferrous iron oxidation for a pH-range
from approximately 1 to 8 can be expressed as [Singer and Stumm, 1970]:

RS = —max [[k¢] [Fe(I}{O2(aa)} + K& Fe(ID}{Oz(aq)}{H*} 7] 0]
(6.17)



CHAPTER 6. GENERATION AND FATE OF ACID MINE DRAINAGE 192

The first term dominates the reaction rate for acidic pH-values (pH < 3.5) and is char-
acterized by slow reaction kinetics, while the second term controls the overall reaction
rate above pH = 4.5 and accounts for increasing oxidation rates with increasing pH. This
rate expression takes into account the irreversibility of ferrous iron oxidation in natural
systems. The corresponding rate constants are given by Singer and Stumm [1970] and
are %/ =3.2-10~° {l mol~! s~!] and k% = 2.6 -10~!2 (I"! mol s~!].

10°
- d log[Fe(M}/dt = k k}(O,(aq)} +K3{O,(a) HH'}?
Q
100 pO, =0.20 atm, T = 25°C
10°F logk, =6
g 10° F ‘
= foee T
10° -
10+ logk_ =0
~— - dlog[Fe(I}/dt = k;(O,(ag) {H'}?
10‘10 U G S U U T U S SH T N SR SR SN S R T N S T R SR SR S
1 2 3 4 5 6 7

pH[-]

Figure 6.4: Abiotic and biologically catalyzed oxidation rates of ferrous iron

On the other hand, biological catalysis occurs under low-pH conditions in natural en-
vironments [e.g.: Southam and Beveridge, 1992, Nordstrom and Alpers, 1998, Nordstrom
and Southam, 1997]. Estimates of biological catalysis factors reported in the literature
differ significantly [e.g. Singer and Stumm, 1970, Nicholson, 1994, Nordstrom and Alpers,
1998] and range from 102 to 10° in comparison to the abiotic rate. It is therefore of gen-
eral interest to determine the sensitivity of pyrite oxidation rates to biological catalysis of
ferrous iron oxidation. Rate expression 6.17 can be modified to allow the consideration of
biological catalysis under low pH-conditions by introducing the biological catalysis factor

km:
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R/ = —max [ [kmk${ [Fe(I)|{02 (aq)} + k3§ [Fe(I|{O2(aq)}{H*} ] 0]
(6.18)

The abiotic (log £» = 0) and microbially mediated (for log k;» = 3 and 6) rates of ferrous
iron oxidation are presented in Figure 6.4 for pO2 = 0.2 atm and T = 25°C as a function
of pH (modified after Singer and Stumm, 1970).
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Figure 6.5: Sensitivity with respect to biological catalysis of ferrous iron oxidation: a)
pyrite oxidation rates, b) Fe(III)/Fe(II) concentration ratio

Figure 6.5a shows overall pyrite oxidation rates for different biological catalysis factors
(log km = 2-5) and for equilibrium conditions for the Fe(II)/Fe(III) redox couple. It can
be seen that overall rates of pyrite oxidation are virtually identical for catalysis factors
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km 10? 10° 10* 10° equilibrium
time [y] 22.4 18.9 18.7 18.7 18.7

Fe(Il) [mol I7!) 1.0.10"2 1.0-107% 1.1-107* 1.6-107% 1.4-.1079
Fe(III) [mol 17!] 4.3-10~! 4.5-10"! 45-107! 4.5-107' 45.107!

Table 6.5: Maximum Fe(III) and corresponding Fe(II) concentrations depending on bio-
logical catalysis of ferrous iron oxidation

greater 10° and are, for practical purposes, equivalent to pyrite oxidation rates under
equilibrium conditions for the Fe(II)/Fe(III) redox couple. However, the oxidation of fer-
rous iron becomes rate-limiting for catalysis factors ky, < 103. The effect is strongest at
early times, when dissolved iron concentrations are low. For low catalysis factors, a con-
siderable fraction of dissolved iron remains in the reduced state. This leads to a decrease
of dissolved ferric iron and increased ferrous iron concentrations and most notably a time
lag, which proceeds the onset of the propagation cycle (see Figure 6.5a). During this
time lag secondary ferrous bearing minerals such as melanterite (FeSO4-7TH20) or ferrous
and ferric-bearing minerals, such as copiapite (Fe(II)Fe(III)4(SO4)s(OH)2-20H20) could
precipitate [Nordstrom and Alpers, 1998]. The precipitation of these mineral phases may
inhibit pyrite oxidation by removing dissolved iron from solution. However, in these simu-
lations the pore water remained undersaturated with respect to melanterite. Equilibrium
constants for other ferrous-bearing soluble iron-sulfate minerals were not available, and
these minerals were therefore not considered in this analysis. Blowes et al. [1991] observed
the precipitation of melanterite under field conditions, however, the formation took place
below the zone of active oxidation, where ferrous iron is the dominant dissolved state.

Nordstrom and Alpers [1998] hypothesized that ferrous iron oxidation rates are po-
tentially much faster than pyrite oxidation rates by ferric iron and concluded that the
rate-determining step for pyrite oxidation in natural environments is the heterogeneous
reaction, i.e. the oxidation of pyrite by ferric iron. The present study shows that relatively
small catalysis factors (km > 10%) appear sufficient to maintain ferric iron concentrations
near equilibrium levels (Table 6.5). For these catalysis factors, pyrite oxidation rates do
not differ substantially from the rates under equilibrium conditions for the Fe(II)/Fe(III)
redox couple (Figure 6.5a). However, ferrous iron concentrations are much higher than the
corresponding equilibrium values (Table 6.5), which is also reflected by the Fe(III)/Fe(II)
concentration ratio (Figure 6.5b). Differences become less significant for higher catalysis
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rates. A comparison to equilibrium conditions for the Fe(II)/Fe(III) redox couple (Figure
6.5b) shows that a biological catalysis factor ky, > 10 would be required to reproduce

true equilibrium conditions.

The results indicate that biological catalysis of ferrous iron oxidation can accelerate
the oxidation of pyrite by ferric iron. However, field observations show that a significant
fraction of total dissolved iron remains as Fe(II) in the zone of active oxidation [Dubrousky
et al., 1984: Elliot Lake, =~ 36% Fe(II); Johnson, 1993: Nickel Rim, 52-82% Fe(1l); Bain,
personal communication, 1999: Moose Lake, Ontario, > 85% Fe(II)]. These data indi-
cate that there is some kinetic limitation for ferrous iron oxidation in natural systems.
Although not directly comparable, such an Fe(III)/Fe(II) ratio would correspond to a
biological catalysis factor of 10! to 102 for the simulations conducted in the present study
(Figure 6.5b). It can be concluded that field-measured Fe(III)/Fe(II) ratios provides
a good indicator to determine if kinetic limitations apply in the field. The heteroge-
neous reaction is the rate-determing step, if Fe(III)/Fe(II) > 100. Ferrous iron oxidation
limits pyrite oxidation for Fe(III)/Fe(II) ratios < 100. In this context, it should be men-
tioned that dissolved Fe(III}-concentrations may also be influenced by the precipitation
of Fe(III)-hydroxide or hydroxy-sulfate mineral phases, which limits the applicability of
the Fe(III)/Fe(II) ratio to identify the rate-determining step for sulfide mineral oxidation.

It should be pointed out that the results are only applicable to acidic conditions
and may differ significantly for pyrite oxidation at circumneutral pH. Simulations in
pH-buffered solutions were not possible, because well-defined rate expressions for the
oxidation of pyrite are not available at the higher pH-range. It is postulated that pyrite
oxidation by ferric iron becomes more dependent on the rate of ferrous iron oxidation due
to the limited solubility of iron under circumneutral pH-conditions [Moses et al., 1987).

Results may also differ for tailings material with a higher pyrite content, where dis-
solved concentrations will be higher. The activity corrections in the present model are
not suitable for such extreme conditions, therefore, such a scenario was not considered

here.

Precipitation of Ferric-Bearing Minerals

Simulations were conducted to determine the effect of decreasing the rate of jarosite
precipitation on pyrite oxidation (Figure 6.6). The envelope conditions are provided by
equilibrium conditions for jarosite and no jarosite precipitation. Figure 6.6 shows that
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Figure 6.6: Sensitivity of pyrite oxidation rates with respect to jarosite precipitation rates

pyrite oxidation rates increase with decreasing jarosite precipitation rates. If jarosite pre-
cipitation is kinetically inhibited, higher dissolved Fe(III)-concentrations result. However,
the differences are not as pronounced as might be expected. This is due to the high solu-
bility of ferric iron under low pH-conditions. The effect would likely be more pronounced
for pyrite oxidation in pH-buffered solutions, where mineral phases such as schwertman-
nite or ferrihydrite control the solubility of ferric iron [Bigham et al., 1996]. As mentioned
previously, these simulations cannot be conducted due to the lack of an appropriate rate
expression for pyrite oxidation by ferric iron under circumneutral pH-conditions.

6.2.3 Reactive Transport Simulations

The numerical simulations are performed for a 1D vertical profile as shown in Figure
6.7. The profile is 4 m long and the upper 2.5 m are unsaturated. A recharge rate of
300 mm y~! is applied at the top boundary and a fixed hydraulic head (A = 1.5 m) is
specified at the outflow. A mixed boundary condition is used at the ground surface for
reactive transport. Fixed concentrations are applied for gaseous species, while a third
type boundary condition is used for dissolved species. A second type boundary condition
is specified at the outflow. The physical parameters are summarized in Table 6.6 and
are typical for conditions encountered in tailings impoundments [e.g. Dubrovsky, 1986,
Smyth, 1981, Blowes et al., 1987]. A discretization interval of 5 cm has been used in this
study. Dispersion has been neglected.
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Figure 6.7: 1D-vertical profile for numerical study of acid mine drainage generation

Parameter unit value
length of solution domain L (m] 4.0
porosity ® -] 0.5
infiltration rate gGn [(my7!] 0.3
hydraulic conductivity K., [ms™!] 50-107°
residual saturation Sra [] 0.05
soil hydraulic function a [-] 3.5
parameters n [] 1.4
longitudinal dispersivity o7 (m] -

free phase diffusion D; (m?s!] 207-107°
coefficient in gaseous phase

free phase diffusion D: [m?®s7!] 2.38-107°

coefficient in aqueous phase

Table 6.6: Physical input parameters - reactive transport simulations
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component tailings water recharge water unit
(1) Ca** 4171070 1.34- 1070 [mol I77]
(2) K+ 9.00.10-93 1.00-107%  [mol I7!]
(3) AR+ 2.59 - 10798 1.28-107%  [mol I7}]
(4) CO% 5.67 1079 1.10-107%  [mol 17}
(5) SO03%- 6.29.10~% 1.85-107%  [mol I7}]

(6) H4SiO4 1.93-1079% 1.99-107%  [mol 17}
(7) Fe?t 4.40 - 1079 3.24.-107"  [mol 17}
(8) Fedt 2.55. 10712 1.89:10797  [mol 17}
(9) pH 7.00 5.00 ]

(10) pO, 3.93-107%6 2.10-1079! [atm]

Table 6.7: Initial composition of tailings water and infiltrating groundwater - reactive
transport simulations

Table 6.7 defines the composition of the infiltrating water and the water initially
contained in the tailings material. The recharge water is in equilibrium with oxygen
and carbon dioxide at atmospheric concentrations and is slightly acidic (pH = 5). This
water is characterized by low total dissolved concentrations and is undersaturated with
respect to all mineral phases specified in Table 6.3. The initial tailings water, on the other
hand, is reducing and is characterized by a neutral pH. The tailings water is similar to
the pore water composition from the Nordic Main Tailings at Elliot Lake based on data
from Smyth (1981}, modified by Wunderly et al. [1996]. This data was chosen because it
represents the typical characteristics of process water disposed with mine waste materials.
Undersaturated conditions exist with respect to ferrihydrite, jarosite and gypsum; the
water is assumed to be in equilibrium with pyrite, calcite, siderite, gibbsite and amorphous
silica, and supersaturated with respect to K-feldspar.

The following sensitivity analyses are based on two different tailings materials (mate-
rial A: 1 vol% pyrite, 49 vol% K-feldspar; material B: 1 vol% pyrite, 25 vol% K-feldspar,
24 vol% calcite). It has been assumed that the mineral particles have a representative
grain size of 50 um. The reactive surface areas of the primary minerals were determined
based on grain size as 1% of the geometric surface area assuming spherical particle ge-
ometry. The initial reactive surface area for pyrite is S; = 12 m? m~3 for both materials.
The reactive surface areas for K-feldspar are S; = 588 m? m~3 for material A (no calcite)
and 300 m? m~3 for material B (calcite present). An effective rate constant has been
used to describe calcite dissolution, the estimation of a reactive surface area is therefore
not necessary.
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Applicability of Laboratory-Derived Rate Expressions for Pyrite Oxidation

A number of laboratory studies [e.g. McKibben and Barnes, 1986, Moses et al., 1987,
Williamson and Rimstidt, 1994] and the batch reactor simulations conducted here have
shown that pyrite is primarily oxidized by ferric iron. It appears to be logical to apply
rate expression 6.16 directly in reactive transport simulations to describe the generation of
acid mine drainage in tailings impoundments. However, examining pyrite oxidation rates
shown in Figure 6.3a indicates that it requires more than one year until the maximum
rate of pyrite oxidation is reached. This is due to the autocatalytic nature of pyrite
oxidation, as was discussed previously. It is instructive to compare the time required to
reach the maximum oxidation rate to the characteristic time of advective transport in
tailings material. This characteristic time is defined by:

AzS.¢
Qin

ta.a

The spatial discretization interval Az was chosen as the characteristic transport length.
For Az = 5 cm, a water saturation of S; = 0.5 (as was used for the batch reactor
simulations), a porosity of ¢ = 0.5 and a recharge rate of 300 mm y~! yields t,, =
0.04 y. For S, = 0.8 (as used in the reactive transport simulations) a characteristic
time of 0.07 years is obtained. A direct comparison shows that the characteristic time
of advective transport is in any case much shorter than the time required for the rate of
pyrite oxidation to reach its maximum value.

This result implies that applying laboratory-derived rate expressions for pyrite oxi-
dation leads to unrealistic results in a continuum reactive transport model. Comparably
rapid advective transport results in the migration of dissolved iron into deeper regions
before the maximum oxidation rate is achieved. This effect was observed in preliminary
simulations, where pyrite oxidation close to the ground surface was slower than pyrite
oxidation at greater depth. These results are inconsistent with field observations, which
usually show that the depletion of sulfide minerals is most pronounced close to the ground
surface and that alteration decreases with increasing depth [e.g.: Dubrouvsky et al., 1984,
Blowes and Jambor, 1990]. Laboratory-derived rate expressions for pyrite oxidation can
only be employed in continuum reactive transport models, if the model accounts for the
different scales. It is therefore necessary to define a separate rate expression for the
simulation of reactive transport, which represents pyrite oxidation on the macro-scale.

Pyrite oxidation in reactive transport models is commonly described as an overall
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reaction with oxygen as the primary reactant [e.g.: Davis and Ritchie, 1986, Wunderly
et al., 1996]. This approach may yield reasonable results in the zone of active oxidation,
but will greatly overpredict the redox potential below this zone, because Fe(III)-reduction
is neglected. Therefore, it is necessary to include pyrite oxidation by ferric iron. For
these simulations, pyrite oxidation is described by a rate expression with a first order
dependence on dissolved oxygen and a fractional dependence on ferric iron. This rate
expression describes the overall reaction progress due to pyrite oxidation by oxygen and
by ferric iron. The contribution due to the oxidation by ferric iron is merely used to
adjust the redox potential below the zone of active oxidation:

R™ = _max [[sl [£71**{02(aq)} + k3" [Fe(11D)}?) [1 - L%H ’O] (6.19)

Using this rate expression allows the reproduction of conditions similar to those observed
under field conditions. The rate constant k[’** was determined based on laboratory-
derived reaction rates from Williamson and Rimstidt [1994). These authors reported
pyrite oxidation rates ranging from 101954 . 10-848 mol m~2 s~! for oxidation by dis-
solved oxygen to 10~768 . 10~6-20 mol m~2 s~! for oxidation by Fe(III). A reaction rate
of 1075%0 mol m~2 s~! and a partial oxygen pressure of 0.21 atm was used to determine
the rate constant k]3> (107292 mol m~2 s~!) for the overall reaction progress. The rate
constant k3** (10~7-% mol m~2 s~!) was determined by calibration to yield a reason-
able redox-potential below the zone of active oxidation while minimizing the effect on the
overall oxidation rate. This rate expression does not account for the pH-dependence of
pyrite oxidation and implies that the Fe2+ /Fe3t redox couple is adequately described by
the equilibrium condition. Information justifying the inclusion of pH-dependence on a
macroscopic scale is not available to date.

Macroscopic Transport Control

The influence of hydraulic conductivity of the tailings material on gas phase saturations
and overall pyrite oxidation rates is investigated. The simulations were conducted for
tailings material A (no calcite).

Figure 6.8a presents the gas phase saturations as a function of hydraulic conductivity.
Three cases have been considered (K} = 510" ms™!, K, =5-10ms~!, K3 = 5-10~%
m s~!), which fall in the range of measured hydraulic conductivities in mine tailings [e.g.:
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Figure 6.8: Sensitivity with respect to hydraulic conductivity, ¢ = 20 years: a) gas phase
saturation, b) partial oxygen gas pressure, c) pyrite oxidation rate

Blowes and Jambor, 1990, Blowes et al., 1991]. The gas phase saturations decrease
significantly with decreasing hydraulic conductivity (Figure 6.8a). This decrease has
a pronounced impact on the effective diffusion coefficient for oxygen (equation 6.1). A
smaller effective diffusion coefficient inhibits the transport of atmospheric oxygen into the
tailings material (Figure 6.8b) and decreases the rate of pyrite oxidation (Figure 6.8c).
Figure 6.9a compares the oxygen influx across the ground surface for the different cases.
Oxygen fluxes for the lowest hydraulic conductivity are almost negligible (max: 2.5 mol
m~2 y~1). Higher hydraulic conductivities lead to increased oxygen influxes (a maximum
of 65 and 190 mol m~2 y~!, respectively). The calculated oxygen fluxes are in reasonable
agreement with oxygen fluxes measured in the field [e.g.: Tibble and Nicholson, 1997).

The width of the oxidation zone increases with increasing gas phase saturation, indi-
cating that macroscopic transport control for oxygen transport becomes less important
for more permeable materials. The characteristic thickness of the zone of active oxidation
in mine tailings is usually in the cm to 10’s of cm range [Blowes and Jambor, 1990]. Such
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a narrow zone of active oxidation indicates that macroscopic transport control plays a
significant role for controlling the progress of pyrite oxidation.

Furthermore, Figure 6.9a shows a decrease of oxygen influxes over time. This can be
attributed to two factors: decreasing reactive surface areas of pyrite, and the advance of
the zone of active oxidation into deeper areas of the tailings material, which increases
the diffusion length and, therefore, the importance of macroscopic transport control.
Figure 6.9b presents the mass of pyrite depleted over a 20 year time interval. Considering
K2 = 5-107% m s~! as a benchmark shows that pyrite depletion after 20 years is 95%
less for a ten-fold decrease in hydraulic conductivity and increased by 185% for a ten-fold
increase in hydraulic conductivity. K2 = 5-107% m s~! is used for all the following
simulations.
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pH-buffering

The following analysis compares the compositional evolution of the pore water and the
tailings mineralogy for materials A (no calcite) and B (calcite present). Figure 6.10a-c
present the results for tailings material A (no calcite). The acidity generated by pyrite
oxidation decreases pH to < 2 (Figure 6.10a) and subsequently leads to the dissolution
of K-feldspar (Figure 6.10 c). The rates of pyrite oxidation are much faster than the
rates of dissolution or precipitation of any other mineral phase (Figure 6.10c) and pH-
buffering is insignificant. Amorphous silica and jarosite precipitate as a result of increased
concentrations of H;SiO4, K*, Fe3* and SO?~ produced by the oxidation of pyrite and
dissolution of K-feldspar. The solution remains undersaturated with respect to other
potential secondary mineral phases summarized in Table 6.3. Amorphous silica redissolves
as pyrite becomes depleted.

The simulation results differ significantly for material B (calcite present) (Figure
6.10d-f). The dissolution of calcite is rapid in comparison to the oxidation of pyrite
and effectively buffers the pH of the pore water (Figures 6.10d and f). The oxidation
of pyrite and the dissolution of calcite lead to the precipitation of the secondary min-
erals phases gypsum and ferrihydrite (Figure 6.10e). Significant precipitation of other
potential secondary mineral phases did not occur in this simulation. The model results
indicate that gypsum redissolves once pyrite becomes depleted, while ferrihydrite remains
stable. The redox potential decreases in both simulations to values characteristic for re-
ducing conditions (Figures 6.10a and d) indicating that rate expression 6.19 adequately
describes the depletion of the electron acceptors O;(aq) and ferric iron in the zone of
active oxidation.

Figure 6.10e shows that secondary mineral formation is more pronounced for material
B (calcite present) (compare to Figure 6.10b). This implies that the formation of surface
coatings, which may inhibit the oxidation of pyrite, is more likely to occur in tailings
materials containing carbonate minerals. Material B is also more susceptible to the
formation of hardpan layers [Blowes et al., 1991] as a result of extensive secondary mineral
precipitation. Decreasing reaction rates due to the formation of surface coatings can be
considered by replacing rate expression 6.19 with a rate expression which accounts for
the build-up of reaction products on the reactive pyrite surface (see Chapter 3). This
approach was previously used by Jaynes et al. [1984a), Davis and Ritchie [1986], Wunderly
et al. [1996].
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Oxygen Mass Balance

An additional comparison is conducted for the two tailings materials to investigate the
use of the ultimate electron acceptor Oz(aq). Potential direct sinks for oxygen are the
oxidation of pyrite and the oxidation of ferrous iron. Ferrous iron oxidation may also be
coupled with the precipitation of ferric-bearing minerals such as ferrihydrite and jarosite.
Overall reactions expressed in terms of the ultimate electron acceptor oxygen can be

written as:

Fe?t + 2802~ + 2H*
Fe3* + 1H,0
Fe(OH)3(am) + 2H*
KFe3(SO4)2(OH)g + 3H*

FeS,(s) + 202(aq) + H20

Fe?* + ;0a(aq) + H*

Fe?t 4 %Oz(aq) + §H20

K* + 3Fe?* + 202(aq) + 2507~ + 3H,0

1 1 44

Figure 6.11a presents the mass balance for oxygen consumption for material A (no
calcite) over a time period of 20 years. Pyrite oxidation consumes most of the infiltrating
oxygen. Dissolved ferric iron concentrations increase at early times and provide a tempo-
rary sink for O2(aq). Throughout the simulation, jarosite precipitation has only a limited
potential to immobilize ferric iron. The total amount of pyrite oxidized within the colemn
amounts to 215 mol during the 20 year time period. A similar picture is obtained for
material B (calcite present) (Figure 6.11a). The solubility of ferric iron is lower under pH-
buffered conditions, and the precipitation of ferrihydrite is the only notable sink for ferric
iron (dissolved oxygen) besides pyrite oxidation. Precipitation of ferrihydrite provides,
due to the limited ferric iron solubility, a more pronounced sink than the precipitation of
jarosite in the case of material A (no calcite). This results in a slightly decreased pyrite
depletion in comparison to material A (no calcite) (205 mol within 20 years). Even in
the pH-buffered case, pyrite oxidation has the potential to consume more than 90% of
the infiltrating oxygen throughout the simulation.

It is also possible that secondary minerals redissolve, and thus, provide a source for
dissolved ferric iron, which may enhance pyrite oxidation rates. Taking into considera-
tion the minor infiuence of the precipitation of ferric-bearing mineral phases, it can be
concluded that their dissolution may also only have a small impact on pyrite oxidation
rates. In addition, the alteration of these minerals to sparingly soluble mineral phases
such as goethite may inhibit the dissolution of these mineral phases and their potential
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Figure 6.11: Mass balance for oxygen consumption: a) material A (no calcite), b) material
B (calcite present)

to influence pyrite oxidation rates [Bigham et al., 1996]. These arguments are supported
by the laboratory studies conducted by Moses et al. [1987], which showed that the dis-
solution of ferric-oxyhydroxides does not have a significant influence on the oxidation of
pyrite, because the dissolution rates are much slower than pyrite oxidation rates.

It was shown by Moses et al. [1987] that pyrite oxidation rates in pH-buffered solutions
are much slower than in acidic solutions. A likely cause for this behavior is the limited
solubility of ferric iron under circumneutral pH-conditions. Rate expression 6.19 does
not account for the dependence of the oxidation rates on the limited solubility of ferric
iron and other possible pH-effects. Therefore, the simulations for tailings materials A (no
calcite) and B (calcite present) are characterized by similar pyrite oxidation rates. An
adequate overall rate expression for pyrite oxidation capable of describing pyrite oxidation
under circumneutral and acidic conditions is needed.
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Degassing of Carbonic Acid

The contribution of carbon dioxide degassing to pH-buffering in carbonate-buffered tail-
ings (material B, calcite present) is investigated. For this purpose a simulation was
conducted, where the exsolution and subsequent diffusive transport of carbon dioxide has
been neglected. These model results are compared to simulation results which include
carbon dioxide degassing (base case). Figure 6.12a shows that the degassing of carbon
dioxide significantly contributes to pH-buffering. If the exsolution of carbon dioxide takes
place, the pore water is buffered to pH = 6.45. If carbon dioxide degassing is neglected
the pH reduces to =~ 5.85. It is instructive to consider the hydrolysis reaction between
carbonic acid and bicarbonate:

H,CO?~ = HCO; +H*  logK =6.35 (6.20)

The equilibrium constant of this reaction shows that bicarbonate remains the dominant
carbonate species, if carbon dioxide degassing is considered. In this case, carbonic acid
concentrations are continually lowered due to the gas exsolution process. On the other
hand, the exclusion of carbon dioxide exsolution leads to pH-values for which carbonic
acid is the dominant carbonate species. This result is not realistic for semi-open systems
such as the unsaturated zone of a mine tailings impoundment, because calcite dissolution
rates and partial CO»-pressures are overpredicted (Figure 6.12b and c). It is anticipated
that carbon dioxide degassing, similar to the infiltration of oxygen, is a function of gas
saturations of the tailings material. With decreasing gas saturations, rates of gas trans-
port decline and the tailings pile approaches a closed system behavior with respect to
pCOQ.

Comparing acid-generation due to pyrite oxidation and the precipitation of secondary
minerals with acid-consumption due to CO2-degassing allows the evaluation of the relative
importance of carbon dioxide exsolution as a pH-buffering process. Pyrite oxidation leads
subsequently to the precipitation of ferrihydrite, due to the limited solubility of ferric iron
in carbonate buffered solutions. The total acid generation due to pyrite oxidation and
ferrihydrite precipitation can be calculated based on the reaction stoichiometry:

FeSz + 1202(aq) + $H20 — Fe(OH)3(s) + 2507~ + 4H* (6.21)

The rate of acid generation is therefore equivalent to four times the pyrite oxidation rate.
Degassing of carbonic acid is caused by the dissolution of calcite and can be written as
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an overall reaction:

CaCO3(s) + 2H* — Ca?* + COa(g) + H20 (6.22)

Acid consumption due to CO,-degassing can be calculated as twice the CO2-flux across
the ground surface.

Figure 6.13 shows that CO,-degassing plays an important role as a pH-buffering pro-
cess. At early times (¢t = 1 year), almost 90% of the acidity generated leaves the tailings
material by carbon dioxide exsolution and subsequent diffusive transport to the ground
surface. This buffering mechanism loses importance, when pyrite oxidation takes place
at greater depth, since the diffusion length, and thus, the resistance for CO2-gas trans-
port increases. After 20 years the fraction of acid-consumption due to CO;-degassing has
decreased from almost 90% to = 78% (Figure 6.13). The remaining acidity is consumed
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Figure 6.13: Relative importance of CO,-degassing as an acid-consuming process

by the carbonate and non-carbonate alkalinity of the pore water and enters the saturated
zone.

6.3 Conclusions

The example applications have shown that MIN3P can be used to investigate the gen-
eration and fate of acid mine drainage. A series of kinetic batch and one-dimensional
reactive transport simulations were conducted. The model allows the consideration of
complex reaction networks involving parallel and sequential kinetically-controlled reac-
tions. Laboratory-derived rate expressions were used to describe the progress of pyrite
oxidation in batch simulations. The simulation results are in agreement with the con-
ceptual model proposed by Singer and Stumm [1970] and illustrate that the oxidation
of pyrite by ferric iron is an autocatalytic process. Ferrous iron oxidation rates and the
precipitation rates of jarosite were varied in a sensitivity analysis. The results can be used
to visualize the limiting effect of ferrous iron oxidation and solubility on the autocatalysis
of pyrite oxidation.

Reactive transport simulations can be used to illustrate how the rate of pyrite oxi-
dation is affected by the permeability of the tailings material, which has a pronounced
influence on gas saturations and therefore on the capability of O2(g) to penetrate into
the tailings. These results are in agreement with previous studies [e.g: Davis and Ritchie,
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1986]. Effects of the composition of the initial mineralogy on the final composition of the
pore water and the tailings material can also be investigated.

Mass balance calculations for oxygen consumption and acid production and consump-
tion were conducted as part of this study. The model can be used to estimate the im-
portance of the various oxygen consuming and pH-buffering processes in tailings as a
function of time. For example, the model results can be used to illustrate that pyrite
oxidation consumes most of the atmospheric oxygen diffusing into the tailings material in
carbonate-buffered and carbonate-free tailings materials. The mass balance for acid gen-
eration and consumption illustrates how the dissolution of carbonate minerals leads to an
increase in carbonate alkalinity and to pronounced pH-buffering due to CO2-degassing.

This study has shown that laboratory-derived rate expressions for pyrite oxidation
can not be applied directly in a continuum reactive transport model. This is due to the
different spatial scales of transport in the bulk porous medium (macro-scale), ferrous iron
oxidation (macro-scale - micro-scale) and pyrite oxidation (meso-scale - micro-scale). It
can be envisioned that a dual-porosity multicomponent-reactive transport model may be
capable of incorporating the various processes at the different spatial scales.

Pyrite oxidation was described as an overall reaction in terms of dissolved oxygen for
the reactive transport simulations conducted here. A parallel Fe(III)-dependent reaction
rate was included to facilitate an adequate description of the redox conditions below the
zone of active oxidation. This approach can be used to match field or laboratory data, and
to estimate acid generation due to pyrite oxidation. However, the rate expression does
not account for the pH-dependence of pyrite oxidation due to limited Fe(III)-solubility at
circumneutral pH. It is also not possible to study reactive transport in conjunction with
kinetic limitations due to ferrous iron oxidation. A rate expression, which is expressed
in terms of dissolved oxygen, but implicitly accounts for decreasing ferric iron solubility
with increasing pH, would be of advantage for the analysis of pyrite oxidation in mine
tailings by reactive transport modelling.

MIN3P can be used to conduct sensitivity analysis for tailings materials of varying
compoaosition or to evaluate the performance of cover scenarios. The model can also be
used in conjunction with the analysis of field data as a tool to improve the understanding
of the time-dependent evolution of acid mine drainage generation and pH- and Eg-buffer
reactions. The model provides a high degree of versatility and therefore facilitates the
investigation of various reaction mechanisms.



Chapter 7

Reactive Transport Through a
Reactive Barrier

This chapter demonstrates the applicability of MIN3P for one- and two-dimensional re-
active transport simulations involving a large number of components and reactions. The
treatment of contaminated groundwater by a an in-situ permeable reactive barrier is sim-
ulated. The modelling study is based on the conceptual model developed by Bennett
(1997] for the barrier installation at the U.S. Coast Guard Support Center near Elizabeth
City, NC. The reactive barrier was designed to treat the ambient groundwater, which is
contaminated with hexavalent chromium and trichloroethylene and its degradation prod-
ucts. The chromium contamination originates from a plating facility located in Hangar
79 (Figure 7.1). The contaminated groundwater is moving north, and is intercepted by
the reactive barrier before entering the Pasquotank River. Chromium concentrations up-
gradient of the reactive barrier exceed 1 mg 1~! and reach locally up to 5 mg 1= [Bennett,
1997]. A larger plume containing chlorinated organic compounds is also emanating from
the vicinity of Hangar 79 and is also treated by the barrier [Bennett, 1997]. The barrier
is comprised of granular iron and remediates the groundwater by reduction of hexava-
lent chromium and subsequent precipitation in form of chromium containing hydroxides
[Bennett, 1997]. Trichloroethylene and its major degradation products cis-1,2 DCE and
vinyl-chloride are converted to non-toxic hydrocarbons by reductive elimination and hy-
drogenolyis [Bennett, 1997, Blowes et al., 1997). An extensive field monitoring program
was initiated at the site [Bennett, 1997]. Multi-level sampling wells facilitate a detailed
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description of the hydrogeology of the aquifer and the geochemical conditions upgradient,
within and downgradient of the treatment system along three transects (Figure 7.2).

Pasquotank River

Building 78

meters

Platin
Hangar 79 Sho:

Figure 7.1: Configuration of reactive barrier and approximate location of chromium
plume, from Bennett [1997]

In the following sections the conceptual model developed by Bennett [1997], which
describes the controlling transport and reaction processes in the treatment system and
which forms the basis for this modelling study, is presented. The reaction network for the
numerical analysis is defined based on this conceptual model. One- and two-dimensional
reactive transport modelling is conducted to describe the geochemical evolution of ground-
water along Transect 2 (Figure 7.2, defined by the multi-level monitoring wells 21-25).
Changes of the geochemical composition of the reactive mixture and the aquifer material
downgradient of the barrier are also addressed. An investigation of processes potentially
affecting the long-term performance of the reactive barrier is carried out. The modelling
results are discussed with a focus on the expected efficiency and longevity of the treat-
ment system. The effect of preferential flow on the quality of the treatment for the various
contaminants is investigated.
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Figure 7.2: Monitoring network, from Bennett [1997]

7.1 Conceptual Model

The conceptual model developed by Bennett [1997] was subdivided into three zones: up-
gradient aquifer. the reactive barrier. and the aquifer downgradient of the barrier (Table
7.1). The zone located upgradient of the treatment system was termed the "contaminated
zone”. The contaminated groundwater in this zone has been in contact with aquifer ma-
terial for a considerable amount of time, and dissolved species are either in equilibrium
with the aquifer material, or reactions are kinetically limited. Dissolved species are trans-
ported more or less conservatively through this zone by advective and dispersive transport
processes [Bennett, 1997).

The second zone is located within the reactive barrier and was termed the "treatment
zone”. In this zone, the contaminants are transformed by reduction and possibly im-
mobilized by subsequent precipitation [Bennett, 1997]. A number of secondary reactions
occur simultaneously in the treatment zone. Other oxidized species, such as dissolved
oxygen, nitrate, sulfate, dissolved inorganic carbon, dissolved organic carbon and water
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Contaminated Treatment Buffer
Zone Zone Zone
Removal of contaminants
by reduction and precipitation Dissolution of
Advective-dispersive Reduction of other clay minerals
transport of redox active species Desorption of hydrogen ions
contaminants Corrosion of pH-decrease
and other zero-valent iron Reductive dissolution of
dissolved species pH-increase oxides and oxy-hydroxides
Ey-decrease Exsolution of dissolved
Precipitation of secondary gases
minerals Ey-increase

Exsolution of dissolved gases
pH and Ey-buffering

upgradient reactive barrier downgradient

Table 7.1: Conceptual model for reactive barriers comprised of zero-valent iron, from
Bennett [1997]

are reduced either directly by zero-valent iron or by dissolved reduced species, for ex-
ample, hydrogen gas [Bennett, 1997]. These reduction reactions lead to the corrosion of
zero-valent iron, which serves as the ultimate electron donor. Major reaction products
of these corrosion reactions are ferrous or ferric iron and dissolved gases. The combined
effect of the reduction and corrosion reactions leads to a significant increase of pH-values
and causes the Ey of the water passing through the barrier to decrease [Bennett, 1997].
The high pH-conditions promote the precipitation of a number of secondary minerals
throughout the treatment zone. These reactions consume alkalinity and act to buffer
further increases in pH [Bennett, 1997]. The exsolution of dissolved gases may act to
buffer the redox potential of the pore water.

The groundwater leaving the treatment zone is characterized by low dissolved species
concentrations and exhibits high pH- and low Ey-conditions [Bennett, 1997]. However,
pH and Ey are restored to near background values downgradient of the reactive barrier,
indicating that reactions with the native aquifer material is buffering the infiltrating
high pH, low Ey water. This zone is termed "buffer zone”, since interactions with the
native aquifer minerals will tend to reestablish a new equilibrium condition. Important



CHAPTER 7. REACTIVE TRANSPORT THROUGH A REACTIVE BARRIER 215

processes for pH-buffering may be the dissolution of aluminosilicate and clay minerals and
the sorption of silicic acid combined with the release of protons [Powell et al., 1995]. The
desorption of hydrogen ions from oxide and clay mineral surfaces may be an additional
pH-buffering process. The reductive dissolution of oxides and oxy-hydroxides and possibly
degassing may be responsible for the observed Ey increase.

The conceptual model is applicable for the zones located upgradient and within any
zero-valent iron reactive barrier. However, geochemical processes controlling pH and Ey-
buffering downgradient of the reactive barrier depend on the site-specific mineralogy and
therefore apply only to the Elizabeth City-site.

7.2 Definition of Reaction Network

This section introduces the reaction stoichiometries, rate expressions and equilibrium
constants of the reactions considered in this study based on the conceptual model by
Bennett [1997). In general, the equilibrium constants were taken from the database of
MINTEQAZ2 [Allison et al., 1991], unless otherwise noted. All reactions considered can
be expressed in terms of the following 27 componeats: Al3*, Ca?*, Cl~, CHy(aq), CO§",
Cr0?%-, Cr(OH)$, DOC, Fe?*, Fe3+, H*, Hy(aq), H4SiO4, HS™, K+, Mg?+, Mn?*, Nat,
NHf, NO3, Oz(aq), SO;~, TCE, cis-1,2 DCE, VC, ethane and H;O.

7.2.1 Complexation Reactions

Table 7.2 lists all 79 aqueous complexes considered in this study along with the corre-
sponding equilibrium constants reported as dissociation counstants.

7.2.2 Reduction-Corrosion Reactions

The conceptual model considers the reduction of hexavalent chromium, of the chlorinated
organic compounds, and of other oxidized species dissolved in the ambient groundwater.
Due to its extreme reduction capacity, zero-valent iron ultimately leads to the reduction
of all electron acceptors [Bennett, 1997] including dissolved oxygen [MacKenzie et al.,
1997] Mn(IV), Fe(1ll), nitrate [Rahman and Agrawal, 1997, Cheng et al., 1997, sulfate,
DIC, DOC [Weathers et al., 1995, Orth and Gillham, 1996] and the solvent water itself
(Reardon, 1995]. In the present study, it was assumed that dissolved manganese occurs
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Reaction log KF
(1) OH- = H,0 - H* -13.9980
(2) HjSiO7 = H,Si04 - H* -9.8300
(3) H,Si03~ = H,Si04 — 2H* -23.0000
(4) NHs(aq) = NH} - H* -9.2520
(5) NH4S0;7 = NH} + S032- 1.1100
(6) MgOH* = Mg?* + H,0 - H* -11.4400
(7) MgCOs(aq) = Mg?* + CO3%~ 2.9800
(8) MgHCOF = Mg?* 4+ CO3%~ + H* 11.4000
(9) MgS04(aq) = Mg2* + S03~ 2.3700

(10) CaOH* = Ca?t + H,0 - H* -12.7800

(11) CaHCOF = Ca%* + CO3~ + H* 11.4400

(12) CaCOs(aq) = Ca?* + CO3- 3.2200

(13) CaSO4(aq) = Ca®t +S0O2%- 2.3090

(14) CaHSO? = Ca?* +S0%~ + H+ 3.0680

(15) NaCOj = Nat + CO32~ 1.2680

(16) NaHCOj(aq) = Nat + CO3~ + H* 10.0800

(17) NaSOj = Na* + S02%- 0.7000

(18) KSOj = K* +803%" 0.8500

(19) AlOH%** = AP+ + H,0 - Ht -4.9900

(20) Al(OH)J = AP+ + 2H,0 — 2H* -10.1000

(21) Al(OH); = AP+ + 4H,0 — 4H* -22.7000

(22) AISOf = A+ + 503 3.5000

(23) AIHSO3* = APt + S0}~ + H* 2.4480

(24) Al(SO4); = At + 2502 5.0000

(25) Al(OH);3(aq) = A3t +3H,0 - 3Ht -16.9000

(26) FeOH* = Fe?* + H,0 - Ht -9.5000

(27) Fe(OH); = Fe?* + 3H,0 — 3H+ -31.0000

(28) FeSO4(aq) = Fe?* + 502~ 2.2500

(29) FeHSO; = Fe?* +S0%~ + H* 3.0680

(30) FeHCOZF = Fe?* + CO%~ + H* 12.3300

(31) FeCOj3(aq) = Fe?* 4+ 02~ 4.3800

(32) Fe(OH)2(aq) = Fe?* + 2H,0 — 2H* -20.5700

(33) FeOH?* = Fe’t + H,0 - Ht -2.1900

Table 7.2: Complexation reactions and equilibrium constants
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Reaction log Kf
(34) FeSOjF = Fe3* + 503~ 4.0400
(35) FeHSO3* = Fe’* + 802~ + H* 4.4780
(36) FeCI?* = Fe3* 4+ ClI- 1.4800
(37) FeCl* = Fe?* + CI™ 0.1400
(38) FeCly = Fe3* + 2Cl1- 2.1300
(39) FeCla(aq) = Fe3* + 3C1- 1.1300
(40) FeOHJ = Fe’* + 2H,0 — 2H+ -5.6700
(41) Fe(OH)3(aq) = Fe’* + 3H,0 — 3H* -12.5600
(42) Fe(OH); = Fe’* + 4H,0 — 4H* -21.6000
(43) Fe(SO4); = Fe¥* + 803~ 5.3800
(44) Fey(OH)3* = Fe’t + 2H,0 - 2Ht -2.9500
(45) Fe3(OH)5* = Fed* + 4H,0 — 4H* -6.3000
(46) MnCl* = Mn?* + CI- 0.6070
(47) MnCly(aq) = Mn?* + 2CI- 0.2500
(48) MnCly = Mn?* + 3CI- -.3050
(49) MnOH* = Mn?* + H,0 - H* -10.5900
(50) Mn(OH); = Mn?* + 3H,0 - 3H* -34.8000
(51) MnCOs(aq) = Mn?* + C0O3~ 4.9000
(52) MnSOq4(aq) = Mn2+ + SO2%~ 2.2600
(53) Mn(NO3)2(aq) = Mn?* + 2NO3 0.6000
(54) MnHCO? = Mn?* + CO3~ + H* 12.2800
(55) HCOj = H+ + CO2%- 10.3300
(56) H2CO3(aq) = 2H* + CO3%- 16.6810
(57) HSOj7 = H* + 803" 1.9870
(58) HzS(aq) = HS~ + Ht 6.9940
(59) S2%- = HS~ - Ht -12.9180
(60) Cr3+ = Cr(OH)7 + 2H* - 2H,0 9.6200
(61) CrOH?t+ = Cr(OH)} + H* — H,0 5.6200
(62) Cr(OH)s(aq) = Cr(OH)] — H* + H20 -7.1300
(63) Cr(OH); = Cr(OH)J — 2H* + 2H,0 -18.1500
(64) CrO; = Cr(OH)J — 2H* -17.7456
(65) CrCI?+ = Cr(OH)7 + Cl~ + 2H* - 2H,0 9.3683
(66) CrCl = Cr(OH)J + 2Cl~ + 2H* — 2H,0 8.6580

Table 7.1: Complexation reactions and equilibrium constants - continued
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Reaction log K7
(67) CrOHCly(aq) = Cr(OH) +2CI~ + H* — H,0 2.9627
(68) CrNO3* = Cr(OH)J + NO3 + 2H* — 2H.0 8.2094
(69) CrSOF = Cr(OH)7 +S0%~ +2H* - 2H,0  10.9654
(70) CrOHSO4(aq) = Cr(OH); +S0%~ + H* — H,0 8.2754
(71) Crz(OH),S0%* = 2Cr(OH)7 +S02~ +2H* —2H;0  16.1550
(72) Crz(OH)2(S04)2(aq) = 2Cr(OH)7 + 280%™ + 2H* - 2H,0 17.9288
(73) HCrO4- = CrO%~ +H* 6.5089
(74) HoCrOq4(aq) = CrO%~ + 2H* 5.6513
(75) Cr0%~ = 2Cr0?~ + 2H* - H,0 14.5571
(76) CrO;Cl~- = CrO?2~ + Cl~ + 2H* — H,0 7.3086
(77) Cr0,;803- = Cr0%~ + 503~ + 2H* — H,0 8.9937
(78) NaCrOj = Na* + CrO3- 0.6963
(79) KCrOj = K* + Cr03~ 0.7990

Table 7.1: Complexation reactions and equilibrium constants - continued

exclusively as Mn(II); the reduction of Mn(IV} was therefore neglected. Furthermore, it
was assumed that ferric iron can occur as a reaction product of iron corrosion, if the half
reaction for the electron acceptor considered has a higher standard potential than the half
reaction for the Fe?* /Fe3* redox couple. For example, Poweil et al. [1995] reported that
the corrosion of zero-valent iron in the presence of oxygen produces ferric iron. Ferric
iron reduction was excluded in this study.

The reaction stoichiometries of all reduction-corrosion reactions were normalized with
respect to zero-valent iron. The degradation of the organic compounds by reductive
elimination and hydrogenolysis was considered. It was assumed that hydrogenolysis leads
to the sequential degradation of TCE (C2HCl3) to cis-1,2 DCE (C,H:Cl2), VC (C.H3Cl),
and ethane (C2Hg) Bennett [1997]. Laboratory experiments [O’Hannesin et al., 1995]
conducted using water from the Elizabeth City site and zero-valent iron indicated that
only 7% of TCE were degraded by hydrogenolysis to cis-1,2 DCE. When determining the
reaction stoichiometry of TCE-degradation, it was assumed that the remaining 93% are
directly degraded to ethane.

All reduction-corrosion reactions are assumed to be irreversible. The reaction rate of
hexavalent chromium reduction by zero-valent iron is characterized by a square root de-
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pendence on Cr(VI) and H* and is proportional to the reactive surface area of zero-valent
iron [Gould, 1982]. For all other electron acceptors, except water, it was assumed that
the reaction rate is first order with respect to the electron acceptor and proportional to
iron surface area. Iron corrosion by water was described by a rate expression with a first
order dependence on iron surface area {Reardon, 1995]. Since this reaction is not depen-
dent on the concentration of the electron acceptor, it was assumed that the reaction rate
approaches zero, when equilibrium conditions are approached. An equilibrium constant
of log Kgeo(ayy,o = -11.78 was calculated based on data from Reardon {1995] and Stumm

and Morgan [1996].

Secondary reactions between reduced reaction products (e.g.: hydrogen gas, hydrogen
sulfide, methane or ammonia) and oxidized species (e.g.: hexavalent chromium, dissolved
oxygen, nitrate and sulfate) may lead to inhibitive or competitive effects influencing the
reaction progress of a particular reduction-corrosion reaction. For example, Siantar et al.
[1995] observed that the presence of oxygen or nitrite affected the degradation of pesticide
by zero-valent iron, indicating that inhibition or competition may play a role. Inhibitive
or competitive effects are neglected here and reduction-corrosion reactions are assumed

to occur as paralle] reactions.

Table 7.3 summarizes the reaction stoichiometries of the reduction-corrosion reactions
considered. The total iron corrosion rate can be estimated as the sum of all reduction-

corrosion rates.

7.2.3 Formation of Secondary Minerals in Treatment Zone

The conceptual model also accounts for the precipitation of secondary minerals within
the treatment system. The reaction stoichiometries of the reduction-corrosion reactions
in Table 7.3 imply a net pH-increase creating conditions favorable for the precipitation
of carbonate minerals and hydroxide mineral phases [Bennett, 1997]. In addition super-
saturated conditions were observed locally with respect to iron sulfide minerals [Bennett,
1997).

The precipitation of secondary mineral phases AT" is described by rate expressions
based on transition state theory [Lasaga, 1998]:

(7.1)

ITAP™
’.n — -—k 5.- (1 — L] )
R‘ eft 1 K:ﬂ
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Oxidant Reaction
Cr(VI) Fe®(s) + CrO2~ + 6H* — Fe* + Cr(OH)F + 2H20
TCE FeO(s) + 0.3025 C,HCl; + 1.2325H —

Fe?* +0.07 CoH,Cl; + 0.2325 CoHg + 0.7675 Cl1~
cis-1,2 DCE  Fe?(s) + CoH,Cly + HY — Fe?* + C,H3Cl + C1~
vC Fe%(s) + §C;H3Cl + 3H* — Fe?* + 3CyHg + 3C1™
oxygen Fel(s) + 102(aq) + 3H* — Fe** + ;H,0 + Hy(aq)
nitrate Fe¥(s) + NO3 + LH* — Fe¥* + INH] + 3H,0
sulfate Fe¥(s) + }SO3™ + 3H* — Fe?* + 1HS™ + H;0
DOC Fe®(s) + JCH20 + 2H* — Fe?* + 1CH4(aq) + 1H,O
DIC Fe%(s) + $CO3™ + 3H* — Fe?* + {CHy(aq) + 3H,0
water Fe®(s) + 2H* — Fe?* + Hy(aq)

Table 7.3: Reaction stoichiometries of reduction-corrosion reactions

where keg; is an effective rate constant for the dissolution of the mineral phase AT,
TAPM™ is the ion activity product and K" defines the corresponding equilibrium constant.
Reactions describing the formation of secondary mineral phases within the treatment zone

are summarized in Table

7.4. The equilibrium constant for Fe(OH)2(am) was taken from

the database of EQ3/EQ6 [ Wolery et al., 1990].

Reaction log K
Fe(OH);(am) = Fe** + 2H,0 — 2H* -13.9045
Fe(OH)3(am) = Fe’t + 3H,0 - 3H* -4.8910
Cr(OH)3(am) = Cr’* + 3H,0 — 3H* 0.7500
CaCOs(s) = Ca?*t + COZ- 8.4750
CaMg(CO3)2(s) = Ca?* + Mg?* +2C02~  17.0900
FeCOs(s) = Fe?* + CO3%~ 10.4500
MnCOj3(s) = Mn?* + CO%~ 10.4100
FeS(am) = Fe?* + HS- - H* 4.6480

Table 7.4: Secondary minerals in reactive barrier and corresponding equilibrium constants
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7.2.4 pH- and Eg-buffering Down-Gradient of Barrier

pH-buffering The water exiting the reactive barrier is characterized by alkaline con-
ditions with pH-values ranging from 9 to 11 [Bennett, 1997). This strongly alkaline pore
water is likely to interact with the native aquifer material downgradient of the barrier.
According to Puls et al. [1992], the mineralogy of the aquifer consists primarily of alu-
minosilicate minerals. The primary minerals present in the aquifer sediments are quartz
> albite > sanidine > muscovite and kaolinite (Puls et al., 1992]. Powell et al. [1995]
reported that the aquifer material from the Elizabeth-City site is capable of buffering
the pH towards neutral conditions by the dissolution of aluminosilicate and clay miner-
als. An additional source of acidity may be the sorption of silicic acid, originating from
Si-mineral dissolution, onto iron-oxide/hydroxide surfaces combined with the release of
hydrogen ions [Powell et al., 1995)].

In preliminary simulations, it was assumed that pH-buffering is due to the dissolution
of kaolinite. The pH-dependent rate expression given by Carroll and Walther [1990]
was used. The field-observed pH-buffering could only be reproduced by disallowing the
precipitation of gibbsite and by setting the reactive surface area for kaolinite to values of
107 m? mineral surface per m~3 bulk porous medium. The field data of Bennett [1997] is
characterized by low dissolved Al-concentrations downgradient of the barrier indicating
that aluminosilicate dissolution is not as pronounced or that gibbsite precipitation occurs.
The effect of sorption of silicic acid and subsequent release of protons was not investigated
here. However, a similar kaolinite reactive surface area would be necessary to reproduce
the observed pH-buffering, because sorbing silica is originating from the dissolution of
the aluminosilicates. It is likely that other processes also contribute to pH-buffering.
Another possible explanation for the observed pH-buffering is the desorption of hydrogen
ions from oxide and clay mineral surfaces, which have been in contact with the slightly
acidic ambient groundwater prior to installation of the reactive barrier. The desorption
of hydrogen ions can be described as {Stumm and Morgan, 1996):

S-OHf +OH~ = S-~OH+H,0 (7.2)
S—OH+OH- = S-0-+H0 (7.3)

A surface complexation model can be used to describe this pH-buffering process. However,
such a model is presently not included in MIN3P. This process is therefore approximated
as a release of hydrogen ions from a limited reservoir, until the pH reaches circumneutral
values.
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Eyx-buffering The treated pore water exiting from the reactive barrier is extremely
reducing due to the presence of reduced gaseous species such as dissolved hydrogen gas,
H,S(aq), ammonia and methane. Bennett [1997] observed Ey-values locally lower than
-500 mV. Reduced gaseous species may either degas or react with Mn- and Fe-oxides
and oxy-hydroxides contained in the aquifer material. Secondary iron oxy-hydroxides are
abundant in the native aquifer mineral, while manganese oxides occur at lower concen-
trations [Puls, personal communication, 1998]. Degassing was observed at the Elizabeth
City-site within the reactive barrier, but may not be an important process downgradi-
ent of the treatment system. Appelo and Postma [1993] and Stumm and Morgan (1996)
give redox half reactions for the oxidation of the relevant dissolved gas species and the
reduction of Mn- and Fe-mineral phases, which can be combined to describe Ey-buffer
reactions possibly occurring downgradient of a reactive barrier. The field data of Bennett
[1997] does not indicate the oxidation of HyS(aq) and methane, since sulfate concentra-
tions at the monitoring well located 1 m downgradient of the barrier are negligible, and
methane concentrations remain high. Data for ammonia was not available. These data
indicate that these reactions are not taking place. Ey-buffering reactions involving the
consumption of H,S(aq), ammonia and methane are therefore neglected. However, Fe-
and Mn-oxides may undergo reductive dissolution when in contact with dissolved hydro-
gen gas emanating from the barrier. Assuming that iron and manganese oxides can be
represented by goethite and pyrolusite, overall reactions for the oxidation of dissolved hy-
drogen gas combined with the reductive dissolution of the mineral phases can be written
as:

FeOOH(s) + 2H* + jHa(aq) = Fe?* +2H,0 (7.4)

MnO;(s) + 2Ht + Hz(aq) = Mn?t +2H,0 (7.5)

The equilibrium constant for the reductive dissolution of pyrolusite combined with the
oxidation of Hz(aq) (log K = -43.9640) was calculated based on redox half reactions as
reported by Stumm and Morgan [1996]. The appropriate equilibrium constant for goethite
(log K = -13.5940) was obtained from equilibrium constants in the MINTEQA2-database
[Allison et al., 1991] and from Stumm and Morgan [1996]. These reactions are described
by a transition state theory rate expression of the form [Lasaga, 1998):

’AP""') , (7.6)

R = -Siki (1 - &km
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which includes reactive surface area and permits updating the mineral reactivity with

progressing dissolution.

The reductive dissolution of iron and manganese oxides according to equations 7.4
and 7.5 consumes acidity. This additional pH-increase may enhance the depletion of the
pH-buffer capacity of the aquifer. The reductive dissolution of oxides and oxy-hydroxides
will also lead to an increase in dissolved ferrous iron and manganese concentrations. It
is possible that these concentration increases will be controlled by the precipitation of
siderite and rhodochrosite, respectively. Hydroxides such as Fe(OH)2(am) and amorphous
pyrocroite (Mn(OH)z(am)) precipitate only in alkaline waters, and are therefore incapable
of controlling dissolved iron and manganese concentrations downgradient of the barrier.

7.3 Solution Domain and Model Parameters

One-dimensional and two-dimensional reactive transport analyses were conducted. The
two-dimensional solution domain is a vertical cross section through the center of the
reactive barrier as illustrated in Figure 7.3 and is aligned along Transect 2 (Figure 7.2).

B Monitoring points (chemistry of infiltrating groundwater)
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Figure 7.3: Solution domain and including location of barrier and monitoring points along
Transect 2
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The solution domain extends 4 m in the horizontal direction and 3.2 m in the vertical
direction and groundwater flow takes place from the left to the right. The domain con-
tains the multi-level monitoring wells 21-25, which have been installed upgradient, within
and downgradient of the reactive barrier (Figure 7.2, Figure 7.3), [Bennett, 1997]. Each
well contains 7 monitoring points providing a detailed description of the geochemical com-
position of the groundwater entering the solution domain. The approximate location of
the 0.5 m thick reactive barrier is indicated by the dashed vertical lines. One-dimensional
simulations were carried out along the flowline carrying the highest chromium concen-
trations towards the barrier. The field data indicates that this flowline follows a zone
of preferential flow and passes through monitoring points 21-5, 22-3, 23-3, 24-3 and 25-5
(Bennett, 1997], as indicated in Figure 7.3.

7.3.1 Spatial Discretization

The discretized solution domain for the two-dimensional simulation is shown in Figure
7.4.

g e, =
4SE S i .
- R £
=555 WO *
g F HrHEE R !
S 6R  maea_saa L

6.5 R 3

78 FEFREEEN 3

0 0.5 1 1.5 2 2.5 3 3.5 4

distance [m]

Figure 7.4: Spatial discretization of two-dimensional solution domain

A discretization interval of 10 cm in both vertical and horizontal directions was used.
The discretization has been refined to 5 cm in the horizontal direction within and in
the direct vicinity of the reactive barrier to facilitate a more accurate representation
of rapid geochemical changes within and downgradient of the treatment system. This
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discretization leads to 48 grid points in horizontal direction and 33 grid points in the
vertical direction (Figure 7.4). For the one-dimensional simulations, a discretization
interval of 2.5 cm was used within and in the vicinity of the treatment zone leading

to a total number of 62 grid points.

7.3.2 Physical Parameters and Hydraulic Conductivity Distribution

Field measurements indicated a hydraulic gradient varying between 0.0011 and 0.0033
during the sampling intervals [Bennett, 1997]. For the modelling study it was assumed
that a hydraulic gradient of 0.0022 can be used to represent average flow conditions.
The hydraulic head loss along the vertical cross section is negligible and recharge is in-
significant, because the ground surface is paved above the treatment system [Bennett,
1997]. The flow system is modelled as a fully saturated system with no flow boundaries
at the top and the bottom of the domain and first type boundaries at the upgradient
and downgradient boundaries. The upper portion of the aquifer was found to be less
hydraulically conductive than the underlying layers [Bennett, 1997]. The field observa-
tions of Puls et al. [1995] and Bennett [1997] indicate the presence of a highly conductive
layer, which is located roughly 4.5 - 6.5 m below ground surface. Significant hydraulic
conductivity variations lead to large differences of groundwater flow velocties with depth
[Bennett, 1997]. The results of slug tests showed hydraulic conductivity values ranging
from 1.2- 1075 to 1.9 - 10~* m s~! within the aquifer and ranged from to 1.2- 10~7 to
2.3.107% m s~! within and in the vicinity of the reactive barrier [Bennett, 1997]. Hy-
draulic conductivities have been assigned to the two-dimensional solution domain based
on the slug test results and the modelling analysis conducted by Bennett [1997] (Figure
7.5 and Table 7.5). Locally isotropic conditions were assumed in this context.

parameter unit
hydraulic conductivity (1-D) [ms~'] 8.1-107>-1.2-10"°
hydraulic conductivity (2-D) [ms~!] 1.2-1076-1.2.10"3

hydraulic gradient (average) [] 2.2.1073
porosity (aquifer) (-] 0.38
porosity (reactive barrier) -] 0.5

Table 7.5: Physical parameters for aquifer and reactive barrier material, from Bennett,
1997
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Figure 7.5: Hydraulic conductivity distribution in two-dimensional solution domain, mod-
ified from Bennett [1997)

For the one-dimensional simulations the hydraulic conductivity in the aquifer was
estimated to be K = 8.1-107° m s™!, while a hydraulic conductivity of K = 1.2 . 103
m s~! was assigned to the treatment zone. High hydraulic conductivities in the reactive
barrier can be explained by a relatively loose packing of the treatment material as a result
of the installation procedure [Bennett, 1997]. Bennett [1997] estimated a porosity within
the reactive barrier of approximately 0.43-0.62. It was assumed that the porosity of the
barrier is ¢ = 0.5 within the high hydraulic conductivity zones. A porosity of ¢ = 0.38
was assumed to be representative for the aquifer and the low hydraulic conductivity
zones in the barrier. Dispersive and diffusive transport processes were neglected, since
the problem can be characterized as advection-reaction dominated. This simplification
eliminates adverse effects of artificial dispersion at the upgradient side of the reactive
barrier on the simulation results.

7.3.3 Mineralogical Parameters

The volume fraction for zero-valent iron is preo(s) = 0.5 and pp.o(,) = 0.62 for porosities
of ¢ = 0.5 and ¢ = 0.38, respectively. Only qualitative information is available regarding
the volume fractions of the minerals contained in the aquifer [Puls et al,, 1992]. The
bulk of the aquifer material was assumed to be non-reactive. The dissolution of kaolinite
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Mineral volume fraction Reference

Reactive barrier Fe’(s) 0.5 - 0.62 Bennett [1997)
Aquifer goethite 1.0-1073 estimated
pyrolusite 1.0-103 estimated
non-reactive 0.698 estimated

Table 7.6: Initial mineral volume fractions in reactive barrier and aquifer

and other aluminosilicate minerals was excluded, because the preliminary simulations
showed that these reactions are not likely to be important for controlling pH and the
geochemical composition of the pore water. Considered are pyrolusite and goethite which
are important for Ey-buffer reactions downgradient of the reactive barrier. The volume
fractions of these minerals have been estimated to allow at least a generic description of
the specified buffer reactions. The mineral volume fractions are summarized in Table 7.6.
There is also no information available regarding the degree of surface protonation in the
sediment prior to installation of the reactive barrier. It was assumed that 50 mol H* per
m3 bulk porous medium are available for desorption when in contact with the infiltrating
high pH-waters.

The largest uncertainty with respect to determining reaction rates can be attributed
to reactive surface area estimates. Reactive surface areas for the treatment material used
at the field site are presented in Table 7.7 based on data reported by Bennett [1997]. It
is apparent that the specific reactive surface area (BET-measurement) is more than 500
times larger than the geometric surface area calculated based on the average grain size
dso. Differences between geometric and reactive surface areas may be explained by the
large intragranular porosity of zero-valent iron. The density of the treatment material
can be calculated based on the bulk density from laboratory studies and is v = 4.77 g
cm™3, which is much lower than average literature values for native iron (y = 7.3-7.9 g
cm™3, Klein and Hurlbut Jr., 1993). This deviation indicates that the treatment material
is characterized by a pronounced secondary porosity.

The reactive surface areas of goethite and pyrolusite were estimated, since no site-
specific information was available and are summarized in Table 7.8. All other minerals
considered in this study are secondary minerals and effective rate constants were used,
which implicitly include reactive surface areas. The reactive surface areas of zero-valent
iron, goethite and pyrolusite are updated, as the minerals become depleted.
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surface area [m* mineral m~° mineral]

geometric surface area 7.50 - 10°
(calculated from dsp = 0.4 mm)
specific reactive surface area 3.88 - 108

(calculated from laboratory experiment,
based on BET-measurement)

Table 7.7: Reactive surface area estimates for zero valent-iron (field installation)

mineral reactive surface area
goethite 1.0 - 10°
pyrolusite 1.0-10?

Table 7.8: Reactive surface area estimates [m? mineral m~3 bulk| for Ey buffer minerals

7.3.4 Boundary and Initial Chemical Composition of Groundwater

Geochemical data from Bennett [1997] was used to define the boundary and initial condi-
tion in the solution domain. The chemical composition of water samples from monitoring
well 21, which is located upgradient of the reactive barrier (see Figures 7.2 and 7.3), was
analyzed on temporal variability. It was found that the general geochemical composition
of the groundwater remained constant over time. The data from November 1996 was
used to describe the source concentrations upgradient of the treatment system.

pH and Ey were taken from field measurements. The Ey was slightly increased for
the sampling points 21-3, 21-5 and 21-7 to allow the determination of ammonia from
nitrate based on the assumption of equilibrium for the NO; /NH{ redox couple. Total
dissolved carbonate concentrations were obtained from field measured alkalinity [Bennett,
1997] using MINTEQAZ2 [Allison et al., 1991]. Field measured total concentrations were
used for Ca?*, C1~, K*, H;Si0O4, Mg?*, Mn?*, Na*, NO3, O2(aq) and SO3~ [Bennett,
1997). The data for dissolved oxygen was not available for November 1996 and data
from June 1997 was used instead. Field measured concentrations from Bennett [1997)
were also used for the chlorinated organic compounds TCE, cis-1,2 DCE, VC, ethane and
methane. The field data for total dissolved organic carbon, expressed in terms of CH,O
[Bennett, 1997], was corrected for the chlorinated organic compounds, which are consid-
ered separately. Dissolved hydrogen gas concentrations were calculated based on pH and
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21-1 21-2 21-3 21-4
depth [m] 7.0 6.5 6.0 5.5
pH B 7.36 7.84 7.97 6.40
Ey [mV] 377 441 356 437
Co3- (mol I=Y] 1.13-10"% 1.23.10-% 1.22.10"% 1.85-107%
Cl- [mol 17!} 4.23-10"% 587.10% 844.10"% 233.10"%
SQ?- [mol1~'] 1.91.10~% 3.28.10-% 5.30-10% 9.38.10"%
HS- [mol17!] 5.54.107% 8.00-10"'%° 3.80-10"% 2.52.107%
NO7 [mol1-'] 1.18.10"% 1.16.10"% 1.08-107% 4.61-10"%
NH{ [mol 17! 3.72-10"% 1.32.10~%# 2.72.1074 4.44.107%
Na* [mol 17!] 8.96-10~% 1.54.10"% 2.19.107% 3.64-10"%
K+ [mol 17!] 2.05-107% 4.35.107%° 2.05.107% 4.86-10"%
Ca?+ [mol I71] 2.77.10-% 222.10~% 1.96-10"% 3.92.10"%
Mg+ [mol 1I-1] 2.69-10"% 2.06.10"% 1.81.10~% 4.20.10"%
Fe?*+ [mol I"'] 1.69-10"'5 556-10"'®% 6.84-10"17 1.42.107%3
Fe3+ [mol17'] 1.20-10'? 1.03.10-'2 1.03.10"12 3.81.10"!2
Cr02- [molI7!] 5.78.10"% 1.93.10"% 3.71-107% 4.75.107%
Cr(OH){ [mol I71] 2.16-10-% 1.60.10-% 1.53-10"% 1.11.10"%
Mn?+ [mol 171} 1.77.10"% 1.57.10~% 2.04.107% 5.97.107%
AR+ [mol171] 3.88-10-% 1.15-10"%7 1.55-10"97 8.07.107%
H,4Si04 [mol 171] 9.43-107% 9.50-10"% 9.54.10~% 9.40.107%
03(aq) (mol17!] 9.13-107% 3.72-107% 6.25-10"% 1.56.107%
H(aq) [mol 1-1] 2.57-10"3 1.93.10-3 8.63-1073% 2.00-10~%
TCE (mol 17} 2.04-10% 3.27.107% 2.82.10"97 2.59.10~%
cis-1,2 DCE [mol1"'] 5.16-10"% 516-10"%° 5.16-10"%° 9.29.107%
vC [mol 17!] 8.00-10-%° 8.00-10-%° 8.00-107% 8.00-10-%
ethane [mol I7!] 1.66-1097 1.66-10-%7 1.66-10~%7 1.66-10797
CH.0 [mol I}] 1.37-10-% 6.99-10-% 4.84.10"% 3.55.1079

CH4(aq) [mol 1] 4.80-107% 1.75.10"% 3.86.10~% 3.37.10-%

Table 7.9: Input concentrations at boundary located upgradient of reactive barrier,
Transect 2, 21-1 - 21-4, data from November 1996, from Bennett [1997]
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21-5 21-6 21-7
depth [m] 5.0 4.5 4.0
pH [] 6.29 6.48 6.94
Ey [mV] 444 441 385
Cco2- [mol I7!] 1.95.10-% 2.98.10-% 2.40.107%
Cl- [mol 171] 4.04-10"%% 1.98-10"% 7.36-10"%
S03- [mol 1I"!] 1.44.1079% 3.24.107% 8.40.107%
HS~ [mol I"!] 5.29-1073 4.03.10-%8 1.86.10"%
NO; [mol 1-!] 8.83-107% 2.69-107% 3.69.10706
NHf [mol I71] 1.35.10-% 1.18.10"10 1.77.10-%8
Na*t (mol 17'] 6.01-107% 1.78.10% 7.92.10-%
K+ [mol I71] 6.65-107% 1.25.107% 1.48.10"%
Ca?* [mol 17}] 5.32-10"% 6.86-10"% 547.107%
Mg+ [mol 1-1} 5.97.107%¢ 6.38.10"% 4.36.10"%
Fe?+ [mol 1-1] 2.53-.10"1% 6.91-10"1% 248.10"
Fed+ [mol I=!] 4.71-10"'%2 3.30-10"!2 1.71.107'2
Cr032- [mol I"!] 9.84-107% 8.93.10"% 2.89-10"%
Cr(OH)F [mol 171} 1.52-107%7 8.93.10"% 3.64.10-08
Mn?+ [mol 17! 7.88-10-% 2.13.10-% 4.37.10"%
AB+ [mol 1-!] 8.17.107%° 8.38.107%9% 1.62.107%
H4Si04 [mol 1-!] 9.40.107% 9.40-10-% 9.40.107%
02(aq) [mol 171] 8.13.10-% 1.06-10"% 247.107%
Hz(aq) [mol I7}] 1.98.1073! 1.01-10~3! 9.91.10-3%
TCE [mol I7!] 1.98-10"% 2.29.10-% 4.72.10-%7
cis-1,2 DCE [mol 1] 1.37-107% 295.10-% 5.73.10-97
vC [mol 171 1.73.107% 1.05.10"% 1.23.10"0
ethane fmol 171] 2.99.10% 1.66-10797 1.66.10~77
CH,0 [mol 171] 7.78-.10"% 1.01-10% 4.98.10-%

CHy(aq) [mol 1-!] 1.37-10-% 9.29.10-% 1.35.10~9

Table 7.10: Input concentrations at boundary located upgradient of reactive barrier,
Transect 2, 21-5 - 21-7, data from November 1996, from Bennett [1997]
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Ey. Puls et al. [1992] reported that more than 98% of dissolved chromium is present
as Cr(VI) in the contaminated groundwater, since the reduction capacity of the aquifer
material with respect to hexavalent chromium is low. It therefore was assumed that total
dissolved chromium can be used to represent hexavalent chromium. This assumption
is consistent with field-measured hexavalent chromium concentrations, which coincide
well with analytically determined total chromium concentrations [Bennett, 1997]. Triva-
lent chromium concentrations were determined based on the assumption of equilibrium
with amorphous chromium hydroxide. Total ferrous and ferric iron concentrations were
close to or below detection in the upgradient portion of the aquifer and were determined
based on the assumption of equilibrium with goethite and equilibrium conditions for the
Fe?* /Fe** redox couple. Total NH} and HS™ concentrations were not analyzed for and
were calculated assuming equilibrium for the NO7 /NH] and SO%‘ /HS~ redox couples,
respectively. Dissolved aluminum concentrations were determined by equilibrating the
groundwater with kaolinite.

The initial condition in the solution domain affects the simulation results only at early
time. The chemical composition of the water samples taken from monitoring point 21-7
was therefore used to describe the initial condition in the entire aquifer.

7.4 Calibrated Rate Constants

Some of the reaction rates used in this study were determined in laboratory experiments
using groundwater from the field site [O’Hannesin et al., 1995, Bennett, 1997]. The rate
constants therefore inciude influences due to the interactions with other dissolved species
and can be applied directly in the modelling study, provided that laboratory conditions
are representative for conditions encountered in the field. In other cases, laboratory-
derived rate constants are based on ideal, single component experiments. It may not be
possible to use these rate constants, since they do not account for complex interactions
between reduced and oxidized species. Instead, a calibration procedure has to be used to
determine effective reaction rates. The calibration of these rate constants was conducted
with the objective to reproduce concentrations of dissolved reactant and product species
similar to those observed in the field. This approach is justified, because zero-valent iron
acts as the ultimate electron donor in the system. However, the application of the method
is limited, because calibrated rate constants represent apparent rate constants and may
vary significantly depending on the specific geochemical composition of the groundwater
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in contact with zero-valent iron. These variations were neglected in the present study.

Preliminary simulations were conducted to approximately calibrate the model with
respect to aqueous concentrations observed in the field by Bennett [1997]. The calibration
was carried out for the one-dimensional solution domain. Effects due to preferential flow
or varying water chemistry were therefore not taken into account. The calibrated rate
constants were used for the simulations presented in Sections 7.5.1 and 7.5.2.

The simulated data was compared to field observations from February 1997 (240 days
after completion of the barrier installation, see Section 7.5.1). The calibration involved
adjusting the rate constants for reduction-corrosion reactions, the reactive surface area of
zero-valent iron, and effective rate constants for the precipitation of secondary minerals.
Table 7.11 shows a list of the components and source and sink terms affecting the compo-
nent concentrations. This table identifies the interactions between the components and
the effect of dissolution-precipitation reactions and serves as a basis for the calibration
procedure.

It was assumed that the laboratory-derived rate constants for reductive dechlorination
of TCE, cis-1,2 DCE and vinyl chloride [O’Hannesin et al., 1995, Bennett, 1997 are
representative for the conditions at the site. These rate constants appear to be most
reliable, since the experiments were conducted with the treatment material used at the
field site and with the Elizabeth City groundwater. To approximately match the field
data, it was necessary to decrease the BET-measured reactive surface area for zero-valent
iron listed in Table 7.7 by one order of magnitude. This difference may be attributed to
scaling from laboratory to field conditions. Possible reasons for this scaling include locally
higher flow velocities in the field or mixing of the treatment material with the native
aquifer material during installation. The reactive surface area used in the simulations
was 3.88 - 10° [m? mineral m~3 mineral]. The rate constant for hexavalent chromium
reduction was taken directly from the laboratory study by Gould [1982]. The remaining
rate constants were obtained by calibration in an attempt to match the concentrations of
the various electron donors and reaction products (Table 7.12). The table also includes
laboratory-derived rate constants for nitrate reduction and iron corrosion by water for
comparative purposes. Discrepancies between the calibrated and measured reaction rates
will be addressed in a later section along with the discussion of the simulation results.

Effective rate constants for the precipitation of secondary mineral phases were ad-
justed to approximately reproduce dissolved Cr3+, Ca?t, Mg2t, Mn?+, Fe?t, Fe3*+, HS™
and CO3™~ concentrations and pH. The resulting rate constants are listed in Table 7.13.
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component sources sinks
CO3;~ - carbonate minerals
DIC-reduction

Cl- - -

S03- - sulfate reduction

HS— sulfate reduction mackinawite

NO3 - nitrate reduction

NHf nitrate reduction -

Nat - -

K+ - -

Ca?+ - calcite, dolomite

Mg+ - dolomite

Fe?t iron corrosion siderite, Fe(OH),,
goethite mackinawite

Fel+ iron corrosion Fe(OH);

CrO?%- - Cr(VI)-reduction

Cr(OH)} Cr(VI)-reduction Cr(OH)3

Mn?+ pyrolusite rhodocrosite

Al3+ - -

H,Si0,4 - -

02(aq) - Og2-reduction

Hy(aq) iron corrosion -

TCE - TCE-reduction

cis-1,2 DCE TCE-reduction cis-1,2 DCE-reduction

vC cis-1,2 DCE-reduction VC-reduction

ethane TCE- and VC-reduction -

CH,0 - DOC-reduction

CHy(aq) DIC- and DOC-reduction -

pH reduction-corrosion reactions

secondary mineral formation
deprotonation
Ey reduction-corrosion reactions

secondary mineral formation

Table 7.11: Reaction processes affecting component concentrations
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log k

log k lab
oxidant calibrated data unit reference
Cr(VI) 2.895 2805 [Ilm™2d7] Gould {1982]
TCE -2.207  -2.207 [Im~2d7Y O’Hannesin et al. [1995]
cis-1,2 DCE  -3.179 -3.179  [Im~2d7!) O’Hannesin et al. [1995]
VC -2.383  -2.383 [lm2d7} O’Hannesin et al. [1995]
oxygen 2.5 - lm-2d7) -
nitrate -1.58¢  -2.589 [lm~2d"!] Rahman and Agrawal {1997V
sulfate -2.5 - lm=2d-Y -
DOC -3.8 - lm=24d-71) -
DIC -3.8 - lm=2 47} -
water -10.331  -6.331 [mol m~2d~!] Reardon [1995)?)

1) calculated based on surface area estimated from grain size
calculated based on measured surface area

Table 7.12: Rate constants for reduction-corrosion reactions

log ket
mineral [mol m~2 d~1]
Fe(OH)2(am) -1.000
Fe(OH)3(am) -1.000
Cr(OH)3(am) -2.000
CaCO3(s) -1.200
CaMg(CO3)2(s) -2.500
FeCOj(s) -2.000
MnCOj3(s) -2.500
FeS(am) -2.000

Table 7.13: Calibrated effective rate constants for secondary mineral formation
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Rate constants for the reductive dissolution of goethite and pyrocroite were estimated.
Since these minerals are relatively insoluble, comparable slow reaction kinetics have been
assumed. The rate constants are summarized in Table 7.14.

log k&
mineral [mol m~2 d~!]
FeOOH(s) -5.000
MnOa(s) -5.000

Table 7.14: Estimated rate constants for reductive dissolution reactions

7.5 Results and Discussion

In the following sections, the results of the one- and two-dimensional simulations are
presented and discussed. The simulations represent quasi-steady state conditions with
respect to the dissolved contaminant concentrations. Quasi-steady state conditions pre-
vail, because the volume fraction of the treatment material is large in comparison with the
contaminant and other electron acceptor concentrations entering the treatment system.

7.5.1 One-dimensional Simulations

The simulations presented here are based on a simplified one-dimensional flow field. The
effect of the complex flow conditions characteristic for the site can not be reproduced using
this approach. On the other hand, two-dimensional simulations enhance the complexity
and make an interpretation of the geochemical data more difficult. The results of the
one-dimensional simulations conducted here are compared directly to field observations
from February 1997 corresponding to 240 days of barrier operation [Bennett, 1997).

Removal of Contaminants

Figure 7.6a illustrates the removal of hexavalent chromium by the treatment system.
The simulations show very rapid reduction of hexavalent chromium. The results are not
sensitive to the chromium reduction rate, since the time scale of chromium removal is
much shorter than the time scale of advective transport through the barrier. Trivalent
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Figure 7.6: Contaminant concentrations after ¢t = 240 days: a) chromium, b) organics -
one-dimensional simulation

chromium concentrations never increase significantly, since the conditions in the barrier
favor the precipitation of amorphous chromium hydroxide [Bennett, 1997]. The combi-
nation of the reduction and precipitation reactions leads to low hexavalent and trivalent
chromium concentrations within and downgradient of the reactive barrier, and are in
agreement with field measured total chromium concentrations, which are below the de-
tection limit of 0.01 mg 1=! {Bennett, 1997).

The simulated and measured concentrations of the chlorinated organic compounds
and ethane are depicted in Figure 7.6b. The model results show that concentrations of
TCE, cis-1,2 DCE and VC decline by 1-3 orders of magnitude across the barrier, while
ethane concentrations increase to values above detection limit. These results are generally
in agreement with the field observations by Bennett (1997]. Within the barrier system,
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Figure 7.7: Redox couple concentrations after ¢ = 240 days: a) nitrate/ammonia, b)
sulfate/sulfide - one-dimensional simulation

TCE is partly reduced to ethane and cis-1,2 DCE. The simulated vinyl chloride concen-
trations increase temporarily due to the degradation of cis-1,2 DCE. As indicated by the
rate constants shown in Table 7.12, the reduction of the chlorinated organic compounds
is not as rapid as the reduction of chromium and the transformation remains incomplete.
Primarily affected are the degradation products cis-1,2-DCE and VC. The results agree
reasonably well with the field data from Bennett [1997). TCE-concentrations downgra-
dient of the barrier are below detection limit, while cis-1,2-DCE and VC persist in low,
but measurable concentrations. The simulation significantly overpredicts ethane concen-
trations, indicating that ethane is either not the degradation product, or that ethane is
further degraded, possibly to inorganic carbon.
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Reduction of Electron Acceptors

Figure 7.7 compares the computed concentrations for nitrate and sulfate to the field-
measured concentrations. The trend of the model results is in agreement with the field
data. The concentration of the reaction products sulfide and ammonia are also shown.
Nitrate reduction is rapid and field measured concentrations fall below detection limit in
the entry portion of the barrier [Bennett, 1997]. Field measured ammonia concentrations
are not available, a mass balance between nitrate and ammonia is therefore not possible.
Sulfate concentrations decrease also by 1-2 orders of magnitude. The reaction product
hydrogen sulfide does not reach significant concentrations due to the precipitation of

mackinawite (see below).

Selected Cation Concentrations

Figure 7.8 compares computed concentrations for selected cations to analytical concen-
trations from Bennett [1997). The simulated results are consistent with the field obser-
vations, which show declining dissolved cation concentrations while the pore water is
tHowing through the barrier. The decrease of cation concentrations indicates that sec-
ondary minerals precipitate in the treatment system, as was discussed by Bennett [1997).
The simulated results for calcium and magnesium compare well with the field data, except
for the buffer zone downgradient of the barrier, where magnesium concentrations are over-
predicted. The lower field-measured concentrations may be due to surface complexation
reactions, involving the desorption of protons as a result of the infiltrating high pH-water
in conjunction with the sorption of Mg. The solubility of manganese was assumed to be
controlled by rhodochrosite. However, the model results overpredict dissolved manganese
concentrations in the treatment zone and downgradient of the barrier. This indicates
that Mn does not precipitate as rhodochrosite, but may coprecipitate with other car-
bonate minerals. The pore water also becomes slightly supersaturated with respect to
amorphous pyrocroite (Mn(OH)2(am), SIynax = 0.5), which may be an additional sink
for dissolved manganese. The model results overpredicted dissolved iron concentrations
slightly and underpredicted carbonate concentrations (not shown). It is possible that
Mg does not precipitate as a carbonate mineral phase, but rather as brucite (Mg(OH),,
SInax = 1.2). The pore water also reached supersaturated conditions with respect to ar-
tinite (Mg2CO3(OH)2, SImax = 0.2). If this is the case, dissolved carbonate becomes less
depleted, while the precipitation of siderite may be more extensive. On the other hand,
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the precipitation of Ca-hydroxides, such as portlandite (Ca(OH)2), is unlikely (SImax =
-5.2), since the pH in the pore water is not sufficiently alkaline.
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Figure 7.8: Selected cation concentrations after ¢ = 240 days - one-dimensional simulation

pH and Ey

Reduction-corrosion reactions taking place in the treatment zone lead to a pronounced
pH-increase and a decrease of the redox-potential of the groundwater passing through
the barrier [Bennett, 1997]. Figure 7.9 shows the results for pH and Ey for the one-
dimensional simulation. The pH of the groundwater upgradient of the reactive barrier
is approximately 6.3 and rises in the wall to values up to 9-11. Within the treatment
zone, the simulation results agree very well with field-measured pH-values. The field
data from Bennett {1997 shows that pH-values downgradient of the barrier drop rapidly
and approach close-to-background values. It was assumed that pH-buffering is due to
deprotonation from mineral surfaces. The observed strong pH-buffering could only be
reproduced by specifying a large reservoir of sorbed hydrogen ions (50 mol m~3 porous
medium). The results give at best a qualitative idea about the processes taking place
downgradient of the barrier. Additional mineralogical data is needed to confirm the
hypothesized buffer mechanism or to identify additional buffer mechanisms.

It is likely that, if hydrogen gas is present in sufficient quantities, EFy measurements
reflect the state of the Ho(aq)/H* redox couple. Therefore, the redox potential was
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Figure 7.9: pH and Ey after t = 240 days - one-dimensional simulation

computed based on dissolved hydrogen gas concentrations. The pore water entering
the barrier is characterized by Ey-values of approximately 400-500 mV. The simulation
results show a rapid decrease of Ey within the reactive barrier to values below -500 mV.
The field-measured Ey does not show such a pronounced decrease [Bennett, 1997], which
indicates that conditions in the field are less reducing than calculated by the model,
or that the field-measured Ey does not correspond to the redox condition defined by
the Hz(aq)/H* redox couple. Assuming that measured Eg-values are representative for
conditions in the field, it can be postulated that dissolved hydrogen gas must be consumed
by other reduction reactions as an electron donor. At this point it should be mentioned
that Ey-values lower than -550 mV have been measured locally in the treatment zone
at other locations and sampling times [Bennett, 1997]). Ey-values increase up to close
to background-values of 200 - 400 mV downgradient of the reactive barrier [Bennett,
1997] due to Ey-buffer reactions. The reductive dissolution of goethite and pyrolusite
overpredicts Ey-buffering in the downgradient zone indicating that these reactions are
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characterized by slow reaction kinetics. Unlike pH-buffering, Ey-buffer reactions do not
require a large reservoir of buffer agents. This is due to the comparably low Hz(aq)-
concentrations leaving the treatment zone and the persistence of other reduced dissolved
gases, such as methane and H;S(aq)(not shown).

Discussion of Reaction Mechanisms

In order to approximately match the field data, the rate constant for nitrate reduction
had to be increased by one order of magnitude, while the iron corrosion rate by water
had to be decreased by 4 orders of magnitude in comparison to laboratory-derived rate
constants (Table 7.12). Large uncertainties exist with respect to the applicability of the
rate constant for nitrate reduction [Rahman and Agrawal, 1997] to the reactive barrier
at the Elizabeth City-site, since the tested treatment material was different, and the
reported rate constant had to be corrected for reactive surface area. The discrepancies
with respect to the rate constant for nitrate reduction was therefore considered within the
uncertainty of the rate constant derived form the work of Rahman and Agrawal [1997).

The differences between the measured rate constant for iron corrosion by water {Rear-
don, 1995] and the corresponding calibrated rate constant is more significant. Mod-
elled Ey-values (based on the Hz(aq)/H* redox couple) still fall notably below the field-
measured values, despite the decreased rate constant for iron corrosion by water. The
laboratory-derived reaction rate from Reardon [1995] was normalized with respect to reac-
tive surface area. In this context, it was assumed that the reactive surface area reported
by Reardon [1995] is representative for the investigated material, which was put into
question in the original reference. The differences may be due to problems with the Ey-
measurements, which may not represent conditions prevailing at the field-site. It should
be pointed out that Ey-values below -550 mV were measured at other sampling locations
or sampling times. Such values are more consistent with the modelled data. Hydrogen
gas concentrations may also be influenced by the significant rate of sulfate reduction at
the field site in Elizabeth City (Figure 7.7). Sulfate reduction at the Elizabeth City-site
may be microbially mediated, as proposed by Bennett [1997). In this case, dissolved hy-
drogen gas may be used as the electron donor. In the present modelling study, sulfate
reduction was described as a heterogeneous reaction between sulfate and zero-valent iron.
However, the following reaction sequence may better describe the reaction mechanisms
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controlling the geochemical conditions at the field-site:

4Fel(s) + 8H,0 — 4Fe?* + 80H™ + 4H;(aq)
SO~ +4Hy(aq) — HS™ +OH™ +3H0
4Fe** + HS™ + TOH~ — FeS(am) + 3Fe(OH)z(am) + H20

This reaction sequence leads to a net pH-increase, the removal of sulfate and dissolved
hydrogen gas, and the immobilization of the reaction products iron and sulfide. Never-
theless, it is also possible that sulfate is simultaneously reduced by the direct interaction
with zero-valent iron (Table 7.3). Hydrogen gas may also be consumed as an electron
donor in other reduction reactions (nitrate, DIC and DOC, Lovley and Goodwin, 1988}.
Microbially-mediated reduction reactions in porous media composed of zero-valent iron
and involving hydrogen gas as the electron donor were previously reported by Weathers
et al. [1995]. However, sufficient information to uniquely describe the contributions of
the various reaction processes is not available to date.

Corrosion of Zero-Valent Iron

The simulation results indicate that iron corrosion is most significant in the entry area
of the barrier and decreases along the flow path, when the electron acceptors become
depleted. The reaction rates of selected reduction-corrosion reactions are shown in Figure
7.10. It can be seen that nitrate and sulfate are the most important electron acceptors
in the system, which is in agreement with the interpretation of Bennett [1997]. The
reduction of hexavalent chromium also contributes to iron corrosion. The remaining
electron acceptors are lumped together, since their contributions are comparably small.
Figure 7.10 shows that chromium reduction takes place only in the entry area of the
reactive barrier, since the reaction rate is fast in comparison to groundwater velocities.
The reduction of nitrate to ammonia is slower, and persists deeper into the barrier. The
reduction of sulfate is characterized by even slower reaction kinetics. Reduction rates
decrease continuously throughout the barrier, but are still discernable before leaving the
treatment system into the downgradient portion of the aquifer. Figure 7.10 illustrates that
the major contribution to iron corrosion is ultimately due to the reduction of sulfate. Iron
corrosion due to the reduction of the chlorinated organic compounds are not explicitly
presented in Figure 7.10, since the rates are negligible on the scale of the graph.
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Figure 7.10: Iron corrosion rates in reactive barrier after ¢ = 240 days

Precipitation of Secondary Minerals

Figure 7.11 shows that the precipitation of carbonate minerals, such as calcite and siderite,
takes place close to the upgradient end of the barrier. Siderite appears to be the dominant
carbonate phase, because the corrosion of zero-valent iron sets free comparably large
amounts of ferrous iron. Small amounts of rhodocrosite also precipitate in the entry area
of the barrier (not shown). Dolomite formation takes place throughout the barrier due to
slower reaction kinetics. The real system will likely be characterized by the precipitation
of a complex carbonate solid solution containing ferrous iron, calcium, magnesium and
manganese rather than by the formation of distinct mineral phases [Reardon, 1995]. Ferric
iron produced from iron corrosion also precipitates rapidly in the entry zone. On the other
hand, minerals such as mackinawite and ferrous hydroxide precipitate throughout the
treatment system. The formation of these mineral phases is controlled by the availability
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Figure 7.11: Secondary mineral volume fractions in reactive barrier after ¢ = 240 days

of the reactants, which are produced by sulfate reduction and iron corrosion by water.
These results are consistent with the the field observations and the conceptual model of
Bennett [1997].

Long Term Efficiency

The tendency to locally precipitate relatively large amounts of secondary minerals may
have an impact on the long term efficiency of a reactive barrier [MacKenzie et al., 1997,
Bennett, 1997]. Significant amounts of the treatment material may also be consumed
due to the combined effect of sulfate reduction and iron-corrosion by water. Treatment
material depletion in conjunction with secondary mineral formation may also affect the
porosity of the treatment zone [MacKenzie et al., 1997, Bennett, 1997).

Within the reactive barrier, the bulk porous medium consists at any time of porosity
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Figure 7.12: Long term effect of iron corrosion and secondary mineral formation

(void space), the volume fraction of the treatment material and the sum of the volume
fractions of all secondary mineral phases. Figure 7.12 illustrates the potential for depletion
of the treatment material and the precipitation of secondary minerals along the barrier
after 5, 10 and 20 years of operation. Secondary minerals are not present initially and
the porosity is ¢ = 0.5 which is equal to the volume fraction of zero-valent iron. After 20
years the volume fraction of zero-valent iron has decreased from 0.5 to approximately 0.42
in the entry zone of the treatment system. However, the zone of significant treatment
material depletion is limited to the first 10 cm of the barrier. At the same time, it can
be observed that the porosity decreased significantly over the 20 year simulation period
from ¢ = 0.5 to approximately ¢ = 0.36 in the entry area of the barrier, indicating that
a significant amount of secondary minerals has precipitated. The total volume fraction
of secondary minerals can be estimated from the decrease of porosity and the depletion
of the treatment material and amounts to a maximum value of ¢ = 0.22 in the entry
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area of the reactive barrier. These results are comparable with porosity loss calculations
performed by Bennett [1997].

The model results indicate, that over a long period of time porosity may decrease
significantly, which will almost certainly affect the hydraulic properties of the treatment
system. More importantly, the reactivity of the treatment material may decline over time.
In addition to the consumption of Fe?, the accumulation of secondary mineral phases may
significantly compromise the reactivity of the remaining treatment material. It can be
hypothesized that the reduction of the reactivity of the treatment material in the entry
zone due to the precipitation of secondary minerals will allow the contaminants and other
electron acceptors to pass this less reactive zone more or less unaffected. Reduction reac-
tions will still occur in areas located deeper into the barrier, that have been less affected
by the precipitation of secondary minerals. However, this process will decrease the ef-
fective thickness of the barrier and therefore the contact time of the contaminants with
the treatment material. This may lead to the incomplete treatment of contaminants,
that require a long residence time. Although the basic concepts of mass loss and sec-
ondary mineral formation are not new [e.g.: MacKenzie et al., 1997, Bennett, 1997], the
simulation results illustrate the distribution of iron-consumption and secondary mineral
precipitation in a semi-quantitative way for the first time. In a real system, it can be
expected that the depletion of the treatment material and the precipitation of secondary
minerals is less concentrated in the inflow area than predicted in Figure 7.12, because
decreasing iron reactivity was not accounted for in this study.

7.5.2 Two-dimensional Simulations

Two-dimensional simulations were carried out with input concentrations defined in Tables
7.9 and 7.10. The remaining geochemical parameters were as used in Section 7.5.1. These
simulations illustrate the effect of preferential flow on the treatment of the contaminants.
All results of the following reactive transport simulation represent conditions after 2 years
of barrier operation.

Groundwater Flow

Figure 7.13 shows the streamlines constructed from the steady-state velocity field through
the two-dimensional solution domain, which was calculated based on the hydraulic con-
ductivitiy distribution presented in Figure 7.5 and is based on earlier work from Bennett
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[1997]. The model results indicate a heterogeneous flow field in the aquifer and through
the reactive barrier. A zone of preferential flow exists in the reactive barrier at a depth
of approximately 6 m below ground surface, which is consistent with the findings of Puls
et al. [1995] and Bennett [1997].

0 0.5 i 13 3 7.5 3 33 4
distance [m]

Figure 7.13: Streamlines in two-dimensional solution domain

Removal of Contaminants

The two-dimensional simulation clarifies the effect of the heterogeneous groundwater flow
field on the treatment of contaminants. Figure 7.14 illustrates that the remediation of
hexavalent chromium appears to be unaffected by the zones of preferential flow within
the aquifer and the reactive barrier. The rapid reduction of hexavalent chromium en-
sures a successful treatment, even in zones of high flow velocities. Amorphous chromium
hydroxide precipitates in a narrow fringe in the entry area of the treatment system.

Figure 7.15 shows the concentration distributions of the chlorinated organic com-
pounds for the two-dimensional simulation. The concentration distribution upgradient
of the reactive barrier does not coincide well with the concentration distribution of most
inorganic compounds (e.g. chromium). This deviation may be due to the infiltration of
TCE as a free phase product and subsequent dissolution in the source area [Bennett, 1997].
The simulation results indicate that zones of preferential flow may have a significant im-
pact on the treatment of the organic compounds. The removal of the organics in areas
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of lower hydraulic conductivity are more pronounced, since a longer contact time of the
contaminants with the treatment material is provided. cis-1,2 DCE and VC are treated
effectively in the upper portion of the solution domain, while the reductive dechlorination
of TCE in the lower portion of the domain leads to the production of these degradation
products, which are only incompletely removed. The simulation results for chromium
and the chlorinated organics agree reasonably well with field measured concentrations
[not shown, see Bennett, 1997).

pH and Ey

Figure 7.16 presents the results for pH and Ey. The effect of the heterogeneous flow field
on these parameters can be clearly observed. pH-values increase more slowly within the
reactive barrier in the zone of preferential flow. The pH-distribution is also affected by
chemical heterogeneities. The concentrations of the electron acceptors entering the reac-
tive barrier vary with depth, and higher pH-values can be correlated to high infiltrating
electron acceptor concentrations. For example, sulfate concentrations are low in the up-
per and lower portion of the solution domain (Figure 7.17), resulting in a less pronounced
pH-increase. This behavior may be an artifact of the decreased rate constants for iron
corrosion by water, which were calibrated for conditions where sulfate is present, but may
not be valid for conditions where sulfate is depleted. Elewated pH-values downgradient of
the barrier can be observed in areas of high flow velocities, where the pH-buffer capacity
of the aquifer is exhausted.

The redox potential decreases rapidly within the reactive barrier. The specified re-
action network does not allow a consistent description of Ey-values, since hydrogen gas
concentrations are assumed to be independent of the concentrations of electron acceptors
such as nitrate and sulfate, which appear to use dissolved hydrogen gas as an electron
donor. In areas where these electron acceptors are abundant, dissolved hydrogen gas
concentrations may be lower than predicted by the simulations, while conditions may
be more reducing in zones where the electron acceptors have been depleted. The Fy in-
creases downgradient of the barrier due to reductive dissolution of goethite and pyrolusite
to close-to-background values.
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Figure 7.16: pH and Ey distribution after ¢ = 2 years
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Sulfate Reduction

Figure 7.17 illustrates the reduction of sulfate by the treatment system. Sulfate enters
the reactive barrier primarily through the area of preferential flow, where it is reduced
to dissolved hydrogen sulfide. However, hydrogen sulfide concentrations remain low,
because mackinawite controls the solubility of HS~. Low concentrations of HS™ are
observed in selected zones located downgradient of the barrier. The model results indicate
that the precipitation of mackinawite is more pronounced in the zone of preferential
flow. Secondary mineral precipitation may affect the hydraulic properties of this high
permeability zone and may alter the flow distribution in the long term.

7.6 Conclusions

The present study shows the versatility of the model MIN3P with respect to the im-
plementation of complex reaction networks for one- and two-dimensional problems. Re-
active transport simulations involving a large number of components, dissolved species
and dissolution-precipitation reactions can be conducted with the present model. One-
dimensional simulations can be used primarily to assess the chemical complexity, while
two-dimensional simulations can be used to identify the importance of the relationship
between reaction and transport time scales.

The conceptual model developed by Bennett [1997] was implemented into the numer-
ical model MIN3P to describe the interactions between reaction and transport processes
taking place at the reactive barrier in Elizabeth City, NC. The simulation results agree
reasonably well with the field observations. Processes downgradient of the barrier could
only be investigated in a qualitative way, since data was not available and surface com-
plexation is not included in the present model.

The model allows visualization of important processes occurring in a reactive barrier
composed of zero-valent iron. Processes such as the corrosion-reduction reactions and sec-
ondary mineral precipitation can be evaluated semi-quantitatively. The simulations allow
the estimation of iron corrosion rates from the sum of the reduction-corrosion reactions.
The total accumulation and distribution of secondary precipitates can be estimated as
well. Two-dimensional simulations highlight possibly adverse effects of preferential flow

on contaminant treatment.
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Discrepancies between the simulated Eg- conditions within the barrier and the field
observations by Bennett {1997 illustrate that secondary reactions between the reduced
reaction products, such as hydrogen gas, and the electron acceptors, which enter the
barrier, may be important. The hypothesized reduction of sulfate by hydrogen gas may
explain observed relatively low hydrogen gas concentrations. Degassing and the formation
of hydrogen gas bubbles, which may affect the permeability and reactivity of the barrier,
may be inhibited by this process. It remains unresolved, if sulfate reduction leads to
additional iron corrosion, or if iron corrosion by water produces sufficient quantities of
hydrogen gas to reduce infiltrating sulfate.

More work is warranted to investigate reactive barriers for groundwater remedia-
tion and to study the long term performance of passive treatment systems. Possible
model enhancements include the implementation of a more complete reaction network
including secondary redox reactions, inhibition effects, surface complexation and effects
of secondary mineral precipitation on the permeability and reactivity of the treatment

material.



Chapter 8

Summary and Conclusions

The objective of this thesis was to develop a multicomponent reactive transport model for
the investigation of transport and reaction processes in variably-saturated groundwater
systems involving complex nonlinear reactions. The model was designed to be applica-
ble to a wide variety of reactive transport problems and to be computationally robust.
These goals were achieved by implementing the variably-saturated flow equations and the
coupled reaction-transport equations into the model MIN3P. A general formulation for
kinetically-controlled reactions was developed and included in the formulation to enhance
the versatility of the model. Several numerical techniques were incorporated and tested
to ensure an efficient and robust solution.

As a foundation for this thesis, important processes and common solution approaches
for multicomponent reactive transport in porous media were reviewed. Particular empha-
sis was placed on coupling methods and formulations for geochemical reactions. Relation-
ships for the time scales of the various transport and reaction processes were summarized.
In general it was concluded that the global implicit solution method [Steefel and Lasaga,
1994] is best suited for problems characterized by Damkohler numbers < 1 or for sys-
tems characterized by quasi-steady state conditions, in agreement with work previously
conducted by Lichtner [1988] and [1993]. Operator-splitting methods, on the other hand,
may be better suited for problems involving rapid local geochemical changes with rapidly
moving dissolution-precipitation fronts.

The global implicit solution method (Steefel and Lasaga, 1994] was chosen for the
present model because it is considered the most rigorous coupling approach and it en-
sures the simultaneous treatment of transport and reaction processes. The method au-

255
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tomatically provides global and local mass conservation, an important feature for the
investigation of reaction-transport problems. This solution approach is also well suited
for unsaturated porous media, where rapid diffusive gas transport may lead to short

transport time scales.

The model formulation includes advective-diffusive transport in the aqueous phase,
diffusive gas transport, and a range of geochemical reactions including aqueous com-
plexation, oxidation-reduction, gas dissolution-exsolution, ion exchange and dissolution-
precipitation reactions. The model allows the specification of equilibrium and kinetically-
controlled reactions in a database, thus providing a high degree of flexibility with respect
to the characterization of the geochemical reaction network. A general formulation for
kinetically-controlled reactions is difficult to obtain because there is no standard for ki-
netic rate expressions as is given by the law of mass action for equilibrium reactions.
However, the present model development is a step towards such a generalization, al-
lowing the application of the model to a wide range of reactive transport problems.
Kinetically-controlled reactions are implemented for intra-aqueous reactions and mineral
dissolution-precipitation reactions. The reaction progress may depend on the activities
of any dissolved species or on total aqueous component concentrations. The formula-
tion provides rate expressions for reversible and irreversible reactions and for surface-
and diffusion-controlled dissolution-precipitation reactions. The present formulation for
intra-aqueous reactions can be used to describe processes such as the kinetically-controlled
oxidation of dissolved ferrous iron by oxygen. The pH-dependent dissolution of alumi-
nosilicate minerals, reactions involving several parallel reaction pathways, or sequential
reaction steps can be described using the formulation for dissolution-precipitation re-
actions. The model was primarily designed for inorganic chemicals, however, organic
constituents can be considered as well.

Numerical techniques to improve the robustness and to ensure the efficiency of the
solution have been implemented in MIN3P and tailored towards applications in reactive
transport modelling. Reactive transport problems are often characterized by a highly
transient initial behavior with rapid changes caused by transport or reaction processes,
followed by a quasi-steady state condition or a series of quasi-steady state conditions
(Lichtner, 1988] where the concentrations of dissolved species do not change significantly.
Such a physico-chemical system requires adaptive methods to obtain an efficient solution.
The present model includes an adaptive time stepping and update modifications scheme to
ensure that the time step is adjusted to the prevailing conditions. A sensitivity analysis
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was conducted to determine the ideal set of parameters controlling the adaptive time
stepping scheme. The results indicate that an aggressive time stepping scheme with a
large number of Newton iterations per time step and relatively large updates per Newton
iteration/time step provides the most efficient solution.

Upstream weighting and a flux-limiter scheme (van Leer, 1974, Unger et al., 1996]
were included to ensure a monotone and non-oscillatory solution of the reactive transport
equations. It was shown that the spatial weighting scheme and the time discretization
only have a negligible effect on the accuracy of the solution for species distributions
controlled by rapid dissolution-precipitation reactions. This effect can be attributed to the
"sharpening” effect of dissolution-precipitation reactions. This also implies, that artificial
diffusion, introduced by operator-splitting methods may not lead to significant errors
for problems governed by dissolution-precipitation reactions. On the other hand, non-
reactive species are greatly affected by the time and spatial discretization parameters, as
is commonly known. These results suggest that the simulation of laboratory experiments
involving dissolution-precipitation reactions and the passage of several pore volumes may
not be affected by the spatial and temporal parameters, and efficient upstream-weighted
methods appear to provide a sufficient degree of accuracy.

The model allows the use of three different redox master variables {O2(aq), Hz2(aq)
and e”). The electron can only be used in closed systems (i.e. no gas phase present),
while dissolved oxygen and hydrogen gas can be used for saturated or unsaturated prob-
lems. A comparison of the approaches using oxygen and hydrogen gas indicated that
the efficiency of the solution of reactive transport problems may not only depend on the
relative magnitude of the primary variables, but also on the relative concentration change
from one time step to the other.

The application of the model to various verification examples involving both field data
[ Valocchi et al., 1981] and established numerical solutions [ Wunderly et al., 1996, Lichtner,
1996a] has shown that MIN3P is capable of simulating complex systems involving a large
number of reactions between gaseous, dissolved and solid constituents. The verification
examples included acid mine drainage generation in unsaturated porous media [Lichtner,
1996b, Lichtner, 1997a], the simulation of a copper leach operation [Lichtner, 1996b,
Lichtner, 1997b], and reactive transport affected by ion exchange reactions [Valocchi
et al., 1981]. Good agreement was obtained for all simulations when the simulation results
were compared to the results of established models or to field data. These applications
also illustrated the versatility of the model formulation and confirmed that the reaction
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network can be adjusted to describe a variety of reactive transport scenarios by simply
inserting the required reaction and rate parameters into the model database.

A series of simulations were conducted to demonstrate the model’s capabilities for
the investigation of the generation and fate of acid mine drainage. These simulations
illustrate how the model can be applied to batch and one-dimensional systems involving
kinetically-controlled reactions and transport processes. This application shows that
the model can be used to conduct sensitivity analyses for the determination of rate-
limiting steps in reaction networks involving complex parallel and sequential reaction
processes. The usefulness of mass balance calculations was demonstrated by determining
the contribution of different reaction processes to the consumption of atmospheric oxygen
and by evaluating the importance of CO2-degassing as a pH-buffering process.

The second application illustrated the capabilities of MIN3P as an analysis tool for the
investigation of field data. In this case, one- and two-dimensional simulations were con-
ducted to simulate the remediation of groundwater contaminated by hexavalent chromium
and chlorinated organic compounds. These applications demonstrated the applicability
of the model to a complex system involving both inorganic and organic contaminants.
A reasonable match between observed and simulated concentration distributions was ob-
tained. The existing conceptual model of the field site Bennett [1997] could be described
in a semi-quantitative way with the help of the model. The model results suggest that
the longevity and efficiency of the treatment system may be influenced by secondary
mineral formation. The two-dimensional simulations showed the capability of MIN3P to
investigate the influence of preferential flow on the treatment efficiency.

It should be pointed out that the usefulness of reactive transport models is often lim-
ited by the comprehensiveness of the conceptual model and by the availability of input
parameters, some of which are not easy to obtain. Input parameters may include dis-
solved analytical concentrations in the aqueous phase, mineral volume fractions, mineral
reactive surface areas, or the cation exchange capacity of the porous medium. Equilib-
rium constants, rate constants, and reaction stoichiometries need to be specified to define
the reaction network for a specific application.

Important for reactive transport modelling is the characterization of the composition
of the infiltrating water and the mineralogical composition of the aquifer. Probably the
most difficult aspect of defining the conceptual model is the specification of the mineral
phases which contribute significantly to the evolution of the groundwater passing through
the porous medium. For primary minerals, an adequate conceptual model depends on
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the knowledge of the local geology and lithology as well as on the spatial distribution and
quantity of the minerals present. The heterogeneous nature of aquifers requires averaging
of measured data and relies on the applicability of the REV-conceptualization.

The interaction of the infiltrating water with the aquifer minerals may lead to a
supersaturated solution with respect to mineral phases, which are not part of the initial
composition of the aquifer. The incorporation of secondary minerals into the conceptual
model is very difficult, yet very important, because these mineral phases may significantly
contribute to the buffer capacity of the aquifer. An additional complication arises if ion
exchange reactions influence the evolution of the pore water passing through the aquifer.
These complications must be carefully considered when attempting to use the model for

predictive purposes.

Ideally, MIN3P should be applied to the analysis of laboratory experiments or field
data with the goal to quantitatively describe and test the underlying conceptual mod-
els. Model applications can focus on either chemical complexity in batch, one- or two-
dimensional systems or complex interactions between transport and reaction processes
in heterogeneous two- or possibly three-dimensional flow fields. The model can be used
for the investigation of processes characterized by a wide range of time scales and can
be used to evaluate the importance of various transport and reaction mechanisms on the
evolution of groundwater systems.

The model MIN3P is well suited for future extensions and enhancements, because its
formulation is based on a modular approach. Future research can be focused in various
directions, such as the consideration of irregular domain geometries, additional reaction
and transport processes, the consideration of reaction processes in stagnant pore water,
mass transfer between stagnant and moving pore water, the implementation of alterna-
tive coupling schemes, such as the operator-splitting technique, and the consideration of
aquifer heterogeneity.

Reaction processes not considered in the present model include adsorption, surface
complexation, isotope fractionation, incongruent mineral dissolution, the dissolution and
precipitation of solid solutions, and Monod-kinetics. Any of these processes can be im-
plemented in the existing model by incorporating additional modules/subroutines that
specify the reaction parameters and compute the rates (and the corresponding deriva-
tives) of formation or depletion of these species or relate these species concentrations
to the components by equilibrium relationships. The model application in Chapter 7
suggests that microbially-mediated reactions (Monod-kinetics) and surface complexation
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reactions (for H*-sorption) should be included in the model to allow a more complete

description of reactive transport in porous media.

Theoretical considerations have shown that the existence of a gas phase complicates
the solution of reactive transport equations considerably. An inherent coupling exists in
this case between reaction and transport processes in the gaseous and aqueous phase. A
rigorous formulation that includes advective and diffusive transport processes for both
mobile phases must be based on a compositional solution approach [Corapcioglu and
Baehr, 1987, Sleep and Sykes, 1993 Unger et al., 1995]. Such an approach automatically
accounts for advective gas transport induced by changes in moisture content or by the
production or consumption of gaseous species as a result of geochemical reactions. In this
context, it may also be beneficial to enhance the present model to allow for non-isothermal
conditions and to account for the influence of mineral dissolution-precipitation reactions

on the permeability of the medium.

A model description which takes into account stagnant and mobile water should be
developed in future work. This approach is particularly needed in the unsaturated zone.
Preliminary simulations in Chapter 6 showed that mass transfer processes between mobile
and stagnant water appear to have a significant impact on the oxidation of sulfide minerals
and the concentrations of dissolved species. In some cases, the single continuum approach,
which assumes complete mixing between stagnant pore water and mobile groundwater,
appears to be an insufficient description of processes occurring in nature. This is especially
true for heterogeneous reactions involving surface or solid species. Therefore, future
research should be directed towards the implementation of a dual-continuum approach
which accounts for reaction processes in both immobile and mobile pore water, and
diffusion-limited mass transfer between mobile and immobile waters. Such a formulation
can be developed from a generalization of the rate expressions for diffusion-controlled
dissolution-precipitation reactions or can be based on a dual porosity approach.

Alternative coupling schemes, such as a non-iterative operator-splitting method, could
be implemented in the present model. This approach appears to be useful for large scale
reactive transport applications in saturated porous media, but it is likely of limited use ifa
gas phase exists. Extremely short time scales of transport processes in the gas phase may
cause the solution of reactive transport equations exclusively by the operator-splitting
method to be inefficient. On the other hand, the giobal implicit method is sometimes
affected by severe local chemical changes, which imposes small time steps for the entire
solution domain. From a theoretical view point, the most efficient solution method will
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therefore incorporate both an operator-splitting and a global implicit solution method.
The selection of the optimal solution method should be utilized based on the conditions

characterizing the system at a particular instant in time.
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APPENDIX A. MODEL PERFORMANCE

Run AlogCi, AlogCo,, Np= Np NZt Ng@*  CPU
(h:m:s]
) 0.5 2.0 20 1097 29 6977 1:35:02
(2) 40 1026 5 6383 1:26:45
3) 60 1002 2 6311 1:25:53
(4) 80 1002 2 6331 1:26:25
(5) 3.0 20 DNC
(6) 40 1021 9 6408 1:27:35
(7) 60 1030 8 6502 1:28:22
(8) 80 1030 7 6543 1:28:54
(9) 10 20 DNC
(10) 40 1031 12 6535 1:30:12
(11) 60 1055 7 6796 1:33:42
(12) 80 1055 7 6856 1:34:10
(13) 5.0 20 DNC
(14) 40 1020 5 6378 1:26:47
(15) 60 1045 6 6693 1:30:54
(16) 80 1030 6 6611 1:33:37
(17) T 1.0 5.0 20 447 92 5067 11153
(18) 40 318 11 3190 0:42:48
(19) 60 301 3 2982 0:40:00
(20) 80 301 2 3022 0:40:45
(21) 3.0 20 378 69 4074 0:54:39
(22) 40 310 11 3049 0:40:58
(23) 60 309 14 3331 0:44:35
(24) 80 308 12 3375 0:45:09
(25) 4.0 20 DNC
(26) 40 318 29 3601 0:48:27
(27) 60 317 9 3353 0:44:56
(28) 80 319 16 3416 0:46:07
(29) 5.0 20 DNC
(30) 40 320 19 3385 0:45:27
(31) 60 309 13 3394 0:45:34
(32) 80 309 13 3474 0:46:37
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Table A.1: Model performance as a function of adaptive time stepping parameters,
t = 4 years - determination of time increment based on anticipated update, part A, DNC

= did not converge



APPENDIX A. MODEL PERFORMANCE

Run AlogC%, AlogChae N7 N N N} CPU

(h:m:s]
(33) 2.0 20 20 279 113 4786 1:04:38
(34) 40 187 23 3026 0:40:46
(35) 60 166 11 2818 0:37:45
(36) 80 164 10 2944 0:39:17
(37) 3.0 20 268 133 4839 1:04:47
(38) 40 176 19 2772 0:36:56
(39) 60 163 7 2358 0:31:30
(40) 80 170 11 2806 0:37:28
(41) 4.0 20 260 138 4837 1:05:08
(42) 40 182 35 3289 0:44:03
(43) 60 181 27 3612 0:48:43
(44) 80 175 19 3290 0:47:13
(45) 9.0 20 271 151 5187 1:09:21
(46) 40 180 28 3154 0:42:07
(47) 60 171 22 3151 0:42:15
(48) 80 172 19 3036 0:40:37
(49) 3.0 3.0 20 231 171 5328 1:11:10
(50) 40 133 17 2421 0:32:22
(51) 60 131 14 2406 0:32:10
(52) 80 129 12 2577 0:34:18
(53) 4.0 20 245 190 5661 1:16:08
(54) 40 144 33 3093 0:41:35
(55) 60 135 22 2815 0:38:03
(56) 80 129 18 2626 0:35:13
(87) 5.0 20 250 214 6312 1:24:22
(58) 40 161 49 3722 0:49:37
(59) 60 136 19 2767 0:36:57
(60) 80 136 19 2887 0:38:31

Table A.2: Model performance as a function of adaptive time stepping parameters,
t = 4 years - determination of time increment based on anticipated update, part B
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Table A.3: Model performance as a function of adaptive time stepping parameters,

Run N3™ AlogCh,, NP N/ N N CPU

(h:m:s]
1 10 2.0 20 460 156 6426 1:26:29
(2) 40 219 3 2504 (:33:31
(3) 60 224 3 2640 0:35:20
(4) 80 222 2 2558 0:34:13
(5) 3.0 20 359 104 4655 1:02:34
(6) 40 247 15 2933 0:39:21
(7) 60 227 7 2692 0:36:01
(8) 80 227 7 2752 0:36:48
(9) 20 %0 289 68 3525 0:47:10
(10) 40 236 16 3058 0:40:55
(11) 60 248 12 3191 0:42:40
(12) 80 248 12 3271 0:43:41
(13) 5.0 30 331 95 4361 05834
(14) 40 245 16 3157 (:42:10
(15) 60 233 7 3061 0:44:43
(16) 80 233 6 3141 0:41:57
(17) ~ 20 3.0 40 128 13 2505 0:33.15
(18) 60 127 10 2515 0:33:25
(19) 80 126 8 2646 0:35:06
(20) 3.0 40 143 15 2673 0:35:39
(21) 60 138 13 2736 0:36:28
(22) 80 138 13 2896 0:38:33
(23) 10 10 144 23 2799 0:37:26
(24) 60 139 13 2750 0:36:35
(25) 80 139 13 2810 0:37:22
(26) 5.0 40 140 14 2832 0:37:39
27) 60 139 16 2047 0:39:16
(28) 80 139 16 3087 0:41:05
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Table A.4: Model performance as a function of adaptive time stepping parameters,

Run N2 AlogCs,, NT* N N . Nt CPU
[h:m:s]
(29) 30 2.0 40 100 28 2649 0:35:12
(30) 60 89 10 2284 0:30:19
(31) 80 92 10 2711 0:35:51
(32) 3.0 10 104 20 2229 0:29:56
(33) 60 111 22 2647 0:35:27
(34) 80 111 22 2747 0:36:45
(35) 4.0 40 118 36 2897 0:38:50
(36) 60 108 20 2846 0:37:30
(37) 80 106 16 2866 0:38:01
(38) 5.0 40 115 27 2895 0:38:29
(39) 60 117 21 2970 0:39:53
(40) 80 116 20 3345 0:44:34
(41) 40 2.0 60 86 20 2653 0:35:08
(42) 80 81 15 2624 0:34:45
(43) 3.0 60 93 34 2937 0:39:01
(44) 80 90 25 3010 0:39:50
(45) 4.0 60 88 19 2324 0:30:59
(46) 80 91 25 2953 0:39:16
(47) 5.0 60 98 29 2712 0:36:19
(48) 80 89 21 2747 0:36:39
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