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Abstract 

Urban stormwater management ponds are established end-of-pipe components of green 
stormwater management infrastructure in North America. The main aim of this 
infrastructure is to protect our cities and homes from storm flooding and to clean the water 
before introducing it to protected ecosystems. While created for stormwater management, 
stormwater ponds provide key ecosystem services in urban areas, such as storing carbon, 
preserving biodiversity, and enhancing the connection to nature for the surrounding 
communities. Regardless of these services, stormwater ponds also accumulate large 
loads of organic matter, nutrients, and contaminants from their catchment and undergo a 
range of aerobic to anaerobic microbial processes that create and release significant 
amounts of greenhouse gases (GHGs) such as methane (CH4), carbon dioxide (CO2), and 
nitrous oxide (N2O). Pond design and catchment inputs may affect the processes and the 
GHG exchanges from the ponds. Therefore, this study aims to understand the processes 
that drive GHG emissions under the different design and contaminant conditions of depth 
and road salt concentration in four ponds over a study period from June - November and 
April - May the following year with no sampling over the winter months. The high salt ponds 
had greater stratification induced by road salt density gradient impact then their low salt 
counterparts, which was reflected in water specific conductivity and dissolved oxygen 
(DO), the stratification indexes calculated from the water column density gradients of each 
sample location, and the redox water quality sampling profiles. The CH4 emissions of the 
high salt ponds were also higher than their low salt counterparts, with the shallow ponds 
having higher emissions then the deep ponds, while the CO2 and N2O emissions were not 
driven by depth or road salt. A redundancy analysis showed that there were six significant 
predictors for the GHG emissions: specific conductivity, temperature, pH, dissolved CH₄ 
concentration, DO, and pond depth. CO₂ emissions were associated with deeper, cooler, 
low-conductivity conditions, whereas CH₄ diffusive emission and N₂O emissions were 
associated with high-conductivity, low-oxygen waters and ebullitive CH₄ emission aligned 
with warm, higher pH environments. These findings highlight the complex and dynamic role 
of stormwater management infrastructure in urban GHG emissions and the importance of 
understanding the processes that govern them.  

Key words: stormwater management ponds, water quality stratification, road salt, 
greenhouse gas emissions 
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Chapter 1: Literature Review 

1.1 Introduction  
Climate change caused by global warming is one of the most important issues of the 21st 

century due to it causing substantial damages and continuously growing irreversible losses 

(Calvin et al., 2023). Due to the rising average temperatures and extreme weather, Canada, 

and in particular Ontario are experiencing infrastructure damages, economic disruptions, 

ecosystem structure and function transformation, and harm to human health and well-

being (Climate Risk Institute, 2023). Adapting to the impacts of climate change in Canada 

has been a priority for decades and continues to be so, with continually renewed national 

climate goals and international participation (Warren & Lulham, 2021). The main driver of 

global warming as identified by the IPCC is the loss of carbon storage and increasing 

concentrations of greenhouse gases (GHG) in the atmosphere (Calvin et al., 2023), and our 

best way to manage climate change is with adaptive solutions that both reduce our 

emissions while mitigating climate change effects (Robertson et al., 2025). Wetlands are 

one such solution, with their ability to store carbon and capture GHGs, as well as safely 

storing and slowly releasing received precipitation, groundwater flow, and surface water 

flow (Price et al., 2023; Ramsar Convention Secretariat, 2016). Additionally, wetlands filter 

the water that moves through them by capturing and storing the nutrients, while also 

providing critical habitat to a range of aquatic and terrestrial species (Hotte et al., 2011; 

Neubauer & Megonigal, 2021). Wetlands are extremely valuable ecosystems that provide 

multiple services that are becoming increasingly important as the impacts of climate 

change worsen, and thus they have begun to be incorporated into our designs and plans for 

the future in different ways (Robertson et al., 2025). 
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1.2 Urban Stormwater Ponds 

One way wetlands and their functions are being incorporated into cities and urban areas is 

through stormwater management (SWM) infrastructure (Birch et al., 2022; Ontario Ministry 

of the Environment, 2003). Ontario implements a range of SWM infrastructure, broadly 

grouped into lot level, conveyance, and end of pipe systems (Ontario Ministry of the 

Environment, 2003). End of pipe systems consist of wet ponds, constructed wetlands, and 

dry ponds, with wet ponds having the greatest percentage of its’ volume provided in deep 

water (> 0.5 m) zones, while wetlands are dominated by shallow zones (<0.5 m) (Ontario 

Ministry of the Environment, 2003, 2016a). Among the end of pipe infrastructure options, 

wet ponds are the most widely implemented in Ontario, as they provide multiple 

ecosystem services, while requiring less land area than constructed wetlands (Ontario 

Ministry of the Environment, 2016b). Accordingly, this thesis explores stormwater 

management ponds (SWMPs), with particular attention to their functional performance 

within the urban landscape.  

SWMPs are widely implemented in southern Ontario’s urban landscapes both to replace 

wetland losses due to development and to introduce wetland functions and services into 

areas previously lacking in them (Audet et al., 2020; Birch et al., 2022). SWMPs are 

designed and implemented in urban areas to improve water quality, provide aquatic habitat 

and to support carbon storage through vegetation and sediment capturing infrastructure 

(Kaushal et al., 2014; Marques et al., 2024; Ontario Ministry of the Environment, 2003). 

Concurrently to these services, SWMPs have been engineered to meet strict hydrologic 

volume requirements, making them a commonly used component of municipal 

stormwater planning (Ontario Ministry of the Environment, 2003). As climate change 

intensifies pressures on built environments, infrastructure that can deliver multiple 

ecosystem services while maintaining public safety is increasingly valuable (Marques et 

al., 2024; Price et al., 2023; Robertson et al., 2025).  However, growing research raises 

questions about whether SWMPs consistently deliver these anticipated benefits across all 



3 
 

functional domains (Birch et al., 2022; Kati & Jari, 2016; Malyan et al., 2021; Marques et al., 

2024).  

 

1.3 Carbon and Greenhouse Gas Exchange in Stormwater Ponds 

An urban pond’s most significant GHG exchanges are carbon dioxide (CO2) and CH4; 

however, depending on the nitrogen loading to the system, nitrous oxide (N2O) could also 

have a significant exchange (Malyan et al., 2022). In both natural and anthropogenic ponds 

and wetlands, gas exchange with the atmosphere is governed by the concentration 

gradient between the water column and the overlying air, as well as the solubility of the gas; 

for methane (CH4) since its solubility is so low, ebullition (bubbling) can also be an 

important emission pathway. The concentration of each gas reflects the net balance 

between its production and consumption within the system, so the emissions ultimately 

depend on how these processes interact themselves, as well as with physical controls 

such as solubility (Neubauer & Megonigal, 2021). Stormwater management ponds, 

however, receive substantial anthropogenic inputs, particularly nutrient loads, that exceed 

what natural systems of similar size or morphology would typically experience. These 

elevated inputs stimulate higher rates of microbial production, often resulting in greater 

emissions and altered ratios of GHGs compared with natural waterbodies of comparable 

physical characteristics (Audet et al., 2020; Badiou et al., 2019; D’Acunha & Johnson, 

2019; Fan et al., 2022; Grinham et al., 2018; Herrero Ortega et al., 2019; Kaushal et al., 

2014; Peacock et al., 2019). GHG emissions from SWMPs in urban environments have 

received minor attention even though as urbanization and development continues to 

expand locally and globally, their quantity and spatial extent will continue to increase 

(Audet et al., 2020; Birch et al., 2022).  
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1.3.1 Carbon Dioxide 

CO2 is one the most important long lived GHGs, yet it does not have a single, well-defined 

atmospheric lifetime because it is continuously exchanged among the atmosphere, 

terrestrial biosphere, and oceans (Prentice et al., 2021). Its removal depends on multiple 

biogeochemical processes operating over timescales ranging from seconds to centuries 

(Filonchyk et al., 2024; Prentice et al., 2021). By definition, CO₂ is the reference compound 

used in calculating global warming potential (GWP) for all other compounds, and therefore 

has a GWP of 1 (Masson-Delmotte & Intergovernmental Panel on Climate Change, 2023).  

In aquatic systems, CO₂ is produced through several pathways. The breakdown of organic 

matter, derived from both within the system, autochthonous sources, and upstream or 

catchment inputs, allochthonous sources, is the primary driver of the CO₂ produced 

aquatic systems. Aerobic respiration is the primary mechanism generating CO₂, although 

anaerobic metabolism and the oxidation of CH₄ by methanotrophs also contribute to CO₂ 

concentrations (Filonchyk et al., 2024; Neubauer & Megonigal, 2021). When CO₂ builds up 

in the water column above saturation levels, it is emitted to the atmosphere mainly via 

diffusion due to its high solubility within water (Holgerson, 2015; Neubauer & Megonigal, 

2021). Conversely, aquatic plants, including emergent, submerged, and floating species, 

can partially offset these emissions through photosynthesis taking up CO2, at times 

drawing the system into a temporary net-CO₂ sink (Holgerson, 2015; Neubauer & 

Megonigal, 2021).  

In SWMPs, these carbon cycling processes are intensified by the large influx of watershed 

allochthonous organic matter and nutrients their design is intended to capture (Ontario 

Ministry of the Environment, 2003). The continuous deposition of organic carbon provides 

substantial substrate for microbial respiration, enhancing CO2 production. Additionally, the 

elevated nutrient loads can stimulate primary production, increasing plant biomass and 

decomposition rates, further contributing to CO2 production within the sediments and 

water column (Filonchyk et al., 2024; Kumar et al., 2019; Malyan et al., 2022). Additionally, 

CH4 produced within the pond’s anoxic zone can be oxidized to CO2 as it encounters 
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oxygenated water near the surface, providing another CO2 production pathway (Holgerson, 

2015; Neubauer & Megonigal, 2021). Concurrently, CO2  uptake by aquatic vegetation and 

algal communities may offset a portion of these emissions, particularly during periods of 

high productivity (Gorsky et al., 2019). Therefore, while SWMPs function as effective 

pollutant capture systems, their biogeochemical conditions also position them as active 

and dynamic sites of CO2 production, transformation, and exchange. The studies on urban 

ponds reported mean (standard deviation: SD) CO2 fluxes of 628 (795) mg m-2 d-1 (Audet et 

al., 2020), 493.7 (529.6) mg m-2 d-1 (Davidson et al., 2024), 62.5 mg m-2 h-1 (1500 mg m-2 d-1, if 

this rate is assumed for 24 hours, Gorsky et al., 2019), and 752 mg m-2 d-1 (Peacock et al., 

2019). Across the studies, the primary controls on CO2 fluxes were vegetation cover (Audet 

et al., 2020), pH (Gorsky et al., 2019), and silicon and calcium concentrations, suggesting 

groundwater input (Peacock et al., 2019). 

 

1.3.2 Methane 

CH4 is an important GHG with an atmospheric lifetime of approximately 11.8 years, a GWP 

of 82.5 years over 20 years and 29 over 100 years (Masson-Delmotte & Intergovernmental 

Panel on Climate Change, 2023). Despite its short lifetime, CH4 traps a substantial amount 

of heat energy and is responsible for 30% of the global warming impact (Filonchyk et al., 

2024; Masson-Delmotte & Intergovernmental Panel on Climate Change, 2023).   

Methanogenesis is the final step of anaerobic organic matter decomposition and produces 

CH4 through a form of anaerobic respiration performed by methanogens, a subset of 

microbes that belong to the domain of Archaea (Lyu et al., 2018; Neubauer & Megonigal, 

2021). Organic matter decomposition and nutrient cycling in aquatic systems depend 

heavily on oxygen availability (Neubauer & Megonigal, 2021). As dissolved oxygen (DO) 

concentrations decline with depth within a pond, the water column transitions from oxic 

near the surface to anoxic near the sediment layer. As ponds typically have limited oxygen 

sources and replenishment, restricted to surface diffusion or the inflow of oxygen rich 

water, they often experience oxygen depletion. Under these low oxygen conditions, as seen 
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in Figure 1.1, microbial communities shift to alternative terminal electron acceptors (TEA) 

to sustain their respiration (Loewen & Jackson, 2024; Neubauer & Megonigal, 2021). This 

descent follows the redox cascade, wherein microbes preferentially utilize the TEA that 

yields the greatest energy until it becomes depleted, subsequently shifting to the next most 

favourable TEA. Over time, this progression of reductive processes moves from oxygen to 

nitrate (NO3
-), manganese and iron oxides (MnO2 and Fe(OH)3), sulphate (SO4

-2), and finally 

to CO2. Once CO2 is the only remaining TEA, methanogenesis becomes the dominant 

metabolic pathway, producing CH4 as the final by-product (Holgerson et al., 2022; 

Neubauer & Megonigal, 2021). This redox driven progression underpins the biogeochemical 

functions of a pond, connecting DO dynamics directly GHG production potential. 

 

 

Figure 1.1 Redox cascade and energy layers within an aquatic ecosystem. 

 

In  aquatic systems >0.5 m and  <4 m deep, such as ponds (Holgerson et al., 2022; Ontario 

Ministry of the Environment, 2003), CH4 is emitted through four principal pathways: 

diffusive flux, ebullitive flux, storage flux, and plant mediated transport (Bastviken et al., 

2008). Of these, diffusion and ebullition are a pond’s primary CH4 emission pathways into 

the atmosphere (Grinham et al., 2018; Neubauer & Megonigal, 2021; Żygadłowska et al., 

2024). Diffusive flux occurs when CH4 produced in the sediment moves along a 

concentration gradient through the water column to the atmosphere. Once reaching the 

surface, the dissolved CH4 diffuses into the atmosphere. However, a portion of produced 
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CH4 is oxidized when it encounters the oxic layer of the water column, reducing the amount 

of CH4 ultimately emitted (Holgerson, 2015; Venetz et al., 2024).  

In contrast, ebullition occurs when CH4 molecules produced within the sediment 

accumulate rather than dissolve into the water column due to CH4’s low solubility. As these 

molecules accumulate, their combined buoyancy eventually exceeds the pressure of the 

overlying sediment and water, allowing them to escape as bubbles that rise through the 

water column. This rapid release to the atmosphere limits the opportunity for CH4 oxidation 

compared with CH4 diffusion (Bastviken et al., 2008; Grinham et al., 2018; Neubauer & 

Megonigal, 2021; Żygadłowska et al., 2024). Another transport pathway that circumvents 

CH4 oxidation is plant mediated transport. Many wetland plants use pressurized 

ventilation, an adaptive mechanism that vents oxygen rich air to their roots, resulting in soil 

pore water CH4 diffused into the rhizome being transported upward through the plant 

material and released directly to the atmosphere (Armstrong & Armstrong, 1991; Sorrell & 

Boon, 1994; Villa et al., 2020). These pathways lead to high CH4 production and exchange 

in SWMPs due to their biogeochemical conditions. The studies on urban ponds reported 

mean (SD) CH4 fluxes of 15 (70) mg m-2 d-1 (Audet et al., 2020), 26.75 (35.26) mg m-2 d-1 

(Davidson et al., 2024), 15.1 mg m-2 h-1 (362 mg m-2 d-1 assuming 24 hours of emission; 

Gorsky et al., 2019), and 30.3 mg m-2 d-1 (Peacock et al., 2019). Across the studies, the 

primary controls on CH4 fluxes were water temperature (Audet et al., 2020), maximum 

depth and surface area (Gorsky et al., 2019), and total phosphorus and total organic 

carbon concentration (Peacock et al., 2019). 

 

1.3.3 Nitrous Oxide 

N2O is the third most important GHG emitted from ponds, with an atmospheric lifetime of 

109 years in the atmosphere and a GWP of 273 over both 20 and 100 year timescales 

(Masson-Delmotte & Intergovernmental Panel on Climate Change, 2023). In addition to its 

high GWP, N2O emissions are also the most significant ozone depleting emissions  

(Ravishankara et al., 2009).   
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In aquatic environments, N2O production is controlled by microbial nitrogen transformation 

pathways, primarily nitrification and denitrification, processes where ammonium (NH₄⁺) 

and nitrates (NO₃⁻) are used as reactants and N2O is released as a product (Lunau et al., 

2013; Malyan et al., 2021; Neubauer & Megonigal, 2021). The processes are strongly 

influenced and driven by the availability and quality of the dissolved inorganic nitrogen and 

the oxygen availability within the system (Davidson et al., 2000; Qiao et al., 2020). 

Nitrification is the aerobic oxidation of NH₄⁺ to NO₃⁻, producing intermediate products 

including N₂O and nitric oxide (NO). Denitrification, by contrast, is the anaerobic reduction 

of NO₃⁻ to nitrogen gas (N₂), with N₂O and NO formed as intermediates (Davidson et al., 

2000). Owing to its high solubility, N₂O produced through either pathway dissolves readily 

into the surrounding water, and emissions occur predominantly through diffusive flux 

across the air–water interface (Hefting et al., 2003). 

The production of N2O, a byproduct of both microbial denitrification and microbial 

nitrification processes, is largely determined by the nitrogen availability and redox state of 

the system (Davidson et al., 2000). Wetlands exposed to elevated nutrient loading exhibit 

substantially higher N₂O emissions (Hefting et al., 2003; Moseman-Valtierra et al., 2011). 

Since SWMPs are designed to intercept and retain nutrient rich runoff in urban areas 

(Ontario Ministry of the Environment, 2003), their N2O emissions are expected to be 

elevated compared to those of natural systems (Li et al., 2024). Beyond nutrient loads, 

several biogeochemical factors further influence N₂O dynamics in wetlands, including 

water level variability, the availability of electron acceptors and donors, hydrogen sulfide 

concentrations, temperature, and pH (Cornwell et al., 1999; Joye & Hollibaugh, 1995; 

Megonigal et al., 2014). Many of these conditions are altered in SWMPs relative to natural 

wetlands, contributing to potentially elevated and variable N₂O production (Haq et al., 

2018; Malyan et al., 2021). Therefore, while SWMPs function as effective pollutant capture 

systems, their biogeochemical conditions also position them as active and dynamic sites 

of N2O production, transformation, and exchange. The studies on urban ponds reported 

mean (SD) N2O fluxes of 0.19 (0.63) mg m-2 d-1 (Audet et al., 2020), 0.11 (0.09) mg m-2 d-1 

(Davidson et al., 2024), and 0.0042 mg m-2 h-1 (0.10 mg m-2 h-1 assuming 24 hours of 
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emissions; Gorsky et al., 2019). Among these, only Audet et al. (2020) identified a primary 

driver of N2O fluxes, reporting that nitrate concentrations were a key control.  

 

1.4 Road Salt: Contaminant of Concern 

Due to the temperate nature of Canada, and Southern Ontario in particular, road salt is 

often applied to roads and parking lots in the winter months when the temperature falls 

below 0 °C to reduce the risk of vehicular accidents due to the ice and snow. In 2019, 

ECCC reported an annual usage of 4,240,983.86 tonnes of total solid salt (ECCC, 2023b). 

While road salt is applied to ensure the safety of drivers in the winter by increasing the 

melting temperature of snow and ice (Pollock & The Conversation, 2019), the applied salt is 

often flushed into stormwater management infrastructure and it can then either remain in a 

pond or leave through the pond’s outflow (Snodgrass et al., 2017). Road salt is now 

considered one of the most prevalent contaminants of concern for urban waterbodies 

within southern Ontario due to the decades of application and growing urbanization 

(Kaushal et al., 2022). When the road salt stays in a pond’s water, it can lead to water 

column stratification by amplifying the density differences of the water, beyond just the 

typical temperature stratification that occurs within the pond (Loewen & Jackson, 2024). 

This stratification can reduce the mixing between the water layers, leading to increased 

oxygen depletion within a pond, creating zones that have thicker layers of anoxic water that 

resists mixing and remain at a lower energy level for longer, providing greater opportunity 

for CH4 production and exchange (Dupuis et al., 2019).  

 

1.5 Knowledge-Led Decision Making  

Urban residential developments commonly incorporate and assign cultural value blue–

green infrastructure such as SWM ponds, wetlands, and other aquatic features designed to 

mitigate flooding and regulate stormwater quantity and quality (Kati & Jari, 2016). Although 

these systems provide essential hydrologic and water-quality functions, as well as cultural 
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values, they also act as biogeochemical reactors that can emit GHGs through microbial 

processes and redox-driven transformations. Emerging research indicates that constructed 

ponds and wetlands can serve as notable sources of CO₂, CH₄, and N₂O in urban 

landscapes, yet their contribution to municipal GHG budgets remains poorly quantified. 

Understanding the physical and chemical factors that regulate GHG production in these 

systems is therefore critical for informing sustainable urban design and management 

strategies. 

Two key characteristics strongly influence the redox reactions and nutrient availability in 

urban ponds: water depth and salinity (or specific conductivity) (Dupuis et al., 2019; 

Holgerson, 2015; Holgerson et al., 2022; Kaushal et al., 2022; Kinsman-Costello et al., 

2023; Peacock et al., 2019; Ray & Holgerson, 2023). Depth plays a central role in regulating 

thermal and chemical layering, which in turn shapes oxygen availability, redox gradients, 

and the spatial organization of microbial processes associated with GHG production. 

Stormwater ponds vary widely in their engineered depths depending on design objectives, 

ranging from shallow basins (~1 m) to deep wet ponds (~3 m or more), resulting in 

substantial differences in stratification potential and internal biogeochemical dynamics 

(Ontario Ministry of the Environment, 2003).  

Salinity is another major driver of density stratification, particularly in cold-climate regions 

where extensive road salt use elevates chloride concentrations in receiving waterbodies. 

Elevated salinity increases water density and can strengthen or prolong stratification, 

reducing vertical mixing and promoting anoxic conditions conducive to CH4 generation and 

other anaerobic metabolic reactions (Craig & Zhu, 2018; Dupuis et al., 2019; Haq et al., 

2018; Kim & Koretsky, 2013; Loewen & Jackson, 2024; Schuler & Relyea, 2018).  

Together, pond depth and salinity represent two influential and controllable factors that 

shape redox structure, carbon cycling, and GHG emissions in urban stormwater systems. 

Clarifying how these characteristics interact to regulate stratification and biogeochemical 

function will support broader efforts to quantify and mitigate the climate impacts of urban 

development and stormwater infrastructure. 
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1.6 Research Gap 

SWMPs are widely implemented as end-of-pipe infrastructure in residential developments, 

yet their role as sources of GHGs remains insufficiently characterized. While their primary 

purpose is to control flooding, protect downstream water quality, and moderate peak 

flows, these systems also act as biogeochemical reactors where organic matter 

degradation, microbial activity, and redox processes influence the production and release 

of CH₄, CO₂, and N₂O. As residential development continues to expand, the cumulative 

contribution of these ponds to municipal GHG budgets may become increasingly 

important; however, the governing mechanisms behind these emissions are not well 

understood. 

A growing body of literature indicates that road-salt-driven salinity increases have 

important consequences for aquatic systems (Findlay & Kelly, 2011; Schuler & Relyea, 

2018; Szklarek et al., 2022). Elevated specific conductance is known to strengthen water-

column density gradients, enhancing thermal and chemical stratification, particularly in 

small to mid-sized waterbodies typical of SWM systems (Dupuis et al., 2019; Loewen & 

Jackson, 2024; Radosavljevic et al., 2022; Sibert et al., 2015). This stratification can create 

persistent anoxic zones at depth (Dupuis et al., 2019), fostering conditions that favour CH4 

production and altering carbon and nitrogen cycling pathways. Despite this, few empirical 

studies have directly measured how salinity-driven stratification influences GHG fluxes, 

and even fewer have assessed these relationships in the cold temperate climates where 

road salt use is highest. 

In parallel, pond depth and structural design vary considerably across municipalities. 

Deeper ponds (e.g., 3 m) may be more prone to pronounced and long-lasting stratification, 

whereas shallow ponds (e.g., 1 m) may mix frequently and exhibit weaker chemical 

gradients. Hydrologic connectivity—such as the number of inlets, outlet elevation, and 

seasonal flow conditions—further modulates stagnation potential and redox behaviour. 

Despite these well-recognized physical differences, there is limited research examining 
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how pond depth interacts with salinity to drive stratification patterns and influence GHG 

production. 

Another critical research gap is the spatial heterogeneity of GHG emissions within ponds. 

Inlet zones receiving fresher, oxygenated stormwater may behave very differently from 

sheltered shorelines or from deeper, central basins. While conceptual models suggest that 

GHG fluxes should vary substantially across these zones based on redox dynamics, 

nutrient inputs, and organic matter availability, few studies have systematically compared 

GHG emissions across distinct pond locations. 

Collectively, these gaps limit the ability of municipalities, planners, and developers to 

design or retrofit stormwater systems that minimize GHG emissions. With increasing 

pressure to integrate climate mitigation into urban infrastructure planning (Climate Risk 

Institute, 2023; ECCC & Canda Water Agency, 2018; Ontario Ministry of the Environment, 

2016a; RISE, 2023; Warren & Lulham, 2021), there is a clear need for research that 

explicitly measures the combined influence of salinity, depth, and within-pond spatial 

variability on GHG fluxes. Understanding these processes will be essential for evidence-

based decision-making within the broader context of climate-forward residential 

development. 

Therefore, this study aims to understand the biogeochemical and physicochemical 

controls on the GHG emissions from road salt impacted stormwater ponds in Southern 

Ontario. The specific objectives of this study are to: (1) determine if a high salt content 

stratifies the water column within a pond and create thicker anoxic sections (Chapter 2:), 

(2) assess if road salt interferes with the typical redox cascade in a pond (Chapter 2), (3) 

determine how the addition of road salt effects GHG emissions from the ponds (Chapter 

3), and (4) determine if the location within a pond has a significant effect on GHG 

emissions (Chapter 3). Results can be used to advance smarter and more sustainable 

urban stormwater management design and planning that reduces GHG emissions and 

considers the water quality of these systems.   
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Chapter 2: Stratification in Urban Stormwater Ponds in 

Southern Ontario  

2.1 Introduction 
Adapting to the impacts of climate change in Canada has been a priority for decades and 

continues to be so, with continually renewed national climate goals and international 

participation (Warren & Lulham, 2021). In Ontario, climate change is anticipated to 

significantly impact the stormwater management (SWM) systems and infrastructure, 

infrastructure that protects the health, safety, and property of our cities (Ontario Ministry of 

the Environment, 2003). Both long-term increases in accumulated precipitation and 

intense short-term storm events are identified as some of the most impactful stressors on 

SWM infrastructure in the region (Climate Risk Institute, 2023). 

Artificial waterbodies, including stormwater management ponds (SWMPs) and urban 

wetlands, are integral components of these systems. Engineered for SWM purposes, they 

differ from natural waterbodies in their water chemistry and carbon cycling, with smaller 

artificial systems often showing higher per-area emissions of greenhouse gases (Grinham 

et al., 2018). Understanding how these small, constructed ponds function under changing 

climatic and land cover conditions is therefore essential for effective water quality 

management, undiminished nutrient redistribution, natural habitat and aquatic 

biodiversity, and balanced greenhouse gas cycling. However, SWMPs in urban 

environments have received minor attention to their dominant water quality processes and 

chemical functions, even though as urbanization and development continues to expand, 

their quantity and spatial extent will continue to increase (Audet et al., 2020; Birch et al., 

2022).  

2.1.1 Biogeochemical Pond Conditions 

External factors such as sunlight, wind, surface water input, or groundwater input can 

create uneven energy distribution across horizontal layers in water bodies, producing 
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gradients in physiochemical properties like density, oxygen concentration, and turbidity 

(Davidson et al., 2024; Holgerson et al., 2022; Loewen & Jackson, 2024). When these 

differences are large enough, mixing between layers is reduced, resulting in stratification. 

Shallow water bodies are often considered to be well mixed, but ponds can become 

stratified through various mechanisms, though thermal stratification is the most common 

in natural systems (Holgerson et al., 2022). Stratification, in turn, can influence 

biogeochemical processes and drive a range of ecosystem responses (Davidson et al., 

2024; Dupuis et al., 2019). 

As SWMPs receive substantial inputs of nutrients and contaminants from stormwater 

inflow originating from the watershed they manage, they are considered important areas 

for urban biogeochemical processing (Peacock et al., 2019). Organic matter 

decomposition and nutrient cycling pathways within a wetland or pond vary depending on 

the oxygen availability (Neubauer & Megonigal, 2021). As the concentration of dissolved 

oxygen (DO) decreases with depth within a pond, the water column transitions from an oxic 

system near the surface to an anoxic system closer to the sediment layer. Given ponds 

typically have limited oxygen sources and replenishment, either through surface diffusion 

or the inflow of oxygen rich water, they often experience oxygen depletion, forcing the 

microbial communities to use alternative terminal electron acceptors (TEA) to sustain 

organic matter cycling (Loewen & Jackson, 2024; Neubauer & Megonigal, 2021).  This 

descent follows the redox cascade wherein microbes utilize the TEA that provides the most 

energy until that compound becomes depleted, subsequently shifting to the next most 

favourable TEA. Over time, this progression of reductive processes moves from reduction of 

oxygen to nitrate (NO3
-), manganese and iron oxides (MnO2 and Fe(OH)3), sulphate (SO4

-2), 

and finally to CO2. When only CO2 remains as an available TEA, methanogenesis becomes 

the dominant metabolic pathway, producing CH4 as the final by-product (Holgerson et al., 

2022; Neubauer & Megonigal, 2021). This redox driven sequence within the metabolism of 

the microbial communities underpins the biogeochemical functions of a pond, connecting 

DO dynamics directly to oxidation-reduction potential. 
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2.1.2 Road Salt: Contaminant of Concern 

Due to the temperate nature of Canada, and Southern Ontario in particular, road salt is 

often applied to roads and parking lots in the winter months when the temperature falls 

below 0 °C to reduce the risk of vehicular accidents due to the ice and snow. In 2019, 

Environment and Climate Change Canada (ECCC) reported an annual usage of 4.2 million 

tonnes of total solid salt across Canada (ECCC, 2023b). While necessary for road safety in 

the winter, the applied salt is often flushed into stormwater management infrastructure 

from impervious surfaces and can either accumulate in a pond or leave through the pond’s 

outflow (Snodgrass et al., 2017). Due to the decades of application and the growing 

urbanization, road salt is now considered one of the most prevalent contaminants of 

concern for urban waterbodies within southern Ontario (Kaushal et al., 2022; Loewen & 

Jackson, 2024; Szklarek et al., 2022). When road salt is retained and accumulates  in a 

pond’s water column, it can alter the pond’s physical structure by enhancing density driven 

stratification beyond the typical temperature induced layering (Loewen & Jackson, 2024). 

This stratification exacerbates oxygen depletion within a pond, creating zones that 

accelerate redox progression and remain in a reduced state for longer (Dupuis et al., 2019).  

With climate change driving more extreme weather, maintaining reliable and resilient SWM 

infrastructure has become increasingly critical. SWMPs not only protect water quality, 

reduce flooding, provide urban aquatic habitat and biodiversity, but may also contribute to 

urban carbon sequestration (Alikhani et al., 2021; Lehner et al., 2024). However, there 

remains a significant gap in knowledge regarding the biogeochemical mechanisms 

governing the water quality in road salt impacted urban wetlands and SWMPs. Therefore, 

this research aims to address that gap by understanding and identifying the 

biogeochemical and physicochemical controls of the GHG emissions from road 

salt impacted SWMPs in Southern Ontario. The specific objectives of this study are to: 

(1) determine if a high salt content (inferred from electrical conductivity) stratifies the water 

column within a pond and creates thicker anoxic sections, (2) assess if high electrical 

conductivity interferes with the typical redox cascade in a pond. Results can be used to 
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advance smarter and more sustainable urban stormwater management design and 

maintenance. 

 

2.2 Methods 

2.2.1 Site Selection & Study Design 

Research was conducted in SWMPs located in Kitchener (43° 27´ 11˝N, 80° 29´ 42˝W) 

and Waterloo (43° 29´N, 80° 31´W), Ontario, two cities undergoing continuous urban 

growth and development. The study was conducted across four ponds: with low/high water 

electrical conductivity, as an indicator of salinity, orthogonal to low/high water depth to 

ensure both variables, water depth and salinity, were investigated. In May 2024, 24 ponds 

were selected based on descriptions provided by the municipalities and were visited to 

determine depth and electrical conductivity or specific conductivity (EC). Ponds were 

chosen to minimize differences in depth and maximize difference EC within each depth 

category (Table 2.1). During the main sampling period in 2024 the shallow & low salt pond 

had a maximum specific conductivity of 730 µS/cm, the shallow & high salt pond had a 

maximum specific conductivity of 7500 µS/cm, the deep & low salt pond had a maximum 

specific conductivity of 970 µS/cm, and the deep & high salt pond had a maximum specific 

conductivity of 2750 µS/cm. The shallow ponds are highly designed and engineered 

systems with pipe inlets and outlet control structures, and the deep ponds consist of a re-

naturalized open-water wetland connected to a creek during mid to high flow conditions, 

and a natural pond integrated into the city’s stormwater network, representing the low-

salinity and high-salinity ponds, respectively.  
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Table 2.1 Physical characteristics of the 4 study sites in the Kitchener-Waterloo area, ON. 

Pond Region 
Latitude; 

Longitude 

Surface 
Area 
(km2) 

P:A 
ratio 

(km-1) 

Installation 
year 

Catchment 
Area (km2) 

Level of 
Design 

Maximum 
Depth (m) 

Sediment 
Depth (m): 

Inlet, 
Middle, 
Outlet 

Shallow & 
Low Salt 

Waterloo 

43° 
29'52.18"N 

80° 
34'25.43"W 

0.0071 55.6 1995 0.337 Engineered 
wet pond 

1.0-1.1 0.75, 0.25, 
0.25 

Shallow & 
High Salt 

Waterloo 

43° 
30'57.81"N 

80° 
31'21.40"W 

0.0041 60.4 1998 0.249 
Engineered 

wet pond 
1.1-1.3 

0.8, 0.65, 
0.55 

Deep & 
Low Salt 

Kitchener 

43° 
23'12.82"N 

80° 
27'44.30" W 

0.0033 97.4 
2010 

(Retrofitted) 
8.38a 

Re-
naturalized 

wet pond 
3.0-4.0 

0.7, 0.35, 
0.35 

Deep & 
High Salt Kitchener 

43° 
25'57.64"N 

80° 
29'58.46"W 

0.0235 38.2 No records 8.57a 
Natural wet 

pond 3.5-4.0 1.3, 0.65, 0.8 

a. Values were determined using a delineation algorithm (Thirimanne, 2025), as the records either did not 
specify a catchment area or there were no records available, so there may be inconsistencies in the deep 
pond catchment areas.  

 

Within each pond two sampling transects were identified, one from the inlet to the outlet 

(flow transect), and another from the deepest point to the nearest shore (depth transect), 

(Figure 2.1; Appendix A: Figure A.1 – A.3). The transect following the pond’s flow had three 

sampling locations, and the transect following the pond’s depth had three to four sampling 

locations, depending on the size of the pond. The two transects shared one location, the 

deepest location for the depth transect and the middle or the outlet for the flow transect. 

The ponds underwent sampling campaigns throughout the ice-free period: twice a month 

from June to August (peak microbial activity), once a month from September to November 

(less microbial activity due to cooler temperatures), and finally three times in the spring 

(transition of microbial activity due to warming temperatures) for a total of 12 sampling 

rounds.  
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Figure 2.1. Example of sampling design showing flow transect (Inlet, Middle, Outlet) and 
depth transect (Deep, Medium, Shallow). In this pond, the transects shared a sampling 
point where the outlet location of the flow transect was also the deep sampling point for 
the depth transect. No sampling was conducted at the locations marked as “Pond 
features”. 

 

2.2.2 Pond Water Quality  

Water chemistry was measured using a handheld ProQuatro YSI probe equipped with 

sensors for temperature, pH, conductivity/specific conductivity, and DO. These variables 

were measured at each sampling location at depths of 10 cm, 20 cm, 40 cm, 60 cm, 80 cm, 

100 cm, 150 cm, 200 cm, 250 cm, 300 cm, 350 cm, and 10 cm above the sediment (Figure 

2.2). At locations where water was shallower than 350 cm, sampling was conducted from 

the surface down following this pattern until 10 cm above the sediment was reached. Prior 

to each sampling campaign the YSI was calibrated according to manufacturer instructions 
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(606962-ProQuatro-User-Manual-English.Pdf, n.d.). The DO measurements exceeding the 

saturation limits specified in the instrument user manual were retained and not adjusted. 

Supersaturated DO conditions can occur in systems with high aquatic plant biomass due 

to associated photosynthetic activity and therefore could not be confidently attributed to 

sensor error (Koop-Jakobsen & Gutbrod, 2019; YSI Environmental, 2005). While this 

approach resulted in DO concentrations that are higher than those commonly reported in 

literature, similar magnitudes have been observed in similar pond systems (Withanage, 

2025). 

 

 

Figure 2.2. Pond sampling schematic – demonstrating the water column sampling profiles. 

 

To better characterize pond nutrient content and oxidation - reduction potential, two water 

quality sampling events were also conducted: one in the growing season (GS) (July 21-23, 

2024) and one in the nongrowing season (NGS) (October 10-24, 2024). Aligned with the 

primary objective of evaluating how the ponds stratified along the redox gradient, water 

quality sampling was focused to a single sampling location, the deepest point in each 

pond, to allow greater emphasis on sampling frequency along the vertical water columns. 

Additionally, due to logistical constraints, some redox - sensitive elements were sampled 

less frequently than others, limiting the level of interpolation possible for certain profiles, 

specific sampling for each event in the Appendix A (Table A.1).  
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Water samples were collected with vinyl tubing connected to a manual syringe pump and a 

four-way stopcock. The tubing had an inner diameter of ¼”, a length of 5 m (vol ~ 160 mL), 

and was attached to the outside of the YSI probe with one opening in line with the sensor 

heads and the other connected to the four-way stopcock in the boat. 60 mL syringes were 

used to flush the tubing three times (vol ~ 180 mL) before each sample is taken to purge the 

tubing of the previous water and to rinse the tubing with the water at the current sample 

depth. The sampling then followed the protocol for sampling the water column from boats 

& aircrafts (Canadian Council of Ministers of the Environment, 2011) . Water samples were 

collected into Corning 50 mL sampling bottles that were new and sanitized by the seller or 

were acid washed in a 10% sulphuric acid bath for a minimum of 24 hours, then rinsed five 

times with DI water (Canadian Council of Ministers of the Environment, 2011). Water 

samples were analyzed for anions Chloride, Bromide (indicators of salt input), Nitrite, 

Nitrate, Phosphate (macronutrients), and Sulphate (indicator of salt input, nutrient and 

redox), cations Sodium, Calcium (indicators of salt input), Iron, Manganese, and Sulfur 

(indicators of redox). The inorganic element Iron (II) (redox) was also measured. Water 

samples for inorganic anions, inorganic cations, dissolved ammonium, and dissolved iron 

were filtered after or during collection following the Aqueous Analysis Laboratory (AAL) 

protocols at the University of Waterloo. Inorganic anions were filtered in the laboratory 

using 0.22 µm syringe filters, while inorganic elements and dissolved ammonium were 

filtered in the laboratory with 0.45 µm filters. Dissolved iron samples were filtered in the 

field using 0.45 µm filters. All samples were refrigerated after filtration and delivered to the 

AAL within five days of collection. Inorganic elements were analyzed using Inductively 

Coupled Plasma–Optical Emission Spectrometry (ICP-OES; Thermo Scientific iCAP 6300), 

inorganic anions were quantified using a Capillary Ion Chromatograph System (Dionex ICS-

125000 with autosampler), and dissolved ammonium and dissolved iron were determined 

using a Gallery™ Discrete Analyzer (Thermo Scientific). The minimum detection levels for 

the sampled elements can be found in the Appendix A (Table A.2)  



21 
 

 

2.2.3 Dissolved Methane Concentration 

The concentration of dissolved CH4 was  determined at each sampling location at depth 

along the water column for the entire sampling period except for three ponds in late August 

2024 and spring 2025, using the headspace equilibration method (Peacock et al., 2019). A 

60 mL syringe was connected to the tubing and stopcock assembly described for the water 

quality sampling earlier in the Section: 2.2.2, and water was withdrawn from the YSI water 

variable specified depths, excluding the intervals 10 cm below the surface and 10 cm 

above the sediment. After purging the water in the tube from the previous sample, the tube 

was cleared once with the desired water and then a syringe was filled up to 30 mL with 

sample water and 30 mL of ambient air. The syringe was then vigorously shaken for 180 

seconds, and the headspace was transferred to an appropriate cleaned and pre-evacuated 

glass vial (Exetainer, Labco Ltd., UK). Finally, the collected headspace gas samples were 

analysed by injecting a set volume, 10 mL, into a GHG analyzer (LICOR, LI7810) with the 

signal compared to a series of known standards (1, 5, 50 , and 1000 ppm) to measure the 

headspace GHG concentration. Quality control of the headspace concentration data was 

completed using the PEDRO software (Newton et al., 2025). The headspace concentration 

data was trimmed to the injection time and when the concentration peak is clearly visible. 

The PEDRO software then calculated the concentration of the injected samples by taking 

the area under the curve of the flux peaks and using the established volume, determined 

the CH4 concentration of the headspace sample. Any concentrations that resulted in a 

headspace concentration less than zero were removed.  

 

2.2.4 Pond Level Monitoring 

Water level variation in the ponds was monitored using Solinst Junior Level Loggers. 

Loggers were deployed at the deepest point in the engineered shallow ponds; at the middle 

and outlet locations in the low and high salt ponds, respectively, at the medium sampling 

location in the deep & low salt pond; and at the medium-A sampling location in the deep & 
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high salt pond (Figure 2.1; Appendix A: Figure A.1 – A.3). The loggers recorded pressure 

changes in meters at 10-minute intervals from deployment in late June 2024 until the 

October 2024 sampling event, after which recording intervals were changed to hourly 

intervals until removal in May 2025. Water level measurements were corrected for 

atmospheric pressure using data from the Kitchener-Waterloo NAVCAN  weather station 

(ECCC & NAVCAN, 2024) and underwent manual quality control to remove any errors. 

Continuous logging was maintained for all ponds from June 2024 to May 2025, except for 

the shallow & low salt pond, where the logger was lost during winter 2025 and could not be 

recovered. 

 

2.2.5 Data Analysis 

To understand how stratification varied among the ponds, the water variables measured by 

the YSI were compared between the high salt ponds and the low salt ponds. To assist in 

visualization of the changes along the flow path and at depth within and across the ponds, 

depth profile plots were created in R (R Core Team, 2023) and contour plots were created in 

Surfer® (Golden Software, LLC, n.d.) to visually identify trends. Supporting the depth profile 

contour plots, hydrographs of the pond water level changes and regional precipitation 

patterns were created in R (ECCC & NAVCAN, 2024; R Core Team, 2023). Additionally, the 

density gradient of each sample location for each sampling event was calculated 

according to Holgerson et al. (2022) to calculate a stratification index. Temperature, 

electrical conductivity (converted to salinity), and air pressure data from the Kitchener-

Waterloo NAVCAN  weather station (ECCC & NAVCAN, 2024) were used to calculate water 

density at each sampled depth. Salinity was determined using the gsw (CRAN: Package 

Gsw, n.d.) package in R, and density was calculated using the rLakeAnalyzer package 

(Winslow et al., 2019). The density gradient (kg m⁻³ m⁻¹) was computed as the difference 

between the top and bottom layer densities divided by the distance between them. These 

density gradients were then compared across ponds using ANOVA followed by Tukey 

pairwise comparisons when significant (p<0.05). The headspace gas concentrations 
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measured using the GHG analyser described in the Section: 2.2.3 were converted to 

dissolved gas concentrations using the neonDissGas (Cawley, 2007) package in R. Profiles 

of redox reactive anions, cations and dissolved CH4 concentration were plotted for each 

pond for the growing season and non-growing season water quality sampling dates.  As 

only one profile in each pond was measured on each date, differences between ponds 

were assessed visually and key variations in concentrations described.  

 

2.3 Results  
Pond characteristics and water chemistry varied among sampled ponds as seen in the 

measured in-situ environmental conditions per pond for the shallowest and deepest point 

in the water column (Table 2.2, Table A.3). In general, the high salt ponds had higher EC 

than the low salt ponds at the same depth and a greater difference between DO and EC 

measured at 10 cm depth and 10 cm above the sediment layers. The predominant cations 

and anions were sodium and chloride for the high salt ponds, magnesium for the deep & 

low salt pond, and manganese for the low salt ponds, with the concentrations for all 

measured water quality variables summarized in Appendix A (Table A.4).  
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Table 2.2. Summary statistics of environmental variablesa at the top and bottom of the 
water columns across all sample locations of each pond. 

  

Shallow & Low 
Salt  

Shallow & High 
Salt  

Deep & Low 
Salt  

Deep & High 
Salt  

Parameter Depth     

Water Column Depth (m)  0.89 (0.19) 0.96 (0.20) 2.06 (0.86) 2.12 (1.18) 

Temperature (°C) 
10 cmb 17.88 (6.59) 17.19 (6.44) 18.26 (5.87) 19.48 (5.89) 
10 cm asb 16.12 (4.85) 15.61 (4.78) 15.88 (5.13) 16.35 (5.85) 

DO (mg/L) 
10 cm 10.44 (4.21) 13.42 (3.73) 7.65 (2.51) 8.76 (2.6) 
10 cm as 7.34 (5.81) 7.03 (5.69) 5.53 (4.23) 4.59 (3.88) 

pH 
10 cm 8.62 (0.55) 8.15 (0.35) 8.1 (0.33) 8.41 (0.42) 
10 cm as 8.1 (0.56) 7.54 (0.52) 7.74 (0.35) 7.67 (0.59) 

EC (µS/cm) 
10 cm 726.44 (175.71) 4208.46 (867.07) 849.85 

(197.22) 
1380.15 
(267.11) 

10 cm as 771.25 (145.96) 5625.1 (2381.59) 876.18 
(186.87) 

1765.29 
(745.86) 

a. Values are given as mean (standard deviation) across all sampling locations and dates sampled for each 
pond for the specified depth. 
b. “10 cm” refers to 10 cm below the water surface and “10 cm as” refers to 10 cm above the sediment layer.   
 

2.3.1 Temporal Patterns of Water Chemistry at the Deepest Point 

The hydrographs and time series contours show the water quality variables measured 

along a depth profile at the deepest sample location for the highly engineered shallow 

ponds (Figure 2.3) and the naturalized deep ponds (Figure 2.4) over the entire sampling 

period from June 2024 to May 2025, with the pause in sampling over the 2025 winter 

season outlined in gray. A hydrograph of the pond water levels, alongside the regional 

precipitation pattern, was included to illustrate periods of water and nutrient input to the 

ponds from the surrounding urban catchments (Figure 2.3a, b)(Figure 2.4a, b). The 

temperature, specific conductivity, and DO variables were chosen to demonstrate the 

extent of stratification that was occurring in ponds throughout the sampling campaign, as 

temperature shows the thermal stratification, the specific conductivity shows the salt 

stratification, and the DO shows the impact of both to the oxygen access within the pond, 

and therefore an indication of redox potential. The time series contours for the water pH in 

these locations and over the sampling period can be found in Appendix A (Figure A.4 – A.7).  
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The thermal profiles indicate that the shallow & low salt pond exhibited distinct 

temperature stratification during June and early July, with only minor surface stratification 

observed in early August (Figure 2.3c, d). For the remaining sampling events, the water 

column generally had similar temperature throughout the water column. In contrast, the 

shallow & high salt pond demonstrated strong and persistent thermal stratification from 

June through August, followed by well-mixed conditions between September and 

November. In spring 2025, temperature profiles showed only weak stratification compared 

to the more pronounced thermal gradients observed during summer 2024 for both ponds. 

Specific conductivity in the shallow & low salt pond varied among sampling events, with 

occasional stratification observed in July and August (Figure 2.3e). However, most 

sampling event profiles indicated similar salinity throughout the water column. Even during 

spring 2025 when overall conductivity increased, specific conductivity remained weakly 

stratified. In contrast, the shallow & high salt pond exhibited pronounced conductivity 

stratification during most 2024 sampling events, only diminishing once in November above 

80 cm (Figure 2.3f). Following the 2025 winter, conductivity increased substantially, and the 

water column became strongly stratified, reaching near-brackish levels (U.S. Geological 

Survey, 2021) at the pond bottom. 

DO patterns reflected similar seasonal trends as the thermal and specific conductivity 

stratification (Figure 2.3g, h). The shallow & low salt pond exhibited stronger stratification in 

June and July, which weakened during the peak summer period as the water column mixed, 

reflecting seasonal turnover during late summer to fall (September to November) and again 

in spring (April to May) (Figure 2.3g). In contrast, the shallow & high salt pond remained 

stratified throughout the 2024 sampling period, with low DO concentrations close to the 

surface observed in June, July and September (Figure 2.3h). In spring 2025, partial turnover 

increased DO concentrations to approximately 80 cm depth, while low oxygen persisted 

near the bottom of the pond, indicating incomplete vertical mixing of the water column in 

this system during multiple spring sampling events. 
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Figure 2.3 Engineered shallow ponds’ hydrograph of the pond water level and climate 
station precipitation of the a) shallow and low salt and b) shallow and high salt pond, the 
deepest location time series contours with the c) the temperature at depth for the shallow 
& low salt pond, d) the temperature at depth for the shallow & high salt pond, e) the specific 
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conductivity at depth for the shallow & low salt pond, f) the specific conductivity at depth 
for the shallow & high salt pond, g) the dissolved oxygen at depth for the shallow & low salt 
pond, h) the dissolved oxygen at depth for the shallow & high salt pond. Black points 
indicated the dates and depths of measurements. Interpolation was completed using 
Natural Neighbour in Surfer®. 

 

The deep & low salt pond exhibited temperature stratification from June through early 

August (Figure 2.4c), with lower overall temperatures compared to the shallow ponds. 

From late August to November, temperature profiles were uniform throughout the water 

column. During spring 2025, gradual increases in stratification were observed from early 

April to May. Similarly, the deep & high salt pond displayed strong thermal stratification 

between June, and early August characterized by a greater temperature range than the 

deep & low salt pond, with warmer surface waters and cooler bottom waters (Figure 2.4d). 

From late August to November, the water column became more thermally mixed, although 

some residual stratification persisted. In spring 2025, the deep & high salt pond exhibited 

somewhat stronger stratification than the deep & low salt pond, though the difference 

between them was not substantial.  

The deep & low salt pond showed no significant specific conductivity stratification 

throughout most of the sampling period (Figure 2.4e). A marked change occurred after the 

early July sampling event, corresponding to the flushing of a beaver dam during a large 

storm, which altered the conductivity conditions within the pond. In spring 2025, slight 

stratification was observed; however, conductivity levels remained comparable to early 

summer 2024 and did not exceed previous concentrations. In contrast, the deep & high salt 

pond exhibited elevated specific conductivity near the bottom of the water column in June 

and early July (Figure 2.4f). Conductivity decreased through the remainder of 2024, 

resulting in well-mixed conditions for specific conductivity by fall. In spring 2025, 

stratification re-emerged, with elevated conductivity at shallower depths, 200 to 250 cm 

below the surface, showing concentrations similar to those measured in June 2024. 
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The deep & low salt pond exhibited observable DO stratification in June, July, and 

September 2024, while profiles from late fall appeared largely uniform with depth (Figure 

2.4g). In spring 2025, DO concentrations varied among sampling events, but the vertical 

profiles remained well mixed. The October and November 2024 and April and May 2025 

sampling periods had similar DO throughout the water column indicating mixing 

associated with seasonal turnover. In contrast, the deep & high salt pond showed 

pronounced DO stratification in early summer 2024, corresponding with elevated specific 

conductivity during the same period (Figure 2.4h). Although low DO concentrations 

persisted through summer, stratification diminished towards fall, with turnover evident in 

October and November. In spring 2025, partial turnover increased DO concentrations to 

depths of 250–300 cm, while the bottom water layers remained oxygen-depleted, 

indicating incomplete vertical mixing during multiple spring sampling events. 
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Figure 2.4 Naturalized deep ponds’ hydrograph of the pond water level and climate station 
precipitation of the a) deep and low salt and b) deep and high salt pond, deepest location 
time series contours, c) the temperature at depth for the deep & low salt pond, d) the 
temperature at depth for the deep & high salt pond, e) the specific conductivity at depth for 
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the deep & low salt pond, f) the specific conductivity at depth for the deep & high salt pond, 
g) the dissolved oxygen at depth for the deep & low salt pond, h) the dissolved oxygen at 
depth for the deep & high salt pond. Black points indicate the dates and depth of 
measurements. Contours were created using Natural Neighbour in Surfer®. 

 

The summary statistics for the stratification index, which was calculated using the gsw 

(CRAN: Package Gsw, n.d.) and rLakeAnalyzer (Winslow et al., 2019) packages that used 

the temperature and salinity of the water columns measured at every sample location per 

pond, can be found in Table 2.3.  

 
Table 2.3. Summary statistics of pond stratification index (kg m⁻³ m⁻¹). 

Statistic Shallow & 
Low Salt 

Shallow & 
High Salt  

Deep & Low 
Salt 

Deep & High 
Salt 

Mean 0.78 1.5 0.35 0.48 
Standard Deviation 1.23 1.70 0.36 0.40 
Minimum -0.062 -0.044 -0.038 -0.19 
Maximum 7.37 7.70 1.41 1.37 
Range 7.43 7.74 1.44 1.56 

 

The variation in stratification index over time across the engineered and naturalized ponds 

(Figure 2.5) supported the variation in the stratification seen in the temporal water quality 

sampling contours. As expected, due to the higher specific conductivity highlighted in the 

time series contours, the shallow & high salt pond and the deep & high salt pond had 

higher average stratification indexes than their low salt counterparts, with a percent 

difference of 63% and 27%, respectively (Figure 2.6). Additionally, due to the nature of 

calculating the stratification indexes by dividing the difference in water density by the 

distance of the sampled water column, the engineered shallow ponds had a greater range 

and average stratification index than the deeper ponds. There was a significant difference 

in stratification index among ponds (ANOVA, F = 32.52, p < 0.0001), with pairwise 

comparisons indicating that the shallow & high salt pond had a significantly higher 

stratification index than all other ponds.  
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Figure 2.5 Stratification index over time per pond, highlighting both differences within and 
among engineered and naturalized ponds and the impact of seasonal trends on the 
stratification index for all sample locations (each as an individual point) on each 
measurement date. The dashed line is the 0.287 kg m-3  m-1 mixing threshold below which 
ponds are thought to be well-mixed (Holgerson et al., 2022). 
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Figure 2.6 Stratification index by pond for all sampling locations for the entire study period. 
The centreline in the boxplot given the median, with top and bottom of the box indicating 
25th and 75th quartiles, and whiskers illustrating 10th and 90th percentiles. Letters above the 
boxes indicate the Tukey pairwise comparisons where ponds are significantly different from 
each other if they share no letters.  

 

2.3.2 Spatial Variation in Water Chemistry 

Considering variation in specific conductivity and DO from the inflow to outflow of each 

pond (flow transects), contours show the water quality variables in the summer measured 

from the sample location by the pond’s inflow, the sample location in the middle of the 

pond, and the sample location by the outlet of the pond for the engineered shallow ponds 

(Figure 2.7) and the naturalized deep ponds (Figure 2.8). The late July sample round was 

chosen to visualize the differences in the ponds’ specific conductivity and DO 

concentration and stratification in the summer along this flow path. The specific 

conductivity profiles in the engineered shallow ponds suggests differences in flushing 
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capacity between the low and high salt systems. In the low salt pond, specific conductivity 

decreased along the water column from the deepest middle point toward the surface at the 

outlet, indicating effective flushing (Figure 2.7a). Contrastingly, the high salt pond showed 

only slight surface flushing at the outlet (Figure 2.7b). The DO profiles in both ponds 

indicate insufficient flow to mix and oxygenate the bottom of the water column (Figure 

2.7c, d). For further details on the stratification conditions within the shallow ponds the 

specific conductivity and DO profiles for the depth transect during the sampling event can 

be found in Appendix A (Figure A.8 & A.9).  

 

 

Figure 2.7 Engineered shallow ponds flow transect contours - Summer 2024, a) the specific 
conductivity at depth in the shallow & low salt pond, b) the specific conductivity at depth in 
the shallow & high salt pond, c) the DO at depth in the shallow & low salt pond, d) the DO at 
depth in the shallow & high salt pond. Black points indicate the depth and the location 
along the flow transect of the measurements. Contours were created using Natural 
Neighbour in Surfer®. 
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The specific conductivity profiles in the naturalized deep ponds revealed distinct 

differences between the low and high salt systems. In the low salt pond, there was no proof 

that specific conductivity did not vary with flow direction or position relative to the inlet, 

though DO was slightly higher at both the inlet and outlet, indicating some influence of 

incoming and outgoing water (Figure 2.8a, c). In contrast, the high salt pond exhibited 

strong trapping of high specific conductivity water in the deepest zone, with flushing 

occurring only in the upper ~100 cm of the water column, likely due to the outlet sitting at 

that depth (Figure 2.8b). DO patterns were less affected by inlet and outlet flow, and high 

DO levels appeared more wind driven (Figure 2.8d). Together these patterns suggest that 

road salt accumulates at depth in deep ponds when the inlet and outlet structures are 

shallower than the deepest point, and that flow through the system is not the primary 

control on DO levels. For further details on the stratification conditions within the deep 

ponds the specific conductivity and DO profiles for the depth transect during the sampling 

event can be found in Appendix A (Figure A.10 & A.11). 
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Figure 2.8 Naturalized deep ponds flow transect contours - Summer 2024, a) the specific 
conductivity at depth in the deep & low salt pond, b) the specific conductivity at depth in 
the deep & high salt pond, c) the DO at depth in the deep & low salt pond, d) the DO at 
depth in the deep & high salt pond. Black points indicate the depth and the location along 
the flow transect of the measurements. Contours were created using Natural Neighbour in 
Surfer®. 

 

To capture the effects of winter-derived inputs and the resulting spring conditions on the 

spatial variation in specific conductivity and DO along each pond’s flow transect, the 

contours show the water quality variables measured in the spring for the engineered 

shallow ponds (Figure 2.9) and the naturalized deep ponds (Figure 2.10). The early April 

sample round, round 10, was chosen to visualize the differences in the ponds’ DO and 

specific conductivity levels and stratification in the spring along this flow path. The specific 

conductivity and DO profiles in the engineered shallow ponds show broadly similar 

patterns between the low and high salt systems, with a few key differences. The low salt 

pond was well mixed for both specific conductivity and DO (Figure 2.9a, c), indicating 

greater mixing in the spring then the summer.  The high salt pond also appeared more well 
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mixed for both specific conductivity and DO in the spring then the summer (Figure 2.9b, d), 

but there was a continuous stratified layer across the seasons at the bottom of the deepest 

location. For further details on the stratification conditions within the shallow ponds the 

specific conductivity and DO profiles for the depth transect during the sampling event can 

be found in Appendix A (Figure A.12 & A.13).   

 

 

Figure 2.9 Engineered shallow ponds flow transect contours - Spring 2025, a) the specific 
conductivity at depth in the shallow & low salt pond, b) the specific conductivity at depth in 
the shallow & high salt pond, c) the DO at depth in the shallow & low salt pond, d) the DO at 
depth in the shallow & high salt pond. Black points indicate the depth and the location 
along the flow transect of the measurements. Contours were created using Natural 
Neighbour in Surfer®. 

 

The specific conductivity and DO profiles in the naturalized deep ponds reveal distinctly 

different patterns between the low and high salt systems. The low salt pond’s contour 

shows a well mixed system along the flow transect and with depth for both specific 

conductivity and DO (Figure 2.10a, c), indicating greater mixing in the spring then the 
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summer. Contrastingly, the high salt pond shows strong stratification along the flow 

transect for both the specific conductivity and the DO (Figure 2.10b, d). As in the summer 

profiles, mixing does not extend below the outlet depth, but in the spring the inlet exhibits 

the higher, more strongly stratified specific conductivity, and stratification in the middle 

begins closer to the surface. The DO levels at the inlet and outlet are well mixed in the 

spring, similar to the low salt pond, yet the deepest location remains highly stratified with 

the bottom reaching near 0 mg/L. With pond turnover only extending to ~150 cm above the 

sediment, the stratification from the summer had remained and even reduced the mixed 

depth in the spring. For further details on the stratification conditions within the deep 

ponds the specific conductivity and DO profiles for the depth transect during the sampling 

event can be found in Appendix A (Figure A.14 & A.15). 

 

 

Figure 2.10 Naturalized deep ponds flow transect contours - Spring 2025, a) the specific 
conductivity at depth in the deep & low salt pond, b) the specific conductivity at depth in 
the deep & high salt pond, c) the DO at depth in the deep & low salt pond, d) the DO at 
depth in the deep & high salt pond. Black points indicate the depth and the location along 
the flow transect of the measurements. Contours were created using Natural Neighbour in 
Surfer®. 
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2.3.3 Variation in Water Chemistry and Redox Conditions among Ponds 

Overall, the data shows clear redox stratification was evident in the engineered shallow 

ponds during the GS, with nitrate & nitrite and Mn concentrations increasing or decreasing 

with depth depending on oxidation potential, while the naturalized deeper ponds showed 

more uniform profiles (Figure 2.11). Nitrate & nitrite concentrations were generally higher in 

the shallow ponds, with the greatest concentrations in the shallow & high salt pond that 

began declining halfway down the water column. Mn and Fe (II) exhibited classic redox-

controlled trends, with both metals increasing near the sediment where DO concentrations 

were low. These patterns were strongest in the shallow ponds and during the NGS, 

reflecting seasonal oxygen depletion and reduced redox potential. In the deep ponds, Fe (II) 

spikes at depth indicated localized low-energy zones, particularly in the deep & high salt 

pond, where concentrations rose sharply near the bottom during the GS. SO₄²⁻ 

concentrations were highest in the high salt systems and declined with depth, consistent 

with sulfate-reducing conditions. Seasonal variability was most evident in the shallow 

ponds, with generally higher SO₄²⁻ levels during the NGS, suggesting shifts in sulfur cycling 

linked to redox transitions. CH₄ profiles showed the strongest spatial and seasonal 

variability, with concentrations increasing with depth and peaking near the sediment, 

particularly in the deep & high salt pond during the GS. Shallow ponds displayed more 

variable CH₄ distributions, influenced by stratification strength and redox gradients. 

Elevated surface CH₄ concentration across all ponds suggests upward diffusion and 

accumulation at the air–water interface. Together, these profiles indicate that pond depth 

and salinity strongly modulate redox structure and biogeochemical gradients, with 

stratification during the GS driving vertical segregation of electron acceptors and 

enhancing concentrations of reduced species and CH₄ production near the sediment. 
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Figure 2.11. Depth profiles of redox reactive ions, Fe (II) and dissolved CH4 measured in the 
deepest point in each pond during the growing & nongrowing season, July 21-23 and 
October 10-24, 2024, respectively. Plots are ordered according to the typical redox cascade 
from high to low energy. 
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2.4 Discussion 
Understanding how engineered and naturalized SWMPs respond to urban contaminants is 

essential for improving water quality, reducing flooding impacts, providing urban aquatic 

habitats and upholding its biodiversity, refining carbon budgets, and guiding the future 

design of more resilient urban aquatic ecosystems. These systems were engineered or 

incorporated into our infrastructure to protect downstream environments, yet their internal 

conditions and ecological functions are increasingly shaped by the urban stressors they 

are meant to manage. Here we focus on the effect of road salt accumulation, as indicated 

by specific conductivity, on stratification and redox conditions in engineered and 

naturalized SWMPs in southern Ontario. Within a single continuous urban area, the ponds 

in this study exhibited specific conductivity values spanning an order of magnitude, 

reflecting a gradient of road salt exposure and containment (Figure 2.3 & Figure 2.4). This 

variation provided an opportunity to evaluate how elevated salinity from road salt inputs 

alter the internal structure and functioning of SWMPs designed and incorporated into our 

infrastructure as freshwater ecosystems for inland catchments. The findings clearly show 

that elevated salinity promotes strong and persistent stratification, supported by water 

quality profiles, redox potential measurements, and the calculated stratification index 

(Figure 2.3 - Figure 2.11).  

Holgerson et al. (2022) established a density gradient mixing threshold using a set of ponds 

across North America and Europe that had a range in density gradients from -0.5 – 6 kg m⁻³ 

m⁻¹, wherein ponds with water column density differences consistently above 0.287 kg m⁻³ 

m⁻¹ were considered intermittently or rarely mixed. Considering the ponds in the Holgerson 

et al. study were sampled during their peak stratification from June to August, if we 

compare the mean stratification indexes for the four ponds in this study during that same 

time period (shallow & low salt: 1.06, shallow & high salt: 2.12, deep & low salt: 0.640, deep 

& high salt: 0.697), all four ponds are consistently above the mixing threshold (Figure 2.5). 

These results indicate that not only are the ponds considered intermittently or even rarely 

mixed, but that chronic road salt loading from an urban watershed can amplify density 
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driven separation beyond what is expected compared to other ponds of similar depth and 

size, even when both the engineered and naturalized ponds are in relatively well-connected 

flow through systems. Elevated road salt levels appear to inhibit complete vertical mixing in 

the deepest regions of the engineered shallow pond, even during periods of large water 

inputs associated with spring melt and during expected thermally-driven turnover. 

Contrastingly, while the naturalized deep pond with low salt do not reach full vertical 

mixing, elevated salt levels can further suppress mixing at depth (Figure 2.3 & Figure 2.4). 

Overall, the stratification index effectively identifies systems with extreme stratification, 

though it is less sensitive for distinguishing mild to moderate road salt driven stratification 

in engineered or naturalized SWMPs, as observed in the deep & high salt pond, relative to 

expectations for typical freshwater systems. The data also showed that the water column 

stratification had consequences that extend beyond physical layering. The bottom waters 

of engineered and naturalized high-salt ponds consistently exhibited lower DO 

concentrations, even when total depth was less than 1 m (Figure 2.3 & Figure 2.4) or when 

inflow and outflow provided regular water movement (Figure 2.7 – Figure 2.10). Additionally, 

not only are the DO levels lowered and replenishment limited, but the conditions 

demonstrated that increased salinity limits vertical mixing and drives the engineered and 

naturalized ponds into an overall lower-energy state, altering redox zonation throughout the 

water column (Figure 2.11).  

As a result, the capacity of these engineered and naturalized systems to support 

biogeochemical processes such as balanced nutrient redistribution and removal can be 

severely hindered and diminished by the salinity stratified low oxygen levels (Craig & Zhu, 

2018; Kinsman-Costello et al., 2023; Sibert et al., 2015). For example, instead of being 

retained and mineralized in pond cycling as they would in a natural aquatic ecosystem, the 

nitrogen managed under high salt conditions can be released through desorption, 

microbial-plant competition, plant stress, microbial cell lysis, and sulphide accumulation 

(Kinsman-Costello et al., 2023; Steele & Aitkenhead-Peterson, 2013). This shift in nitrogen 

cycling results in higher concentration within the pond’s water column, as well as 

increased levels in the outflow into the natural and sensitive downstream ecosystems.  In 
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addition to the effects of salt on nitrogen adsorption and biogeochemical cycling, high 

ambient salt concentrations can also lead to the release of previously absorbed heavy 

metals (Nelson et al., 2009; Schuler & Relyea, 2018). As SWMPs are often designed for 

water quality improvement through contaminated sediment and harmful particulate 

retention, the addition of high levels of road salt could displace the elements sorbed to the 

sediments and may lead to enhanced transport of metals into the downstream waterways 

and the surrounding areas ecosystems. Another significant aspect or potentially harmful 

effect of the hypoxic conditions in SWMPs from road salt induced stratification is P 

remobilization through ion displacement, iron sorption, plant stress, and cell lysis 

(Kinsman-Costello et al., 2023). This P remobilization could lead to eutrophication within 

the ponds themselves and potential export downstream during flushing events 

(Radosavljevic et al., 2022). Given the ongoing concerns regarding the eutrophication of the 

Great Lakes and the need to preserve and protect watershed water quality in southern 

Ontario, the mobilization of nitrogen, phosphorus, and heavy metals from engineered and 

naturalized SWMPs into our natural waterways represents an important issue. If these 

systems release the accumulated contaminants through baseflow or overflow events, it 

could undermine the regional and provincial efforts to preserve water quality (ECCC & 

Canda Water Agency, 2018).    

The water quality effects of the low DO and high salinity are not the only negative impacts; 

another significant aspect of the road salt-induced hypoxic conditions is the effect to the 

GHG exchanges of the ponds. The downward shift in redox state creates low energy 

conditions that support CH4 production in the sediment and the bottom layers of the water 

column (Davidson et al., 2024; Dupuis et al., 2019; Radosavljevic et al., 2022). The 

reduction of oxic conditions within the pond water column also leads to less efficient 

organic matter decomposition leading to faster buildup of organic material with higher than 

typical lability in the pond sediment (Kaushal, Mayer, et al., 2014; Neubauer & Megonigal, 

2021; Price et al., 2023; Zhang & Furman, 2021). This build up creates the perfect breeding 

ground for GHG production and exchange, with the shallow water depths limiting the 

opportunity for impactful levels of denitrification and CH4 oxidation (Davidson et al., 2024; 
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Gorsky et al., 2019; Malyan et al., 2016, 2022). This shift in both redox potential and organic 

matter accumulation has serious impacts on the GHG cycling of engineered and 

naturalized SWMPs, which should be considered if these systems are to be part of climate 

change mitigation and resilience strategies (Warren & Lulham, 2021).   

These low oxygen and high salt conditions will also limit habitat use of the ponds. Although 

engineered SWMPs are not designed as habitat, loss of wetlands during urbanization (Birch 

et al., 2022) suggests that engineered SWMPs may be some of the only remaining aquatic 

habitat in urban areas, making their function as aquatic habitats a key consideration in 

their function. Firstly, the salt has serious effects on aquatic organisms by changing the 

osmotic balance between the organism and the surrounding environment, in particular on 

the early development stages of aquatic organisms (Findlay & Kelly, 2011; Keith et al., 

2025). Secondly, as sodium concentrations increase, there is a tendency to displace 

previously adsorbed ions such as Ca, K, and Mg; heavy metals such as Pb; or organic 

molecules from charged binding sites on clay minerals, thus releasing important nutrients, 

metals, or other elements/compounds into the water column (Haq et al., 2018; Kinsman-

Costello et al., 2023; Malyan et al., 2021; Nelson et al., 2009). Therefore, any soil process 

linked to these compounds or any organisms susceptible to toxic effects may be negatively 

affected. 

These findings emphasize that the functional stability of engineered and naturalized 

SWMPs cannot be assumed under increasing anthropogenic stress. If SWMPs are to be 

treated as systems that improve water quality, provide urban aquatic habitat, and cycle 

carbon, their design and management must account for how these systems actually 

function under urban conditions rather than how they were originally intended to perform 

(Alikhani et al., 2021). Elevated salt concentrations fundamentally change the physical and 

chemical environment, altering microbial metabolism and reducing the engineered and 

naturalized ponds’ intended abilities, such as sustaining natural ecological function, 

processing nutrients, or mitigating carbon release. This recognition prompts a broader 

question about the role and value of these systems: should stormwater ponds be viewed 

solely as engineered basins designed to contain contaminants and protect downstream 
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ecosystems, or as ecosystems themselves—worthy of conservation and restoration? 

Balancing these perspectives requires reconsidering how we define “nature” within urban 

environments and how we prioritize among water quality, carbon cycling, and habitat 

health. As climate change and urbanization continue to intensify, finding this balance—

between containment and care, between designed performance and ecological integrity—

will be central to building effective, sustainable stormwater management strategies. 

 

2.5 Conclusion 
The water quality variables, stratification indices, and redox sampling results collectively 

indicate that both engineered shallow and naturalized deep ponds are affected by the 

addition of road salt in urban SWMPs. Spatial and temporal analyses of temperature, 

specific conductivity and DO show that, while thermal stratification occurs naturally in low 

salinity systems, elevated salinity amplifies stratification, reducing overall mixing and 

disrupting key seasonal processes such as spring turnover in both engineered and natural 

high salinity systems. The stratification index further demonstrates that engineered shallow 

ponds in extremely high salinity systems exhibit markedly different physical layering 

compared to low salinity counterparts. Redox sampling results revealed that engineered 

shallow and naturalized deep low salt ponds experience redox stratification at depth that is 

sensitive to seasonal changes and external inputs, whereas engineered shallow and 

naturalized deep high salt ponds display pronounced vertical stratification of redox 

sensitive elements that is less responsive to seasonal variability, particularly in ponds with 

extremely high salt concentrations. This enhanced stratification leads to larger areas of 

permanently anoxic water and greater portions of the sediment residing under anoxic 

conditions, with significant consequences for aquatic ecosystem health and carbon 

cycling within both the water column and sediment layers. 
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Chapter 3: Greenhouse Gas Emissions from Salt 

Impacted Stormwater Management Ponds in Southern 

Ontario   

3.1 Introduction 

Wetlands are ecosystems where the primary factor controlling the system, including the 

plant and animal life, is water; they occur where the water table is at or near the surface of 

the land or where the land is at least partially or temporarily covered in water (Ramsar 

Convention Secretariat, 2016). The presence of water promotes systems that are low in 

oxygen, reducing organic matter decomposition rates and making them important systems 

for carbon storage. However, these low oxygen conditions also result in the production of 

the greenhouse gases (GHG) methane (CH4), and when nitrogen is abundant, nitrous oxide 

(N2O). Nonetheless, wetlands are often GHG sinks over the long term, storing carbon for 

decades to millennia, and have been identified as potential nature-based solutions to 

climate change (Alikhani et al., 2021; Neubauer & Megonigal, 2021; Ontario Ministry of the 

Environment, 2003; Ruane et al., 2025). Wetlands also store and filter the water that enters 

them through sedimentation and are key providers of biodiversity and habitat for a large 

range of plant and animal life (Hotte et al., 2011). They are vital ecosystems to the 

Canadian landscape and its watersheds, providing key ecohydrological, biogeochemical, 

and biodiversity services (Neubauer & Megonigal, 2021; Price et al., 2023; Ramsar 

Convention Secretariat, 2016). Despite these benefits, wetlands have been continuously 

lost in Canada, and in particular in southern Ontario where an estimated 68% of wetland 

area been lost due to agricultural drainage and removal during urban development (Byun et 

al., 2018; Penfound & Vaz, 2022). In many urban areas, these wetlands have been directly 

or indirectly replaced with stormwater management ponds (SWMPs) (Birch et al., 2022).  

Replacing wetlands with ponds during urban development by be effective for flood 

mitigation but may have other environmental consequence. Water bodies > 10 ha, the size 
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that is considered a pond, make up 27% of terrestrial water bodies in the world, but are 

reported to be responsible for emitting 50% of carbon dioxide (CO2) and 88% of CH4 

emitted by all terrestrial waterbodies (Holgerson & Raymond, 2016; Richardson et al., 

2022). Ponds are influential GHG emitters despite their size, so by replacing pre-

development wetlands with SWMPs, we are not only shifting the ratio of wetland types 

within an area, therefore impacting habitat availability (Birch et al., 2022; Keith et al., 

2025), we are often replacing it with a naturally high GHG emitting system. When you also 

consider that artificial waterbodies and urban ecosystems have shown higher per-area 

emissions then natural waterbodies of the same size and type, we are potentially creating 

systems that are not performing the functions and services of the preexisting wetlands 

(Grinham et al., 2018). Urban wetlands and SWMPs are valuable systems, yet their carbon 

cycling and GHG exchanges relative to natural wetlands is still not well understood, 

particularly in Canadian SWM systems (Herrero Ortega et al., 2019; Peacock et al., 2019; 

Withanage, 2025). While urban wetlands and SWMPs share the same nutrient cycling 

processes as natural systems, the elevated nutrient and contaminant load they receive 

through their urban catchment stormwater alters key biogeochemical conditions. As a 

result, the governing reactions differ from those in natural systems, leading to changes in 

CH4, CO2, and N2O emissions (Badiou et al., 2019; Grinham et al., 2018; Kinsman-Costello 

et al., 2023; Malyan et al., 2021, 2022; Peacock et al., 2019).  

To begin to understand how the urban environment shifts ponds conditions and affects 

GHG exchange and carbon cycling, we need to consider the predominant contaminants 

within SWM ponds and what effect they may be having. In southern Ontario’s temperate 

climate, road salt is often applied to roads and parking lots during winter to prevent ice-

related accidents. In 2019, over 4.2 million tonnes of solid salt were used across Canada 

(ECCC, 2023b). While necessary for road safety in the winter, much of this salt is 

transported via runoff into SWMPs, where it can accumulate or discharge downstream 

(Kaushal et al., 2022; Snodgrass et al., 2017). Elevated salinity enhances density driven 

stratification (Loewen & Jackson, 2024), reducing vertical mixing and oxygen 

replenishment within a pond (Chapter 2). This promotes dissolved oxygen (DO) depletion 
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and creates zones of accelerated redox progression, maintaining low energy conditions 

and providing greater opportunities for CH4 production and exchange (Dupuis et al., 2019).  

To effectively use urban wetlands and ponds for stormwater management while also 

benefitting from other ecosystem services they could provide, we must quantify their GHG 

emissions and understand driving processes. This will allow us to strategically select 

wetland designs that perform well under different chemical inputs and minimize GHG 

emissions. With ongoing urban growth in southern Ontario, such knowledge is critical for 

sustainable and informed development (Audet et al., 2020; Birch et al., 2022).  

With climate change driving more extreme weather, maintaining reliable and resilient SWM 

infrastructure has become increasingly critical. SWMPs not only protect water quality and 

reduce flooding but may also contribute maintaining urban wetland habitat and 

biodiversity within city ecosystems. However, there remains a significant gap in knowledge 

regarding the GHG controls in road salt impacted SWMPs. Therefore, this research aims to 

address that gap by understanding and identifying the biogeochemical and 

physicochemical controls of the GHG emissions from road salt impacted SWMPs in 

Southern Ontario. The specific objectives of this study are to: (1) determine if a high salt 

content impacts the GHG emissions from both shallow and deep SWMPs, (2) determine if 

the sample location within a pond impacts the measured GHG emissions and (3) 

determine environmental conditions that explain variation in GHG emissions within and 

among SWMPs of varying depth and salinity. These results can be used to 

advance smarter and more sustainable urban stormwater management design and 

maintenance. 

 

3.2 Methods 

3.2.1 Site Selection & Study Design 

Research was conducted in SWMPs located in Kitchener (43° 27´ 11˝N, 80° 29´ 42˝W) 

and Waterloo (43° 29´N, 80° 31´W) Ontario, two cities undergoing continuous urban 
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growth and development. The study was conducted across four ponds: with low/high 

water salinity orthogonal to low/high water depth to ensure both variables, water depth 

and salinity and their interaction were considered. In May 2024, 24 ponds were selected 

based on descriptions provided by the municipalities and were visited to determine depth 

and electrical conductivity (EC). Ponds were chosen for the present study to minimize 

differences in depth and maximize difference EC within each depth category (Table 2.1). 

During the main sampling period in 2024 the shallow & low salt pond had a maximum 

specific conductivity of 730 µS/cm, the shallow & high salt pond had a maximum specific 

conductivity of 7500 µS/cm, the deep & low salt pond had a maximum specific 

conductivity of 970 µS/cm, and the deep & high salt pond had a maximum specific 

conductivity of 2750 µS/cm. The shallow ponds are highly designed and engineered 

systems with pipe inlets and outlet control structures, and the deep ponds consist of a re-

naturalized open-water wetland connected to a creek during mid to high flow conditions, 

and a natural pond integrated into the city’s stormwater network, representing the low-

salinity and high-salinity ponds, respectively.  

Within each pond two sampling transects were identified, one from the inlet to the outlet 

(flow transect), and another from the deepest point to the nearest shore (depth transect) 

(Figure 2.1). The transect following the pond’s flow had three sampling locations, and the 

transect following the pond’s depth had three to four sampling locations, depending on the 

size of the pond. The two transects shared one location, the deepest location for the depth 

transect and the middle or the outlet for the flow transect. The sampling locations were 

then categorized as inlet, outlet, shoreline, and the remaining locations as main pond for 

statistical analysis of within pond differences (Figure 3.1, Figure B.1 – B.3, Figure A.1 – A.3). 

The ponds underwent sampling throughout the ice-free period: twice a month from June to 

August (peak microbial activity), once a month from September to November (less 

microbial activity due to cooler temperatures), and finally three times in the spring 

(transition of microbial activity due to warming temperatures) for a total of 12 sampling 

rounds.  
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Figure 3.1. Site Selection - Deep & Low Salt Pond illustrating GHG emission sampling 
locations. No measurements were made at the pond features locations. 

 

3.2.2 Pond Water Quality 

Pond water quality was measured using a handheld ProQuatro YSI probe equipped with 

sensors for temperature, pH, conductivity/specific conductivity, and DO. These variables 

were measured at each sampling location on each measurement date at depths of 10 cm, 

20 cm, 40 cm, 60 cm, 80 cm, 100 cm, 150 cm, 200 cm, 250 cm, 300 cm, 350 cm, and 10 

cm above the sediment. At locations shallower than 350 cm, measurements were made 

from the surface following this depth pattern until 10 cm above the sediment was reached 

(Figure 2.2). Prior to each sampling campaign the YSI was calibrated according to 

manufacturer instructions (606962-ProQuatro-User-Manual-English.Pdf, n.d.).  
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3.2.3 Greenhouse Gas Fluxes 

A closed dark floating chamber (Figure 3.2) was used to measure GHG fluxes (Gorsky et al., 

2019). The chamber was constructed from an inverted plastic bucket, supported by 

styrofoam floats cut to fit flush to the bucket, and was equipped with two valves for the 

inlet and outlet tubes and a Type-K thermocouple to monitor chamber air temperature. The 

tubes were then connected to a portable greenhouse gas analyser (LICOR, LI7810 for CO2 

and CH4, LI7820 for N2O) to measure the GHG flux. Measurements were taken over a five-

minute period at each of the sampling profile locations within each pond. The 

accumulated GHG concentrations over five minutes at each location was used to 

calculate the flux for each gas as shown in Equation 1.  

 

Equation 3.1 

𝐹𝐸 =
∆𝐶

∆𝑡
×𝑀 ×

1

22.414
×
𝑉

𝐴
× 𝑇 × (86400) ×

1

103
 

 

The equation converts the change in concentration of each gas into a mass per area per 

time. FE is the GHG flux (mg/m2/day), ∆C is the change in gas concentration from the start 

to the end of the quality controlled chamber closure period (ppm; µmol/mol), ∆t is the time 

interval of the chamber closure, V is the temperature corrected volume of the chamber’s 

headspace, A is the surface area of water enclosed by the chamber, T is the average 

chamber temperature during the flux measurement, and M is the molar mass of the 

considered gas (CO2: 44 g/mol, CH4: 16 g/mol, N2O: 44 g/mol). The conversion factor of 

86400 is used to convert seconds to days, 1/103 is used to convert µmol to mg, and 22.414 

is the molar volume of an ideal gas at 1 atm of pressure at 0 °C.  

Quality control of the concentration data collected during the GHG flux measurements 

was completed using the PEDRO software (Newton et al., 2025). The concentration data 

was trimmed to include the period when the chamber was sealed with the surface of the 
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water and the linear change in concentration was clearly visible. CH4 ebullition was 

apparent as rapid shifts in concentration that varied from the steady increase in 

concentration during the chamber closure. Contribution of ebullition to GHG emissions 

within the flux was determined by calculating the flux accounting only for chamber sealing 

(i.e., the average slope determined from the concentration change from closure to end of 

chamber flux) and subtracting the flux calculated based on the slope of only the steady 

concentration increase. This provided us with what is thought of as the diffusive flux 

(steady slope only) as well as the ebullition flux for each sample. This method occasionally 

produced near zero or slightly negative values for the CH4 ebullition emissions due to minor 

measurement variation and natural flux irregularities; however, these deviations were 

consistent across all flux calculations and are retained in the dataset.  
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Figure 3.2. The floating chamber used to measure the different GHG fluxes on the pond’s 
water surface.  

 

3.2.4 Dissolved Gas Concentration 

Dissolved CH4 and N2O concentrations were measured at each sampling location and 

depth along the water column for the entire sampling period, with the exception of CH4 in 

three ponds in late August 2024 and for N2O in all ponds in late August 2024 and spring 

2025, using the headspace equilibration method (Peacock et al., 2019). The water used for 

the headspace was collected with vinyl tubing connected to a manual syringe pump and a 

four-way stopcock. The tubing had an inner diameter of ¼”, a length of 5 m (vol ~ 160 mL), 

and was attached to the outside of the YSI probe with one opening in line with the sensor 
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heads and the other connected to the four-way stopcock in the boat. 60 mL syringes were 

used to flush the tubing three times (vol ~ 180 mL) before each sample is taken to purge the 

tubing of the previous water and to rinse the tubing with the water at the current sample 

depth. The samples were then pulled up using the 60 mL syringes from the YSI water 

variable specified depths, excluding the intervals 10 cm below the surface and 10 cm 

above the sediment. The syringe was filled up to 30 mL with sample water and 30 mL of 

ambient air. The syringe was then vigorously shaken for 180 seconds, and the headspace 

was transferred to an appropriate cleaned and pre-evacuated glass vial (Exetainer, Labco 

Ltd., UK). Finally, the collected headspace gas samples were analysed by injecting a set 

volume, 10 mL, into a GHG analyser (LICOR, LI7810 for CH4, LI7820 for N2O) with the signal 

compared to a series of known standards (1, 5, 50, 1000 ppm and 0.0890, 1, 2 ppm, 

respectively) to measure the headspace GHG concentration. Quality control of the 

headspace concentration data was completed using the PEDRO software (Newton et al., 

2025). The headspace concentration data was trimmed to the injection time and when the 

concentration peak is clearly visible. The PEDRO software then calculated the 

concentration of the injected samples by taking the area under the curve of the flux peaks 

and using the established volume, determined the CH4 concentration of the headspace 

sample. Any concentrations that resulted in a headspace concentration less than zero 

were removed.  

The dissolved CO2 samples were excluded from this thesis because the gas analyser 

consistently assigned errors values to the CO2 concentration of the injected samples due 

to interference from the high CH4 concentration in the samples. As a result, the remaining 

valid dissolved CO2 data was insufficient to provide meaningful insight into the pond 

conditions and was therefore excluded from the analysis.     

 

3.2.5 Data Analysis 

Prior to statistical analysis, the CH4 fluxes were natural log transformed, ln for diffusive and 

total fluxes and ln + 0.05 for the ebullitive fluxes, to improve the normality of the samples. 
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The N2O fluxes were also natural log transformed, ln + 5, to normalise the samples and 

account for negative values.  

Differences in GHG emissions between ponds and the GHG sample location (i.e., inlet, 

outlet, main pond, shoreline) were determined using a linear mixed effects (LME) model 

using the package nlme (Pinheiro et al., 2025). For each GHG, the effect of pond identity 

(i.e., shallow & low salt, shallow & high salt, deep & low salt, deep & high salt) and general 

sample location within the pond and their interaction were included as fixed effects and 

specific sampling locations was included as a random effect to account for repeated 

measures throughout the sampling period.  

To understand whether a high salt content stratified the water column within a pond and 

created a thicker anoxic section, the density gradient of each sample location for each 

sampling event was calculated based on the method in Holgerson et al. (2022) to 

determine if and how much the ponds and sample locations were physically stratifying 

themselves. Temperature, electrical conductivity (converted to salinity), and air pressure 

data from weather stations were used to calculate water density at each sampled depth. 

Salinity was determined using the gsw (CRAN: Package Gsw, n.d.) package in R, and 

density was calculated using the rLakeAnalyzer (Winslow et al., 2019) package. The density 

gradient (kg m⁻³ m⁻¹), also known as the stratification index, was computed as the 

difference between the top and bottom layer densities divided by the distance between 

them.  

The effect of stratification indexes for explaining variation in GHG fluxes across the ponds 

was determined using the LME model (Pinheiro et al., 2025). For each GHG, the effect of 

pond identity, stratification index, and their interaction were included as fixed effects and 

the specific sampling locations was included as a random effect to account for repeated 

measures throughout the sampling period. If the interaction was significant (p < 0.05) then 

the trends of each pond were determined using the emmeans (Lenth, 2025) package, a 

pairwise comparison was then used to determine significant differences between slopes 

(R Core Team, 2023), and the regression line of each pond was plotted and its conditional 
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R2 and marginal R2 (R2m) determined. If the interaction between pond and stratification 

index was not significant then the pond identity was removed as a fixed effect, and the LME 

was rerun. If the new model showed that stratification index was significant then the 

regression for the stratification index was plotted. The stratification index models were 

included because this metric is widely used as an indicator of mixing capacity (Holgerson 

et al., 2022; Chapter 2), making it useful for evaluating its influence both within the study 

design—where ponds were selected to span a gradient in specific conductivity associated 

with road salt—and on pond water columns more broadly.  

The headspace gas concentrations measured using the GHG analyser described in the 

Section: 3.2.4 were converted to dissolved gas concentrations using the neonDissGas 

(Cawley, 2007) package in R. The dissolved gas concentrations measured along the water 

column for each pond had their dissolved CH4 and N2O concentrations averaged and 

summed, with the mean, standard deviation, minimum value, maximum value, and range 

determined. This was done to show the descriptive statistical values of the dissolved 

concentrations at each depth as well as the average integrated concentration along the 

water column in each pond.  

In order to explore how water quality and physical variables within the ponds collectively 

affected GHG emissions a redundancy analysis (RDA) was conducted using the vegan 

package (Oksanen et al., 2025) in R. Environmental variables for the topmost water column 

layer and bottommost water layer were included alongside pond depth. For water 

variables, temperature, pH, DO, specific conductivity, sediment depth, dissolved CH4, and 

dissolved N2O were included. Response variables included CO2 fluxes, diffusive CH4 

fluxes, ebullitive CH4 fluxes, and N2O fluxes. Prior to performing the RDA, all variables were 

standardized using the scales function (Wickham et al., 2025), and the dataset was 

cleaned so that any sample event missing data was removed. This resulted in the removal 

of sampling conducted in late August 2024 and spring 2025 due to missing dissolved CH4 

and dissolved N2O values. The model was constructed with forward selection using the 

ordistep command in vegan and a p value of 0.05 to enter the model and 0.10 to be 

removed from the model.  
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3.3 Results 

3.3.1 Environmental Conditions 

The engineered and naturalized ponds differed in environmental variable values, as seen in 

the measured in-situ environmental descriptive statistics per pond across all sampling 

location for the top and bottom depths, with the mean shown in Table 3.1, with further site 

and statistical details found in Appendix B (Table B1).  

 

Table 3.1. Summary mean of environmental variables at the top and bottom of the water 
columns across all sample locations of each pond. 

  

Shallow & 
Low Salt  

Shallow & 
High Salt  

Deep & Low 
Salt  

Deep & High 
Salt  

Parameter Depth     
Water Column 

Depth (m)  0.89 (0.19) 0.96 (0.20) 2.06 (0.86) 2.12 (1.18) 

Temperature (°C) 
10 cma 17.88 (6.59) 17.19 (6.44) 18.26 (5.87) 19.48 (5.89) 
10 cm asa 16.12 (4.85) 15.61 (4.78) 15.88 (5.13) 16.35 (5.85) 

DO (mg/L) 
10 cm 10.44 (4.21) 13.42 (3.73) 7.65 (2.51) 8.76 (2.6) 
10 cm as 7.34 (5.81) 7.03 (5.69) 5.53 (4.23) 4.59 (3.88) 

pH 
10 cm 8.62 (0.55) 8.15 (0.35) 8.1 (0.33) 8.41 (0.42) 
10 cm as 8.1 (0.56) 7.54 (0.52) 7.74 (0.35) 7.67 (0.59) 

EC (us/cm) 
10 cm 726.44 

(175.71) 
4208.46 
(867.07) 

849.85 
(197.22) 

1380.15 
(267.11) 

10 cm as 771.25 
(145.96) 

5625.1 
(2381.59) 

876.18 
(186.87) 

1765.29 
(745.86) 

Dissolved CH4 
(µmol/L) 

Shallowb 13.2 (2.69) 72.1 (56.5) 3.13 (0.155) 3.82 (2.73) 
Deepb 81.8 (127) 143 (145) 19.7 (41.4) 37.1 (63.4) 

Dissolved N2O 
(µmol/L) 

Shallow 0.0139 
(0.0297) 

0.124 
(0.0569) 1.81 (3.40) 

0.0052 
(0.00447) 

Deep 0.467 (2.24) 1.26 (4.12) 1.81 (3.40) 1.05 (3.63) 
Stratification Index       

(kg m⁻³ m⁻¹)  
0.78 (1.23) 1.54 (1.70) 0.35 (0.36) 0.48 (0.40) 

a “10 cm” refers to 10 cm below the water surface and “10 cm as” refers to 10 cm above the sediment layer.  
b “Shallow” refers to the shallowest valid dissolved gas sample for the water column and “Deep” refers to 
the deepest valid dissolved gas sample for the water column.    
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3.3.2 Dissolved CH4 and N2O Concentrations 

The total integrated CH₄ concentrations were highest in the shallow & low salt pond with a 

mean of 3230 µmol/L and lowest in the shallow & high salt pond with a mean of 833 µmol/L 

(Table 3.2). Average integrated CH₄ concentrations were an order of magnitude lower, with 

a mean of 4.13 µmol/L in the shallow & high salt pond to a mean of 30.7 µmol/L in the deep 

& low salt pond. Total N₂O concentrations were greatest in the shallow & high salt pond 

with a mean of 105 µmol/L and lowest in the deep & high salt pond with a mean of 22.3 

µmol/L (Table 3.2). Average integrated N₂O concentrations were smaller, with the means 

ranging from 0.286 µmol/L in the deep & high salt pond to 0.559 µmol/L in the shallow & 

high salt pond. 

 

Table 3.2. Water column integrated (Total) and sample depth (Average) dissolved CH4 and 
N2O concentration descriptive statistics (Standard Deviation: SD, Minimum: Min, 

Maximum: Max) across all locations per pond.   

Porewater Statistic Shallow & 
Low Salt 

Shallow & 
High Salt  

Deep & 
Low Salt 

Deep & 
High Salt 

CH4 µmol/L 
Total 

Mean 3230 833 2930 681 
SD 5810 1140 3920 1340 
Min 5.09 20.5 22.7 53.3 
Max 24100 5130 18500 7090 
Range 24094.91 5109.5 18477.3 7036.7 

CH4 µmol/L 
Average 

Mean 11.8 4.13 30.7 7.92 
SD 17.7 4.28 34.0 14.1 
Min 0.0848 0.341 0.473 0.834 
Max 74 20.3 137.5 70 
Range 73.92 20.26 136.53 70.07 

N2O µmol/L 
Total 

Mean 68.4 105 34.7 22.3 
SD 242 323 94.1 70.6 
Min 0.0352 0.305 0.555 0.270 
Max 1260 1620 519 283 
Range 1259.96 1619.7 518.5 282.73 

N2O µmol/L 
Average 

Mean 0.430 0.559 0.407 0.286 
SD 1.23 1.47 1.10 0.927 
Min 0.000705 0.00508 0.00965 0.00310 
Max 5.08 5.80 5.96 4.16 
Range 5.08 5.79 5.95 4.16 
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3.3.3 Greenhouse Gas Exchange 

The summary statistics for the diffusive CH4 fluxes, ebullitive CH4 fluxes, total CH4 fluxes, 

CO2 fluxes, and N2O fluxes measured from June 2024 to May 2025, with a pause in 

sampling over the 2025 Winter season, at every sample location per pond can be found in 

Table 3.3.  

 

Table 3.3. Pond flux descriptive statistics (Standard Deviation: SD, Minimum: Min, 
Maximum: Max) across all locations per pond.   

Flux Statistic Shallow & 
Low Salt 

Shallow & 
High Salt  

Deep & 
Low Salt 

Deep & 
High Salt 

CH4 Diffusive Flux (mg CH4/m2/d) 

Mean 101.3 200.8 33.7 59 
SD 156.5 684.1 40.5 75.3 
Min 6.5 7.7 2.8 0.8 
Max 1038.1 5193.4 267 348.6 
Range 1031.6 5185.6 264.2 347.8 

CH4 Ebullitive Flux (mg CH4/m2/d) 

Mean 357.8 642.3 161.1 304.9 
SD 686.6 1444.5 588.3 802.3 
Min -42 -4.3 -13.7 -6.5 
Max 3329.5 8927.5 2926.9 4792.5 
Range 3371.5 8931.8 2940.6 4799 

CH4 Total Flux (mg CH4/m2/d) 

Mean 459.1 843 194.8 363.9 
SD 786.3 1658.3 608.4 825.2 
Min 8.9 8.3 3.2 1.4 
Max 4367.6 9098.4 3194 5108.8 
Range 4358.7 9090.2 3190.8 5107.4 

CO2 Flux (g CO2/m2/d) 

Mean 0.0516 1.8724 3.4593 1.6981 
SD 3.1676 2.4882 2.8758 3.3463 
Min -5.6450 -6.4310 0.1383 -2.0290 
Max 14.4736 10.6308 14.9813 11.9117 
Range 20.1185 17.0618 14.8430 13.9406 

N2O Flux (mg N2O/m2/d) 

Mean 0.2381 1.5139 0.3956 -0.0816 
SD 0.3364 1.1524 0.6001 0.3028 
Min -0.4561 0.1988 -1.0293 -1.9027 
Max 1.2090 6.0000 2.1793 0.5664 
Range 1.6651 5.8012 3.2086 2.4691 
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3.3.3.1 Methane 

Both diffusive and ebullitive CH₄ fluxes were consistently higher in the engineered shallow 

ponds (Table 3.3). The shallow & high salt pond had the largest diffusive, followed by the 

shallow & low salt pond. The naturalized deep ponds had substantially lower diffusive 

fluxes in comparison. Ebullition fluxes showed the same pattern, with the shallow & high 

salt pond having the highest fluxes, the shallow & low salt pond being intermediate, and 

the deep ponds much lower values. This combination of diffusive and ebullitive fluxes 

resulted in the total CH4 fluxes being greatest in the engineered shallow & high salt pond, 

moderate in the engineered shallow & low salt pond, and the lowest in the naturalized 

deep ponds. CH4 fluxes varied widely across all ponds and sampling campaigns (Table 

3.3), with ebullition accounting for 76% to 84% of total emissions (Table 3.4). For further 

information on the CH4 flux patterns over the entire study period per pond, see Appendix B 

(Figure B.4).  

 

Table 3.4. Sum of ebullition contribution to the sum of total pond CH4 fluxes. 

Flux Shallow & 
Low Salt 

Shallow & 
High Salt  

Deep & 
Low Salt 

Deep & 
High Salt 

Ebullition CH4 
(g CH₄ m⁻² d⁻¹) 21 38 10 22 

Total CH4 
(g CH₄ m⁻² d⁻¹) 28 50 12 26 

Ebullition % 78 76 83 84 
 

The LME model for the log transformed diffusive CH4 fluxes revealed a significant effect of 

pond, indicating the fluxes differed primarily with pond depth and salinity (Figure 3.3a). 

There was no significant effect of sampling location or the interaction between pond and 

sampling location (Table 3.5). The engineered shallow ponds had higher fluxes than the 

naturalized deep ponds, and the high salt ponds emitted more CH4 than their low salt 

counterparts, with a significant difference between the ponds (Figure 3.3). There was also 

a significant effect of pond for CH4 emission via ebullition, with no effect of sampling 

location or its interaction with pond (Figure 3.3b, Table 3.5). Similar to the diffusive fluxes, 
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the shallow & high salt pond showed the highest emissions, indicating that sediment CH4 

production is influenced by both pond depth and salinity related stratification. Similar 

results were observed for total CH4 fluxes where only a significant effect of pond was 

observed (Figure 3.3c). The engineered shallow ponds consistently emitted more CH4 than 

the naturalized deep ponds, and high salinity conditions amplified these emissions. 

Table 3.5 LME model outputs for the GHG Fluxes ~ Pond x Sampling Location.  

Diffusive CH4 Flux ~ Pond * Sampling Location 
  numDF denDF F-value p-value 
Intercept 1 230 901.6918 <0.0001 
Pond 3 230 11.3217 <0.0001 
Sampling Location 3 230 0.8686 0.4581 
Pond x Sampling Location 9 230 1.0677 0.3876 

     

Ebullitive CH4 Flux ~ Pond * Sampling Location 
  numDF denDF F-value p-value 
Intercept 1 230 277.3630 <0.0001 
Pond 3 230 6.4206 0.0003 
Sampling Location 3 230 0.7901 0.5005 
Pond x Sampling Location 9 230 1.5528 0.1236 

     

Total CH4 Flux ~ Pond * Sampling Location 
  numDF denDF F-value p-value 
Intercept 1 230 334.3945 <0.0001 
Pond 3 230 11.0634 <0.0001 
Sampling Location 3 230 1.8146 0.1452 
Pond x Sampling Location 9 230 0.9378 0.4930 

     

CO2 Flux ~ Pond * Sampling Location 
  numDF denDF F-value p-value 
Intercept 1 230 89.3786 <0.0001 
Pond 3 230 13.2444 <0.0001 
Sampling Location 3 230 3.0707 0.0286 
Pond x Sampling Location 9 230 0.8581 0.5635 

     

N2O Flux ~ Pond * Sampling Location 
  numDF denDF F-value p-value 
Intercept 1 230 27479.1420 <0.0001 
Pond 3 230 70.9790 <0.0001 
Sampling Location 3 230 0.5910 0.6213 
Pond x Sampling Location 9 230 0.6350 0.7662 
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Figure 3.3 Boxplots depicting the diffusive CH4 (a), ebullitive CH4 (b), and total CH4 (c) at the 
GHG exchange sample locations across the ponds. Ponds are significantly different from 
each other if they share no letters in common, Results from the LME model can be found in 
Table 3.5.  
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3.3.3.2 Carbon Dioxide 

CO2 fluxes were higher in the naturalized deep ponds, particularly in the deep & low salt 

pond, which showed the largest mean flux (Table 3.3). In contrast, the engineered shallow 

& low salt pond had the lowest mean flux, while the engineered shallow and deep high salt 

ponds displayed intermediate fluxes, respectively. The LME model for the CO2 fluxes 

revealed a significant effect of pond and sample location, but not the interaction between 

them indicating that the effect of location was consistent across ponds (Figure 3.4) (Table 

3.5). In general, CO2 fluxes were highest at the inlet, declining in the main pond and outlet 

and were lowest near the shoreline. Although the overall effect of sample location was 

statistically significant, the pairwise comparison showed no significant differences 

between individual locations. This indicates that while variability among locations 

contributed to the model’s overall variance structure, no single location had consistently 

higher or lower CO2 fluxes that were statistically distinct after Tukey adjustment. Across 

the ponds CO2 emissions were highest at the deep & low salt pond that was significantly 

higher than the shallow & high salt pond, which was significantly higher than the shallow & 

low salt pond, which was often a CO2 sink; the deep & high salt pond had intermediate 

fluxes and was statistically similar to all other ponds (Figure 3.4). For further information 

on the CO2 flux patterns over the entire study period per pond, see Appendix B (Figure B.5). 
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Figure 3.4 Boxplot depicting the CO2 fluxes at the GHG exchange sample location across 
the ponds. Ponds are significantly different from each other if they share no letters in 
common. Results from the LME model can be found in Table 3.5. 

 

3.3.3.3 Nitrous Oxide 

N₂O fluxes were low and highly variable across the ponds (Table 3.3). The engineered 

shallow & high salt pond showed the highest mean flux, while the naturalized deep & high 

salt pond exhibited a slightly negative mean flux. The engineered shallow and naturalized 

deep low salt ponds had moderate positive mean fluxes. The LME model for the N2O fluxes 

revealed a significant effect of pond with no effect of sampling location or its interaction 

with pond identity (Figure 3.5)(Table 3.5). The difference in N2O fluxes do not appear to be 

directly related to salinity, as the deep & high salt pond exhibited the lowest N₂O 

emissions, while the shallow & high salt pond had the highest. For further information on 

the N2O flux patterns over the entire study period per pond, see Appendix B (Figure B.6). 
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Figure 3.5 Boxplot depicting the N2O fluxes at the GHG exchange sample location across 
the ponds. Ponds are significantly different from each other if they share no letters in 
common. Results from the LME model can be found in Table 3.5.  

 

3.3.4 Environmental Controls on GHG Exchange 

The effect of salinity induced stratification on GHG flux variation was evaluated using the 

stratification index for each flux measurement (Table 3.6). The LME model for the diffusive 

CH4 fluxes revealed that the interaction of pond and stratification index was significant, 

with the deep & low salt pond the sole pond demonstrating explanatory power (Table 

3.6)(Figure 3.6 a). Pairwise comparisons of the diffusive CH4 stratification slopes showed 

that only one pond differed significantly. The deep & low salt pond had a significantly 

different, steeper, trend compared to both shallow ponds (p < 0.018) and differed 

significantly from the deep & high salt pond (p = 0.0357). All other contrasts were non-

significant (p > 0.90), indicating that most ponds exhibited similar diffusive CH4 

stratification relationships, with the primary differences driven by the deep & low salt 

pond.  
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The LME model for the ebullitive CH4 fluxes when incorporating the fixed effect of pond 

identity, showed no significance for the stratification index, however when the fixed effect 

was removed the LME revealed that stratification index had a significant amount of the 

statistical power for total CH4 fluxes across all ponds with little explanatory power (Table 

3.6) (Figure 3.6b). Similarly, when the pond identity fixed effect is considered the 

stratification index showed no significance, but when it was removed the LME showed that 

stratification index had a significant amount of the statistical power for total CH4 fluxes 

across all ponds with little explanatory power (Table 3.6) (Figure 3.6c). Therefore, for both 

ebullitive and total CH4 fluxes the differences amongst the ponds explained greater 

variation than the stratification index, however the fluxes do appear to increase with 

stratification index. 

 

Table 3.6 LME model outputs for GHG Flux ~ Pond * Stratification Index, with variance 
explained by the fixed effects (R2m) and variance explained by fixed and random effects 

(R2c). If stratification index was found not to be significant when pond identity was a fixed 
effect, then it was removed and GHG Flux ~ Stratification Index was run.  

Diffusive CH4 Flux ~ Pond * Stratification Index 
  numDF denDF F-value p-value R2m R2c 
Intercept 1 237 1210.7733 <0.0001   
Pond 3 237 11.1063 <0.0001   

Stratification Index 1 237 0.6128 0.4345   
Pond x Stratification 
Index 3 237 3.4011 0.0185   
Model     0.149 0.1630 
Shallow & Low Salt     0.0017 0.0085 
Shallow & High Salt     0.009 0.009 
Deep & Low Salt     0.214 0.293 
Deep & High Salt     0.0013 0.11 

            
Ebullitive CH4 Flux ~ Pond * Stratification Index 

  numDF denDF F-value p-value R2m R2c 
Intercept 1 237 337.8831 <0.0001   
Pond 3 237 6.0653 0.0005   

Stratification Index 1 237 2.7404 0.0992   
Pond x Stratification 
Index 3 237 0.2322 0.8739   
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Model     0.0783 0.0993 

     
  

Ebullitive CH4 Flux ~ Stratification Index 
      t-value p-value R2m R2c 
Intercept   -19.4322 <0.0001   
Stratification Index   2.8912 0.0042 0.0325 0.044 

       
Total CH4 Flux ~ Pond * Stratification Index 

  numDF denDF F-value p-value R2m R2c 
Intercept 1 237 223.2540 <0.0001   
Pond 3 237 10.67698 <0.0001   

Stratification Index 1 237 2.4037 0.1224   
Pond x Stratification 
Index 3 237 1.0317 0.3792   
Model     0.128 0.155 
       

Total CH4 Flux ~ Stratification Index 
      t-value p-value R2m R2c 
Intercept   -19.0333 <0.0001   
Stratification Index   3.1155 0.0021 0.0374 0.0383 

       
CO2 Flux ~ Pond * Stratification Index 

  numDF denDF F-value p-value R2m R2c 
Intercept 1 237 42.7408 <0.0001   
Pond 3 237 14.08835 <0.0001   

Stratification Index 1 237 12.7208 0.0004   
Pond x Stratification 
Index 3 237 8.1007 <0.0001   
Model     0.240 0.262 
Shallow & Low Salt     0.142 0.142 
Shallow & High Salt     0.0359 0.376 
Deep & Low Salt     0.0382 0.0376 
Deep & High Salt     0.216 0.265 

       
N2O Flux ~ Pond * Stratification Index 

  numDF denDF F-value p-value R2m R2c 
Intercept 1 237 65798.92 <0.0001   
Pond 3 237 76.61 <0.0001   
Stratification Index 1 237 0.19 0.6661   
Pond x Stratification 
Index 3 237 2.08 0.1037   
Model     0.486  0.486 
       

N2O Flux ~ Stratification Index 
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      t-value p-value R2m R2c 
Intercept     85.5843 <0.0001     
Pond       
Stratification Index     4.0856 0.0001 0.0595 0.142 
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Figure 3.6 Scatterplot depicting the relationship between the water column stratification 
index & diffusive CH4 (a), ebullitive CH4 (b), and total CH4 fluxes (c) across the ponds, with 
the solid lines showing significant relationships with strong explanatory power (R2m > 0.1) 
and the dotted lines showing significant relationships with no explanatory power (R2m < 
0.1). 
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The LME model for the CO2 flux revealed that the stratification index and the interaction 

between the pond and the stratification index was statistically significant (Figure 3.7) 

(Table 3.6). Pairwise comparison of slopes indicated that the deep & high salt pond (slope 

= -4.02 ± 0.85) exhibited the strongest negative relationship showing comparatively strong 

explanatory power and was significantly different compared to the other ponds (p < 0.01 

for all). The shallow & low salt pond (slope = -0.93 ± 0.30) had a negative relationship with 

modest explanatory power, no significant difference between the shallow & high salt pond 

and a marginal (p = 0.0503) but not significant difference with the deep & low salt pond. 

The deep & low salt pond and the shallow and high salt pond had positive and negative 

slopes, respectively, and no explanatory power (Table 3.6). 

 

 

Figure 3.7. Scatterplot depicting the relationship between the water column stratification 
index and CO2 fluxes across the ponds, with the solid lines showing significant 
relationships with strong explanatory power (R2m > 0.1) and the dotted lines showing 
significant relationships with no explanatory power (R2m < 0.1). 
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The LME model for the N2O fluxes when incorporating the fixed effect of pond identity, 

showed no significance for the stratification index; however, when pond identity was 

removed the LME revealed that the stratification index explained a significant amount of 

the flux variation across all ponds but had little explanatory power (Table 3.6) (Figure 3.8). 

Therefore, for the N2O fluxes the differences amongst the ponds explained greater variation 

than the stratification index, however the fluxes do appear to increase with stratification 

index. 

 

 

Figure 3.8 Scatterplot depicting the relationship between the water column stratification 
index & log N2O Fluxes across the ponds, with the solid lines showing significant 
relationships with strong explanatory power (R2m > 0.1) and the dotted lines showing 
significant relationships with no explanatory power (R2m < 0.1). 
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A redundancy analysis was used to visualize the multivariate controls of water quality on 

measured GHG fluxes. Forward selection identified six significant environmental 

predictors of GHG dynamics: specific conductivity, temperature, pH, dissolved CH₄, DO, 

and pond depth (Figure 3.9). The majority of the predictors input as environmental variable 

were included in the final model, excluding the sediment depth and the dissolved N2O 

concentration due to either being non-significant or adding little explanatory power to the 

model. The final RDA model explained 24% of total variation in GHG fluxes (adjusted R² = 

0.24). RDA1 (61% of constrained variance) represented a conductivity–oxygen gradient, 

with high conductivity, low DO, and elevated dissolved CH₄ structuring CH₄ diffusion and 

N₂O flux patterns. RDA2 (35% of constrained variance) reflected a temperature–pH 

gradient, strongly influencing ebullitive CH₄. Higher CO₂ emissions were associated with 

deeper, cooler, low-conductivity conditions, whereas higher CH₄ diffusive and N₂O fluxes 

were associated with high-conductivity, low-oxygen waters. Ebullitive CH₄ emission 

aligned with warm, higher-pH environments. One thing to note, with the absence of 

denitrification relevant nutrient levels in the predictive model, the association of higher 

N₂O fluxes with high-conductivity, low-oxygen waters most likely is a correlation to a 

concurrent process that was not captured. Together, these results indicate that CH₄ is 

strongly driven by salinity and oxygen gradients, while CO₂ is more related to depth and 

temperature, and N₂O was not effectively captured. 
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Figure 3.9. Redundancy analysis investigating environmental controls on GHG fluxes. RDA1 
(61% of constrained variance) represented a conductivity–oxygen gradient, and RDA2 (35% 
of constrained variance) reflects a temperature–pH gradient. Pond identities (type) are 
abbreviated as shallow & low salt (SLS), shallow & high salt (SHS), deep & low salt (DLS), 
and deep & high salt (DHS). CH4Eb represents the ebullitive CH4 fluxes, CH4Diff represents 
the diffusive CH4 fluxes, N2O represents the N2O fluxes, and CO2 represents the CO2 
fluxes. Temp represents water temperature, pH represents water pH, dissolvedCH4 
represents the dissolved CH4 concentrations, DO represents the dissolved oxygen 
concentration, SpecCond represents the specific conductivity concentration of the water, 
and Pond_Depth_m represents the pond depth where that sample is.  

 

3.4 Discussion 

Understanding the GHG dynamics of stormwater management ponds and the main 

environmental variables that explain variation in GHG emissions is essential for refining 

municipal GHG budgets and guiding the future design of healthier and more resilient 

SWMPs and urban blue-green infrastructure. These ponds are engineered or integrated 

into our systems to manage urban stormwater and protect urban infrastructure, but their 

GHG exchanges and the processes that guide them cannot be ignored as a major 

contributor to our cities’ GHG budgets.  
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Within a single continuous urban area, the engineered and naturalized ponds in this study 

exhibited specific conductivity values spanning an order of magnitude, reflecting a gradient 

of road salt exposure and containment (Table 3.1). This variation provided an opportunity 

to evaluate how elevated salinity alters the environmental dynamics and GHG exchanges 

of SWMPs.  

 

3.4.1 Methane Fluxes 

The data showed that higher specific conductivity, linked to road salt contamination, 

promoted higher CH₄ emissions in similar SWMPs (i.e., comparing engineered shallow low 

salt to engineered shallow high salt and naturalized deep low salt to naturalized deep high 

salt) (Figure 3.3). The results suggest that restricted mixing in naturalized deeper ponds 

limits CH₄ oxidation typically seen in systems of similar depth and design, and increases 

the flux so that their emissions are comparable to shallower engineered ponds, systems 

that have been identified to be consistently higher CH4 emitters (Bastviken et al., 2008; 

Malyan et al., 2016; Venetz et al., 2024). The difference among ponds varied for diffusive 

CH4 fluxes compared to ebullitive CH4 emissions (Figure 3.3), indicating that there are 

differences in the drivers between diffusion and ebullition within the study ponds as 

previously observed (Bastviken et al., 2008; Żygadłowska et al., 2024). This difference was 

also identified in the RDA, with the diffusive CH₄ fluxes strongly structured by RDA1, 

representing a conductivity–oxygen gradient, and the ebullitive CH4 fluxes structured by 

RDA2, reflecting a temperature–pH gradient, showing us the major controls of the two 

pathways (Figure 3.9). These patterns indicate that diffusive CH4 fluxes are primarily 

controlled by the capacity for CH4 oxidation within the water column. Due to the slow 

speed of CH4 diffusion in water, methanotrophs have substantial opportunity to oxidize 

CH4 within the water column before it reaches the surface, provided that sufficient oxygen 

is available. Conversely, stratification decreases the depth of oxygenated water, limiting 

the zones in which oxidation can occur and weakening the effect of this control; 

nonetheless, physical stratification of the water column does not inherently indicate a lack 
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of oxygenation. The limited explanatory power of the CH4 flux - stratification index 

relationships for most ponds (Figure 3.6), when considering that DO concentrations were 

not included in the stratification index calculation, underscores that DO is a critical 

control, particularly for diffusive CH4 fluxes, and cannot be overlooked (Davidson et al., 

2024; Dupuis et al., 2019; Holgerson, 2015; Neubauer & Megonigal, 2021). In contrast, 

ebullitive CH4 is less impacted by oxidation due to its greater volume to surface area ratio, 

resulting in the production rate as its primary controlling factor. As shown in other studies 

(Neubauer & Megonigal, 2021; Price et al., 2023), CH4 production within wetland 

conditions increases with temperature, up to thresholds higher than those experienced in 

these ponds (Malyan et al., 2016), leading to warmer conditions driving ebullitive CH4 

fluxes.   

Our results reveals differences in the controls between the diffusive CH4 and the ebullitive 

CH4 fluxes while Davidson et al. (2024) reported increases in both diffusive and ebullitive 

CH4 with stratification. However, in that study stratification was intermittently thermally 

driven from early June to late August. In contrast, the ponds in this study experienced 

salinity driven stratification for the majority of the sampling period from June to November 

in the shallow & high salt pond and June to September in the deep & high salt pond. The 

differing drivers of stratification present in this study allowed for CH4 fluxes to be measured 

across a broader temperatures range, enabling the distinction between the environmental 

controls of diffusion and ebullition that was not possible in Davidson et al. (2024).  

Further, the present study showed that the drivers of diffusive CH4 emissions differed from 

those reported in Dupuis et al. (2019), which reported that road salt induced stratification 

limited the diffusion of CH4 to the surface. These differences may reflect the greater depths 

of the Dupuis et al. systems (12 – 14 m) compared to the ponds measured in this study (1.2 

– 3.75 m on average), despite similar maximum bottom water dissolved CH4 

concentrations (400-600 µmol/L and 430-680 µmol/L, respectively). The greater depth in 

Dupuis et al. likely constrained diffusion rates, resulting in lower fluxes than those 

observed here. Additionally, the similarity between the ebullitive CH4 and total CH4 flux 

patterns in this study (Figure 3.3), along with the substantial contribution to total fluxes 
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(76% - 84%, Table 3.4), reflects the importance of capturing ebullition when measuring CH4 

emissions from shallow open water wetlands, and urban wetlands and SWMPs in 

particular (Davidson et al., 2024; Grinham et al., 2018; Żygadłowska et al., 2024). Overall, 

the CH4 fluxes and exchange across the ponds showed that salinity driven stratification 

can result in greater CH4 emissions with diffusive fluxes particularly amplified by the lack 

of mixing along the water column and the ebullitive fluxes amplified by warmer anoxic 

sediments.  

 

3.4.2 Carbon Dioxide Fluxes 

The data showed that the CO₂ fluxes differed significantly between the ponds, although 

these differences were not clearly driven by pond depth or salinity (Figure 3.4). The RDA 

indicated that higher CO2 emissions were associated with cooler, deeper, and low-

conductivity conditions, suggesting that fluxes are more strongly influenced by 

temperature and water column mixing. The stratification index-CO2 flux relationship 

supports this interpretation of the results (Figure 3.7), as only negative correlations 

relationships have explanatory strength. The CO2 fluxes measured in this study represent 

the net balance between CO2 production by microbial and plant respiration (Filonchyk et 

al., 2024; Neubauer & Megonigal, 2021), as well as the uptake from microbial and plant 

processes, including photosynthesis (Gorsky et al., 2019; Holgerson, 2015; Neubauer & 

Megonigal, 2021). Consequently, interpretation of the measured CO2 fluxes required 

consideration of both release and uptake processes. Within this framework, the CO2 flux 

patterns observed under cooler temperatures, greater water column depths, and lower 

specific conductivity provide insights into the environmental conditions that control net 

CO2 exchange. Cooler pond temperatures likely reflect non growing season conditions, 

which are generally associated with lower biological productivity and reduced CO2 uptake 

by aquatic vegetation and microbes (Neubauer & Megonigal, 2021; Ray & Holgerson, 2023; 

Villa et al., 2020). Greater pond depth further limits CO2 uptake by reducing light 

penetration through the water column, resulting in constrained photosynthetic activity or 
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excluding macrophytes altogether, both of which reduces the pond’s overall biological 

uptake capacity (Gorsky et al., 2019; Holgerson et al., 2022; Malyan et al., 2022). 

Additionally, unstratified conditions facilitate vertical mixing, increasing nutrient 

availability throughout the water column but are also characteristic of cooler periods 

outside of the growing season (Figure 2.5). Under these conditions, productivity may be 

concentrated in the temperature extreme mediated sediments, while water column and 

plant mediated CO2 uptake remains limited, resulting in lower overall uptake despite 

(Filonchyk et al., 2024; Kumar et al., 2019; Malyan et al., 2022). These results align with 

previous work indicating that CO2 production is primarily driven by sediment respiration 

and moderated by thermal reduction and stratification (Figure 3.9) (Holgerson, 2015; 

Malyan et al., 2022; Withanage, 2025). Although CO2 emissions contribute to the overall 

GHG balance of the ponds, they do not appear to be driven by the key factors examined in 

this study. 

 

3.4.3 Nitrous Oxide Fluxes 

The results showed that the N2O fluxes varied significantly among ponds, with the shallow 

& high salt pond having substantially higher emissions than the others (Figure 3.5). In 

contrast, the deep & high salt pond had the lowest fluxes, with a mean value below zero 

(Table 3.3). This pattern suggests that the elevated N2O emissions in the shallow & high salt 

pond are not primarily driven by salinity or stratification, despite the association of N2O 

with high conductivity, low oxygen conditions in the RDA. Instead, nitrate (NO3
-) availability 

is likely the dominant control (Audet et al., 2020; Hefting et al., 2003; Neubauer & 

Megonigal, 2021). Supporting this interpretation, water quality data collected during the 

same sampling period (Withanage, 2025) indicate that the NO3
- concentrations in the 

shallow & high salt pond were 4-9 times higher in summer and 14-250 times higher in fall 

relative to the other ponds. These results indicate that site specific nitrogen availability, 

rather than salinity, is the primary driver of N2O flux conditions. As both salt and nutrients 

can be sourced from a ponds’ watershed, salinity may be indirectly associated with higher 
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N2O emissions in certain SWMPs. In contrast, the greater naturalized catchment 

conditions surrounding the deep and high salt pond may limit nitrogen inputs, contributing 

to lower N2O fluxes, however more research is needed to fully understand how catchment 

characteristics contribute to SWMP N2O emissions. The weak explanatory power of 

stratification for N2O fluxes further suggests that nitrogen cycling in these systems is more 

strongly influenced by local redox and nutrient conditions than by mixing regimes.  

 

3.4.4 Management Implications 

Collectively, these findings emphasize that different GHGs respond to distinct 

environmental controls, underscoring the importance of considering multiple 

physiochemical pond characteristics when estimating regional or seasonal exchanges. 

Understanding these relationships not only improves predictive capacity for GHG balance 

but also provides practical insight and guidance for engineered and naturalized pond 

management. For instance, identifying shallow, highly engineered, or strongly stratified 

ponds, potential conditions associated with elevated CH4 emissions and relevant to 

Canada’s emission reduction goals (ECCC, 2023a; Warren & Lulham, 2021), can support 

targeted mitigation or restoration actions, such as designing  ponds with continuous or 

bottom-drawn flow to limit the opportunity for stratification, implementing road salt 

programs within the catchment to reduce the salt load, and decreasing the intervals 

between dredging (Ontario Ministry of the Environment, 2003; Stone et al., 2010). Similarly, 

recognizing the environmental conditions that drive elevated N₂O or CO₂ fluxes can guide 

monitoring priorities and inform land-use or nutrient management strategies. Linking GHG 

fluxes to measurable pond attributes ultimately enables more informed strategies to 

minimize GHG contributions from necessary engineered and naturalized SWM systems 

urban settings. 
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3.5 Conclusion 

This study highlights that greenhouse gas emissions from temperate engineered and 

natural SWM incorporated ponds are governed by distinct environmental controls for each 

gas. CH4 fluxes were primarily influenced by pond depth, with salinity and the resulting 

stratification modulating emissions, while CO₂ fluxes were more strongly linked to 

temperature and water column mixing. N₂O fluxes exhibited site-specific variability, with 

stratification playing a minor role relative to other water chemistry factors. Multivariate 

analyses confirmed that specific conductivity, temperature, pH, dissolved CH₄, dissolved 

oxygen, and pond depth are key predictors of GHG dynamics. Overall, these findings 

demonstrate that pond morphometry and water chemistry jointly shape GHG emissions, 

emphasizing the need to consider both physical and biogeochemical gradients when 

assessing the role of ponds within our SWM systems as both flood mitigation and GHG 

sources. By linking environmental drivers to emission patterns, managers can make 

evidence-based decisions to target high emission systems and implement strategies, such 

as modifying water levels, dredging, or minimizing nutrient inputs, to minimize GHG 

outputs. This approach emphasizes the value of integrating ecological understanding into 

pond management and climate mitigation planning. 
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Chapter 4: Summary and Conclusion  

This study was conducted with the main objectives to determine how the addition of 

road salt effects the water quality, stratification and GHG fluxes within and across 

ponds. Specifically the study aimed to: (1) determine if a high salt content stratifies the 

water column within a pond and create thicker anoxic sections, (2) assess if road salt 

interfere with the typical redox cascade in a pond, (3) determine how the addition of 

road salt effects the GHG emissions from the ponds, (4) determine if the location within 

a pond significantly affect GHG emissions. In the following sections, the main findings 

are summarized for the water quality and GHG studies separately and how those 

insights advance our understanding of the biogeochemical and physicochemical 

controls of the GHG emissions from road salt impacted engineered and naturalized 

SWMPs in southern Ontario. 

 

4.1 Water Quality & Stratification  

The water quality parameters, stratification indices, and redox sampling results 

indicated that both engineered shallow and naturalized deep ponds are affected by the 

addition of road salt in urban SWMPs. The spatial and temporal analyses of 

temperature, specific conductivity and dissolved oxygen show that, while thermal 

stratification occurs naturally in the low salinity systems, the introduction of excess 

road salt amplified stratification, reducing overall mixing and disrupting key seasonal 

processes in the high salinity systems. The stratification index further demonstrated 

that engineered shallow ponds in extremely high salinity systems exhibited markedly 

different physical layering compared to their low salinity counterparts. The redox 

sampling indicated that both the engineered shallow and naturalized deep low salt 

ponds developed redox stratification at depth, but this stratification shifted noticeable 

with seasonal changes and external inputs. In contrast, the engineered shallow and 

naturalized deep high salt ponds displayed pronounced vertical redox stratification that 

was less responsive to seasonal variability, particularly in depths or areas with 

extremely high salt concentrations. This enhanced stratification led to larger areas of 
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permanently anoxic water and greater portions of the sediment bed residing under 

anoxic conditions, which could have significant consequences for aquatic ecosystem 

health and carbon cycling within both the water column and sediment layers.  

 

4.2 Greenhouse Gas Exchange  

This study demonstrated that GHG emissions from temperate ponds are regulated by 

different environmental drivers for each gas. CH4 fluxes were primarily influenced by 

pond depth, with salinity and stratification modulating emissions, while CO₂ fluxes 

were more strongly linked to temperature and water column mixing. N₂O fluxes 

exhibited site-specific nutrient availability variability. Multivariate analyses confirmed 

that specific conductivity, temperature, pH, dissolved CH₄, DO, and pond depth are key 

predictors of GHG dynamics. Overall, these findings demonstrate that pond geometry 

and water chemistry jointly shape GHG emissions, emphasizing the need to consider 

both physical and biogeochemical aspects when assessing the role of ponds within our 

SWM systems for both flood mitigation and GHG dynamics. By linking environmental 

drivers to emission patterns, this work enables decision makers to make evidence-

based decisions to manage current and future high GHG emission SWMPs, and to 

implement strategies, such as modifying water levels through inlet and outlet design, 

maintaining consistent flow to encourage mixing, or reducing nutrient inputs, to 

minimize GHG outputs. This approach emphasizes the value of integrating 

environmental processes and biogeochemical understanding into pond management 

and climate change mitigation planning, beyond predictive modelling alone.  

 

4.3 Limitations & Future Research Needs  

4.3.1 Site Selection  

While this study was concerned with how ponds react to high concentrations of road 

salt and specifically how it impacts pond stratification, biogeochemistry, and GHG 

emissions, there needed to be low salt level control groups as comparisons. We 

searched for a shallow and a deep urban stormwater pond within the study area with 
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healthy levels of specific conductivity for small freshwater systems in southern Ontario; 

however, we were unable to find any ponds lower than the two used in this study, which 

were above the target conductivity for freshwater systems for the majority of the 

sampling campaigns (500 µS/cm) (A Monitor’s Guide to Water Quality, 2021). 

Consequently, within the scope of this study an unbiased comparison between 

currently functioning SWMPs impacted vs unimpacted by road salt in the same region 

could not be produced. A key research gap is the need to study SWMPs that remain 

largely unaffected by road salt in similar temperate climates, providing a true baseline 

for comparison. Another gap involves the different levels of engineering of the ponds 

within this study, as the shallow ponds were highly engineered systems and the deep 

ponds were natural or naturalized ponds that were incorporated into the SWM 

infrastructure. To ensure that the level of engineered design is considered in greater 

detail then this study could provide, the stratification processes and the GHG drivers of 

shallow and naturalized and deep and engineered ponds should also be studied. 

 

4.3.2 Water Quality & Stratification  

A key limitation of this study arises from the inherent design differences among the 

ponds, which influence hydrologic flow patterns independent of salt dynamics. 

Because the ponds were not constructed uniformly, they experience variable degrees 

of water movement and stagnation, ultimately affecting stratification patterns and 

biogeochemical conditions. For example, the deep & high salt pond remained 

consistently connected to the receiving system and maintained both inlet and outlet 

flow even under low-flow conditions, reducing the likelihood of prolonged stagnation. In 

contrast, the deep & low salt pond became hydrologically isolated during mid- to low-

flow periods, with no inlet flow and with outlet flow ceasing once water levels fell below 

the engineered outflow height, resulting in extended stagnation. The shallow & low salt 

pond received water from multiple inlets, yet its outlet was positioned relatively high 

compared to the typical water level, and outflow was rarely observed, suggesting 

limited flushing. Meanwhile, the shallow & high salt pond featured a long forebay that 

the inflow needed to travel through before entering the main pond, and its outlet flow 

was consistently active. These structural differences in connectivity, inlet 
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configuration, and outlet positioning may influence thermal and chemical stratification 

independently of road salt inputs, complicating the ability to attribute observed 

stratification patterns solely to road salt concentrations. A key research gap is the need 

for controlled laboratory experiments using identical or replicated pond systems 

exposed to varying salt concentrations. By standardizing pond flow, connectivity, and 

physical structure, such experiments would isolate the sole influence of salinity on 

water-column stratification and water-quality dynamics. This would allow researchers 

to determine the true difference in stratification behaviour between natural, low-salt 

ponds and highly salt-impacted systems without the confounding effects present in 

natural stormwater ponds.  

 

4.3.3 Greenhouse Gas Exchange  

Several limitations were identified in this study that could influence the interpretation of 

the results. First, sampling immediately following storm events was not captured, 

which is particularly important for N₂O fluxes. Fresh inflows from stormwater can 

introduce pulses of nutrients, significantly influencing microbial processes and GHG 

emissions, especially N₂O, in the short term. Second, sediment characteristics at each 

sampling location were not included in the analysis of carbon dynamics. Given that a 

majority of CH₄ production occurs within sediments, this represents a potentially 

critical omission in understanding the drivers of CH₄ flux. Third, it is unclear whether the 

ponds received different types of road salt over their operational lifetimes, which may 

have influenced the composition of sediment microbial communities and, 

consequently, the type and magnitude of GHG emissions. Another key research gap is 

the lack of controlled studies examining the effects of road salt on pond systems. A 

microcosm or water column incubation study, in which different types and 

concentrations of road salt are applied, would allow for a detailed analysis of how pond 

sediment microbial communities respond to salinity and how GHG fluxes change over 

time. By isolating the influence of salt, such experiments could clarify the mechanisms 

driving alterations in water quality and stratification, providing a more precise 

understanding of how road salt impacts pond biogeochemistry and GHG production.  
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4.4 Implications  

The findings of this study highlight the complex and dynamic nature of water quality and 

GHG fluxes in SWM facilities, while also revealing several areas where further research 

is needed to advance our understanding of these systems and improve SWMP design 

for both water quality and GHG emission management. Establishing this step in 

understanding the biogeochemical processes that shape water quality and GHG 

exchange dynamics allows us to understand the role ponds have in our urban 

environments. With clearer insight into how a common contaminant, such as road salt, 

impacts both shallow and deep ponds, decision makers can choose more appropriate 

SWM design and installations for areas that currently experience, or are to experience, 

high contaminant loads, for example those near major roads and parking lots that 

require winter road salt application in Southern Ontario. For example, SWM 

infrastructure such as grit separators can be used to capture solid rock salt particles 

from stormwater runoff, while vegetated buffer strips planted with salt tolerant species 

can intercept and assimilate dissolved salts, thereby reducing the salt load entering 

downstream naturalized SWM infrastructure (Ontario Ministry of the Environment, 

2003, 2016a). For ponds and other end of pipe infrastructure, additional strategies are 

available. Ponds with accumulated road salt can be dredged to remove salt rich 

sediment that continuously contribute to elevated specific conductivity levels, while 

newly designed systems can incorporate shorter retention times and enhanced plant 

mediated treatment trains to limit salt accumulation.  

This knowledge also helps clarify the total benefits provided by the different pond types, 

now that the processes governing GHG exchanges are more clearly understood. When 

combined with assessments of water volume capacity, biodiverse habitat value, and 

other key factors that are benefits, these insights support more informed evaluations of 

SWM infrastructure performance. As communities increasingly prioritize sustainable 

and resilient infrastructure in response to climate change, understanding the strengths, 

as well as the limitations of nature-based solutions, is essential for accurately 

assessing the long-term reliability and effectiveness of our system and resources.  
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Appendix A: Chapter 2 Supplemental Figures & 

Tables  

Figures 

Site Maps  

 

Figure A.1 Site Selection – Shallow & Low Salt Pond: Water Quality Sampling Locations 
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Figure A.2 Site Selection - Shallow & High Salt Pond: Water Quality Sampling Locations 
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Figure A.3 Site Selection - Deep & High Salt Pond: Water Quality Sampling Locations 
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Time Series  

 

Figure A.4 Shallow & Low Salt – Deepest Location Time Series pH 

 

Figure A.5 Shallow & High Salt – Deepest Location Time Series pH 
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Figure A.6 Deep & Low Salt – Deepest Location Time Series pH 

 

Figure A.7 Deep & High Salt - Deepest Location Time Series pH 
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Depth Transect - Summer 2024  

Figure A.8 Shallow & Low Salt Pond 

Figure A.9 Shallow & High Salt Pond 

Figure A.10 Deep & Low Salt Pond 

Figure A.11 Deep & High Salt Pond 
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Depth Transect – Spring 2025 

Figure A.12 Shallow & Low Salt Pond 

Figure A.13 Shallow & High Salt Pond 

Figure A.14 Deep & Low Salt Pond 

Figure A.15 Deep & High Salt Pond 
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Tables  

Table A.1 Water quality sampling depths for the GS and NGS sampling events 
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Table A.2 MDL of Water Quality Sampling Analysis 

Fluoride 

mg/L 

Chloride 

mg/L 

Nitrite 

mg/L 

Bromide 

mg/L 

Nitrate 

mg/L 

Sulphate 

mg/L 

Phosphate 

mg/L 

Aluminium 

mg/L 

Calcium 

mg/L 

Iron 

mg/L 

0.011 0.046 0.052 0.093 0.091 0.64 0.077 0.0057 0.009 0.0062 

0.0055 0.023 0.026 0.0465 0.0455 0.32 0.0385 0.00285 0.0045 0.0031 

 
Potassium 

mg/L 

Magnesium 

mg/L 

Manganese 

mg/L 

Sodium 

mg/L 

Phosphorus 

mg/L 

Sulfur 

mg/L 

Silicon 

mg/L 

NH4 ug 

N/L 

Fe (II) 

(umol/L) 

0.6059 0.0067 0.0017 0.0907 0.0033 0.0389 0.01 1.083 0.028 

0.30295 0.00335 0.00085 0.04535 0.00165 0.01945 0.005 0.5415 0.014 
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Table A.3 Environmental conditions in the ponds at the flow and depth transects 

 

 

 



101 
 

 

 

 

 



102 
 

Table A.4 Water quality sampling results for the GS and NGS sampling events 
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Appendix B: Chapter 3 Supplemental Figures & 

Tables 

Figures 

Site Maps 

 

Figure B.1 Site Selection - Shallow & Low Salt Pond: GHG Sampling Locations  
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Figure B.2 Site Selection - Shallow & High Salt Pond: GHG Sampling Locations 
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Figure B.3 Site Selection - Deep & High Salt Pond: GHG Sampling Locations  

 

 

 

 

 

 

 

 

 

 

GHG Sample 

Locations 

Pond Features 

Legend  

Outlet 
Infrastructure 

Outlet 

Inlet 
Infrastructure 

Inlet 

Shore 

Shoreline 

Main 
Pond 



106 
 

Greenhouse Gas Flux Time Series 

 

Figure B.4 Total CH4 fluxes by pond and sampling date 

 

Figure B.5 CO2 fluxes by pond and sampling date. Samples below 0 indicate uptake. 
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Figure B.6 N2O fluxes by pond and sampling date. Samples below 0 indicate uptake. 
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Tables 

Table B.1 Environmental conditions in the ponds at the ghg sampling locations 
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