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ABSTRACT 

Peatlands on the Western Boreal Plain have been disturbed at a landscape scale by industrial developments 

including those associated with the oil and gas industry. Among these disturbances are in-situ well pads, 

which are constructed to provide a stable base for oil and gas drilling and extraction infrastructure. In the 

province of Alberta, Canada, well pads must legally be returned to a state of ‘equivalent land capability’ 

after decommissioning. For well pads constructed in peatlands, equivalent land capability has recently been 

defined as including the reestablishment of a self-sustaining and peat accumulating vegetation community. 

One method proposed to reintroduce peatland vegetation (including peatland mosses) onto decommissioned 

well pads involves the partial removal of the mineral fill used to construct a well pad. Termed the ‘Partial 

Removal Technique,’ this approach aligns the reprofiled surface elevation of a pad with that of the water 

table in the surrounding peatland. Peatland vegetation propagules are then introduced onto the residual 

mineral substrate using a modified version of the established Moss Layer Transfer Technique. However, 

considerable uncertainty has remained surrounding the efficacy of the technique as a form of peatland 

restoration, as it had not yet been applied at the scale of a full-size well pad. 

 Accordingly, a five-year ecohydrological study was undertaken following the first full-scale 

implementation of the Partial Removal Technique on a well pad. The subject well pad was located in a fen 

complex on the Western Boreal Plain near the town of Slave Lake, Alberta, Canada. A series of field studies 

were undertaken to assess the extent to which the residual mineral substrate would support environmental 

conditions requisite for the initiation and establishment of a peatland vegetation community. Specific 

objectives addressed included characterization of the hydrophysical properties of the residual mineral fill 

and their effect on hydrological connectivity with an adjacent fen, and assessment of whether hydrological 

connectivity was sufficient to maintain a near-surface water table and optimal moisture availability to 

mosses across the entire site. The role of additional water balance terms in supporting near-surface water 

tables and water availability was also assessed, including quantification of snowmelt, vertical groundwater 

exchange, and evapotranspiration. Additionally, monitoring of the development of biogeochemical 
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processes in the first five years post-partial removal was undertaken, including quantification of the rates 

of nutrient cycling and supply. The effects of microtopography and application of straw mulch and rock 

phosphate fertilizer on moisture and nutrient dynamics were also assessed. 

 Results indicate that hydrological connectivity between the residual well pad and the adjacent fen 

was limited by the low hydraulic conductivity of the mineral fill and the compacted peat underlying it. 

Combined with rapid drainage from the mineral fill into the underlying peat following rainfall, this resulted 

in the water table being poorly regulated across just over half of the pad’s surface area. The deeper water 

tables observed in those areas were associated with non-optimal moisture availability to mosses (i.e., 

exceedance of literature desiccation thresholds), particularly in the late growing season when rainfall inputs 

were infrequent. Combined with high rates of water loss through evapotranspiration, it appears that much 

of the pad’s surface area is likely to be favourable for the establishment of only those mosses with a high 

desiccation tolerance. The establishment of a vegetation community characteristic of swamps may thus 

occur over the long term in areas that are hydrologically disconnected from the fen. Nonetheless, 

hydrological connectivity with the adjacent fen was sufficient to maintain a water table within 6 cm of the 

surface in areas located within approximately 20 to 30 metres of the upgradient pad edges. This water table 

depth was associated with optimal water supply at the surface for moss survival and growth. As such, the 

establishment of a peatland true moss community is likely to be supported across just under half of the 

pad’s surface area. Snowmelt may also have provided a large source of water in the early season, although 

additional study is required to determine the extent to which snowmelt may be lost from the pad as overland 

flow. Surface runoff from an upland feature constructed out of the excess mineral fill produced during the 

partial removal process did not constitute an appreciable source of water to the pad. 

 Nutrient cycling and availability demonstrated limited spatial variability across the residual well 

pad. Owing to the high cation content of the calcareous residual mineral fill, cation supply rates were 

sufficiently high to further increase the likelihood of peatland true moss establishment in areas with optimal 

substrate moisture availability. However, low rates of nitrogen production and a low ratio of nitrogen to 
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phosphorus supply rates indicate that productivity of the vegetation community on the residual pad may be 

nitrogen limited. This may change over time, as a layer of organic litter was observed to accumulate on the 

surface of the residual well pad during the study. This is likely to result in increased rates of decomposition, 

and thus also of nutrient mineralization over time. 

 Combined, the results of this thesis indicate that there is a need to increase horizontal hydrological 

connectivity with adjacent peatlands in future implementations of the Partial Removal Technique. This may 

improve the availability of moisture across a greater proportion of the surface area of residual well pads, 

while also ensuring the long-term development of anaerobic biogeochemical processes. Additional work is 

also required to reduce water losses in the form of both vertical drainage from residual mineral substrates 

and evapotranspiration from the surfaces of residual well pads. Overall, the Partial Removal Technique 

appears to have promise as a strategy to create favourable environmental conditions for the initiation and 

establishment of peatland mosses on decommissioned well pads. 
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1 LITERATURE REVIEW 

 

1.1. Introduction 

Canada’s Western Boreal Plain (WBP) extends from northern Alberta through central Saskatchewan and 

into southern Manitoba (Pojar, 1992). The WBP is underlain by sedimentary glacial till and is characterized 

by distinct landscape units including different upland forest stand types and different classes of peatland 

(Brandt et al., 2013; Pojar, 1992; Vitt and Chee, 1990). The region is subhumid, meaning that potential 

evapotranspiration frequently exceeds precipitation (Mwale et al., 2009), which makes water conservation 

an important peatland ecosystem function (Brown et al., 2010). Peatlands form the intersection between 

terrestrial and aquatic ecosystems (Brandt et al., 2013; Rezanezhad et al., 2016) and are often hydrologically 

coupled with local and regional-scale groundwater systems within the WBP (Volik et al., 2024). As such, 

peatlands play an important role in the regulation of water quantity and quality in both upland and aquatic 

ecosystems (Devito et al., 2012; Elmes and Price, 2019; Kimmel and Mander, 2010). Canadian peatlands 

also cover approximately 12 % of Canada’s land mass (Tarnocai, 1984), store upwards of 150 Gt of carbon 

(Harris et al., 2021), and provide important habitats for a wide variety of wildlife including the threatened 

woodland caribou (Hill et al., 2021; Rettie and Messier, 2000). Furthermore, they are places with immense 

spiritual and cultural significance to Indigenous peoples including the Cree and the Dene (Bélisle and 

Asselin, 2021; Parlee et al., 2012; Speller and Forbes, 2022). 

 The different landscape units that comprise Canada’s WBP can be described on the basis of both 

nutrient and moisture regimes in a system of ‘ecosite classification’ (Beckingham and Archibald, 1996). 

Under this system, ecosites are defined as locations sharing common nutrient and moisture regimes, which 

tend to support similar vegetation communities (Beckingham and Archibald, 1996). This system is based 

on the principle that moisture and nutrient availability determine the physical vegetation structure of 

ecosystems (Craine and Dybzinski, 2013), as they are the variables that define the fundamental niches of 

plants (Chapin et al., 2011). In turn, the physical vegetation structure of an ecosystem exerts considerable 
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control over energy, water, and nutrient cycling processes, and thus also over interspecific competitive 

dynamics and ecosystem succession (Chapin et al., 2011; Odum, 1969). 

Ecosite classification has recently been used to inform the likely successional trajectories of 

restored and constructed boreal ecosystems (e.g., Farnden, 2023; Thiffault et al., 2017). In this context, it 

can be used to predict the successional trajectories of novel ecosystems that have been created through the 

processes of ecological restoration or reclamation (Audet et al., 2015; Gerwing et al., 2022; Nwaishi et al., 

2015a). This is important, because novel ecosystems often differ from undisturbed natural ecosystems both 

in terms of their physical structure and the ecosystem functional processes occurring within them (D’Astous 

et al., 2013; Nwaishi et al., 2015a, 2015b; Popović et al., 2022). Comparison between the ecosite 

classifications of novel and natural ecosystems can provide a general indicator of which species a site is 

likely to support over the long-term based on their fundamental niches (Nwaishi et al., 2015a; Thiffault et 

al., 2017). This may be especially advantageous for the assessment of peatland restoration outcomes, given 

that peatlands can take hundreds to thousands of years to develop (Halsey et al., 1998; Kuhry et al., 1992; 

Ruppel et al., 2013; Rydin and Jeglum, 2006a). 

 

1.2. Peatland Formation and Development on the Western Boreal Plain 

Peat formation first began on the WBP approximately 8,000 to 9,000 years ago during the early Holocene 

(Brandt et al., 2013; Halsey et al., 1998) through the process of paludification (Nicholson and Vitt, 1989; 

Ruppel et al., 2013). Paludification is defined as the saturation of mineral soils that have either previously 

supported terrestrial vegetation or that have undergone pedogenic processes (Bauer et al., 2003; Kuhry and 

Turunen, 2006; Rydin and Jeglum, 2006a). Rates of peatland initiation then increased between about 6,000 

and 7,400 years ago in response to the onset of cooler and wetter conditions during the mid-Holocene 

(Bauer et al., 2003; Ruppel et al., 2013; Zoltai and Vitt, 1990). These conditions were caused by a decrease 

in regional summer insolation (i.e., decreases in temperature and evapotranspiration) and increases in the 
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amount of moist air transported over the WBP from the Pacific Ocean (i.e., increases in precipitation) 

(Halsey et al., 1998). 

 Paludification continues to occur on the WBP in modern times, particularly along the margins 

between peatlands and upland forests. In these areas, increases in water table (WT) elevation within 

peatlands can result in flooding of terrestrial soils along the edges of uplands (Bauer et al., 2003; Ruppel et 

al., 2013). This, in turn, enables the lateral expansion of peatland vegetation communities, particularly on 

fine-textured soils that have a high water retention capacity (Kuhry and Turunen, 2006; Nicholson and Vitt, 

1989). Increases in soil water content result in peat formation because saturation of the substrate limits the 

rate of decomposition to the point that it is exceeded by the rate of net primary productivity (Bauer et al., 

2003; Vitt et al., 2009). Limitations on decomposition occur because microbial processes are less efficient 

in anoxic environments due to microbial use of alternate electron acceptors during anaerobic respiration 

(Nwaishi et al., 2015a). Because rates of primary production exceed those of decomposition, organic litter 

materials build up over time, forming organic soils (Vitt et al., 2009). 

 The conditions supporting paludification are often said to have occurred in response to the 

saturation of low-lying areas as a result of increased surface runoff from topographically high points (Bauer 

et al., 2003). However, it may also have occurred at least in part due to increases in groundwater discharge 

to low-lying areas (McCarter et al., 2023), given that low amounts of surface runoff are typically observed 

on the WBP in the present day (Devito et al., 2005; Redding and Devito, 2011). As such, it is likely that 

WT and soil moisture dynamics in recently paludified sites were partially dependent upon local and 

regional-scale groundwater systems, which dictate groundwater recharge and discharge dynamics in the 

WBP (Elmes and Price, 2019; Hokanson et al., 2019). Combined, this results in hydrologic conditions in 

recently paludified sites being more variable during the early stages of peatland succession (Kuhry et al., 

1992; Zoltai and Vitt, 1990) than those observed in established peatlands today (Waddington et al., 2015). 

Thick peat soils in established peatlands can regulate water table dynamics through autogenic feedbacks, 

including reductions in surface elevation and subsurface flow in response to decreases in WT elevation 
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(Howie and Hebda, 2018; Waddington et al., 2015). These occur as a result of collapse of the pore structure, 

given that decreases in pore water pressure cause increases in effective stress within the peat profile (Price, 

2003). 

 During the earliest stages of succession towards peatland communities, marsh vegetation 

communities are common and are primarily dominated by graminoids including Typha latifolia and Carex 

spp. (Kuhry et al., 1992). These early communities have high rates of primary productivity (Strack et al., 

2006; Szumigalski and Bayley, 1996). This has been observed early during primary succession in a wide 

variety of ecosystem types (Odum, 1969) because plants with high growth rates are favoured by intense 

competition for nutrients, water, and light (Craine and Dybzinski, 2013). The fact that remnants of Carex 

species are particularly common at the base of paleoecological peat cores also indicates that water levels 

were highly variable for the establishment of peatland mosses (Kuhry et al., 1992), as they rely upon well-

regulated, near-surface WTs to sustain growth (Ketcheson and Price, 2014; McCarter and Price, 2014). In 

contrast, the rooting systems of sedges allow them to stay in contact with fluctuating water tables (Chapin 

and Chapin, 1981; Strack et al., 2006).  

 Eventually, the establishment of peatland mosses does occur, including that of Calliergon 

giganteum, Drepanocladus aduncus, and Campylium stellatum (Kuhry et al., 1992), which are 

characteristic of rich fens (Vitt, 2014). This is supported by increases in WT elevation and increases in the 

water retention capacity of paludified mineral soils, which occurs when substrate organic matter content 

increases (Nwaishi et al., 2015a; Rawls et al., 2003; Rydin and Jeglum, 2006a). Increases in organic matter 

content also result in increased availability of organic substrates for decomposition, which supports greater 

amounts of nutrient mineralization (Nwaishi et al., 2015a). Combined, the establishment of true peatland 

mosses is supported by increases in the availability of both water and inorganic nutrients found in reduced 

forms (Nwaishi et al., 2015a; Vitt and Chee, 1990). Over time, conditions often become somewhat drier, 

with the ground layer shifting to a community dominated by species such as Tomentypnum nitens and 

Aulacomnium palustre, as well as Sphagnum warnstorfii and Sphagnum fuscum (Kuhry et al., 1992). These 
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later stages of peatland development also include a greater proportion of peatland shrubs, including 

Rhododendron groenlandicum and Betula spp., which are eventually followed by the tree Larix laricina 

(Bauer et al., 2003; Kuhry et al., 1992; Nicholson and Vitt, 1989). 

 The ‘true mosses’ characteristic of early peatland successional stages are defined as those belonging 

to the class Bryopsida, which are often termed ‘brown mosses’ based on the colour of many common species 

(Vitt, 2014). True moss-dominated ground layers are a defining characteristic of moderate and extreme-rich 

fens (Chee and Vitt, 1989). Moderate and extreme-rich fens are minerogenous, meaning they are also 

characterized by hydrological connectivity to groundwater (Elmes and Price, 2019). This groundwater has 

a considerable effect on fen biogeochemistry, as it maintains high concentrations of base cations in the pore 

water and results in higher pH (> 5.5) and electrical conductivity (100 – 2,000 µS cm-1) than observed in 

bogs (Alberta Environment, 2015; Chee and Vitt, 1989). In contrast, poor fens and bogs are characterized 

by ground layers dominated by Sphagnum mosses (Vitt, 2014). Bogs are typically thought of as being a 

later-successional form of peatland, as they develop once the peat profile is sufficiently thick to isolate 

water at the surface of the peatland from inputs of groundwater (Rydin and Jeglum, 2006a). As such, the 

water inputs to bogs are primarily restricted to precipitation in the form of rainfall and snowmelt (Glaser et 

al., 1997). In addition to acidification of the peatland by Sphagnum mosses, this contributes to decreased 

pore water cation concentrations and lower pH (< 5.5) and electrical conductivity (< 100 µS cm-1) compared 

to those in moderate and extreme-rich fens (Alberta Environment, 2015; Vitt et al., 1995).  

 

1.3. Disturbance of Peatlands on the Western Boreal Plain 

Prediction of the successional trajectories of novel peatland ecosystems in a restoration context is becoming 

increasingly important in Canada’s western boreal regions given the scale of industrial disturbance that has 

taken place in the area over the past several decades (Ficken et al., 2019; Nwaishi et al., 2015a; Pasher et 

al., 2013; Rooney et al., 2015; Schneider and Dyer, 2006; Volik et al., 2020). In the case of peatlands, much 
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of this disturbance is related to the oil and gas industry, as much of the WBP is underlain by geological 

formations that contain oil and gas deposits (Orbach, 2012). To access oil and gas reserves located within 

about 70 m of the ground surface, open-pit mining techniques are employed. This involves the complete 

removal of peatlands and upland forests from the land surface, and the subsequent excavation of deep open 

pits to extract bitumen-rich sand (Rooney et al., 2012). It is anticipated that open-pit oil sands mining will 

result in the loss of upwards of 29,500 ha of boreal peatland (Rooney et al., 2012), and only a fraction of 

this peatland area is likely to be reconstructed as part of the obligatory reclamation process (Borkenhagen 

et al., 2024; Nwaishi et al., 2015b; Rooney et al., 2015). Such reclamation efforts to date have been focused 

on the reconstruction of functional watersheds, with recent designs typically including mosaics of upland 

areas, low-lying constructed fens, and end-pit lakes (Gingras-Hill et al., 2018; Popović et al., 2022; Price 

et al., 2010; Zabel et al., 2024). Many of these constructed landscapes have also been found to support the 

autogenic development of ‘opportunistic wetlands’ in locations where the tailings sand used to create upland 

areas settles (Hawkes et al., 2025, 2020; Little-Devito et al., 2019; Wendlandt, 2023). Recent designs for 

these watersheds have included confining layers at depth within upland features, which are intended to 

promote the transmission of water to downslope lakes and wetlands (Ketcheson et al., 2017; Zabel et al., 

2024). Surface runoff to these low-lying systems has also been observed during the spring freshet (Biagi 

and Carey, 2020; Ketcheson and Price, 2016). 

 In contrast, when oil and gas reserves are located at depths greater than 70 m below the ground 

surface, in-situ drilling is used to extract oil and gas (Orbach, 2012). This involves constructing stable 

platforms (termed ‘well pads’ or ‘well sites’) on the ground surface to support drilling infrastructure, pump 

jacks, and storage tanks (UNEP, 2022; Volik et al., 2020). Given the low trafficability of peat soils, the 

construction of well pads involves the removal of all trees and shrubs, and the subsequent placement of a 

thick layer of sand or clay (termed ‘mineral fill’) onto the peatland surface (Lemmer, 2022; Vitt et al., 2011). 

This results in compaction of the peat profile (Lemmer et al., 2020), which reduces its hydraulic 

conductivity (Elmes et al., 2021b; Pilon, 2015) and can disrupt subsurface flow through the adjacent 
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peatland (Osko et al., 2018; Saraswati et al., 2020b). Very little work has been done to evaluate the effects 

of well pads on biogeochemical dynamics and vegetation communities in surrounding peatlands, although 

it is possible their impact may be similar to that of roads given that they are also usually constructed out of 

mineral fill (Brawner and Tessier, 1969; Ducks Unlimited Canada, 2014). 

 The impacts of roads on peatland ecohydrological function are variable and are largely dependent 

upon road orientation relative to the direction of subsurface flow within the peat profile (Saraswati et al., 

2020b; Williams-Mounsey et al., 2021). Specifically, when roads are oriented approximately perpendicular 

to the direction of subsurface flow, a ‘damming’ effect is observed, wherein the WT on the upgradient side 

is nearer to the surface than the WT on the downgradient side (Elmes et al., 2022; Osko et al., 2018; 

Saraswati et al., 2020b). When this occurs, the moisture regime downgradient of roads becomes drier, and 

supports increases in canopy cover and vascular plant density (Miller et al., 2015; Saraswati et al., 2020a; 

Willier et al., 2022). This also results in changes to ground-layer community composition. Specifically, 

shifts towards dry-adapted hummock and feather mosses occur due to the reduction in surface moisture 

availability, which also drives overall decreases in moss cover (Miller et al., 2015; Plach et al., 2017). On 

the upgradient side of roads constructed perpendicular to flow, decreases in the thickness of the unsaturated 

rooting zone tend to result in tree and shrub die-back (Bocking et al., 2017; Saraswati et al., 2020a; Willier 

et al., 2022). 

The hydrological impacts of roads can also result in increased rates of microbial enzyme activity 

(and thus likely also decomposition) on their downgradient sides (Saraswati et al., 2019). Combined with 

increased methane emissions from flooded areas on the upgradient side, this contributes to the increases in 

carbon emissions that can be expected in the vicinity of many roads (Saraswati and Strack, 2019). The 

impacts of roads on peatland nutrient cycling are less well understood, although it is likely that increases in 

nutrient mineralization rates would occur on their downgradient side if the WT were to drop by more than 

20 cm (Devito and Dillon, 1993; Plach et al., 2017). Notably, the impact of roads on peatland 

ecohydrological function appears to be muted in all cases when they are oriented parallel to groundwater 
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flow paths, as this results in minimal disruption to flow (Saraswati et al., 2020b). It is highly likely that all 

well pads will have at least some impact on hydrology in the peatlands that surround them, as these features 

are either square or rectangular in shape (Osko et al., 2018). Thus, groundwater flow paths will be bisected 

by at least one side of a well pad regardless of the direction of groundwater flow. 

 Within the direct footprint of oil and gas well pads, natural peatland ecosystem function is entirely 

lost given that the surface of the peatland is covered over with mineral fill materials. Once these sites are 

abandoned, they are often left in place and revegetated with graminoid communities typically dominated 

by grasses (Lemmer et al., 2022, 2020). However, there is a legal requirement in the Province of Alberta 

that these sites be reclaimed to a state of ‘equivalent land capability’ (Powter et al., 2012). Equivalent land 

capability is defined in Alberta as taking actions to ensure that “the ability of the land to support various 

land uses after conservation and reclamation is similar to the ability that existed prior to an activity being 

conducted on the land” (Alberta Environment and Parks, 2017). Provincial reclamation criteria are used to 

assess whether or not a site has reached a state of equivalent land capability (Powter et al., 2012). In the 

case of peatlands, these criteria require that a decommissioned well pad sustains a sufficiently wet moisture 

regime for the initiation and development of a peat-forming vegetation community (Alberta Environment 

and Parks, 2017). Efforts must also be made to reduce the extent to which reclaimed pads are covered with 

open water, non-vegetated areas, or upland ecosite types, and to minimize erosion and surface water flow 

(Alberta Environment and Parks, 2017). 

 

1.4. Well Pad Restoration Techniques for Use in Peatlands 

Given the recency of the release of the peatland-specific reclamation criteria, few if any well pads have 

been certified as having been reclaimed to a peatland to date (Tokay et al., 2019). Development of peatland 

restoration techniques for use on decommissioned oil and gas well pads is also in its infancy (Chimner et 

al., 2017; Volik et al., 2020). Nonetheless, several research trials have examined potential techniques to re-
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establish peat forming vegetation communities on these sites. Two promising methods involve the removal 

of the mineral fill used to construct a well pad from the surface of a peatland. This material can then either 

be transported off-site for disposal (the ‘Complete Removal Technique’) or buried beneath the peat that it 

once sat on top of (the ‘Burial Under Peat Technique’) (Bird and Xu, 2020; Engering et al., 2021; Pouliot 

et al., 2021; Shunina et al., 2016; Xu et al., 2022). In both cases, an organic peat substrate is re-exposed and 

brought up to the surface of the site. These substrates are in some ways similar to those left on cutover 

peatlands after the extraction of peat for horticultural use (Rochefort et al., 2016, 2003; Xu et al., 2022). 

Thus, they are typically actively revegetated by applying a modified version of the Moss Layer Transfer 

Technique (MLTT) originally developed for use on abandoned cutover peatlands in Eastern Canada (Bird 

and Xu, 2021a; M. E. Gauthier et al., 2018; Pouliot et al., 2021; Xu et al., 2022). 

 The original MLTT is a form of assisted succession, wherein viable propagules of peatland vascular 

species and mosses are spread across the surface of cutover peatlands. These ‘donor propagules’ are 

harvested from the acrotelm of either an undisturbed peatland, or a peatland that will be disturbed or 

extracted in the future (Quinty et al., 2020a; Rochefort et al., 2003). They are then transported to the 

restoration site, where manure spreaders or other small equipment are used to distribute them across the 

surface in a 1:10 aerial ratio (Quinty et al., 2020b; Rochefort et al., 2003). The donor propagules are then 

fertilized with phosphate at a rate of 150 kg ha-1 and then covered with a thin layer of straw mulch (González 

and Rochefort, 2014; Groeneveld et al., 2007; Quinty et al., 2020b; Rochefort et al., 2003). The application 

of organic or rock phosphate fertilizer has been found to promote the establishment of the true moss 

Polytrichum strictum (Groeneveld et al., 2007; Pouliot et al., 2015). The establishment of P. strictum 

stabilizes the exposed peat substrates and reduces the risk that frost heaving will result in hydrological 

disconnection between the introduced mosses and the surface (González and Rochefort, 2014; Groeneveld 

et al., 2007; Pouliot et al., 2015). Straw mulch has been found to reduce evaporative water losses (Price et 

al., 1998), which is important given that cutover peat substrates are often subject to a greater frequency of 

drying events than is observed in natural peatlands (Ketcheson and Price, 2014; Price, 2003; Price and 
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Whitehead, 2001). All of these steps are also normally undertaken when applying the MLTT on the peat 

substrates that are resurfaced from beneath well pads (Bird and Xu, 2021a, 2020). 

 Moss establishment following the implementation of the Complete Removal and Burial Under Peat 

techniques has been variable. Limited moss establishment following both natural revegetation and MLTT 

has been observed during some trials (Pouliot et al., 2021; Shunina et al., 2016), while the establishment of 

a promising mix of Sphagnum spp. and true mosses (including Polytrichum strictum, Tomentypnum nitens, 

and Aulacomnium palustre) has been observed during others (Xu et al., 2022). Notably, sedge cover 

exceeded the cover of peatland mosses when the technique was applied in a fen (Xu et al., 2022), although 

this may not be of concern given the high proportion of sedges in early stages of peatland development. 

However, the nutrient regimes on these exposed peat substrates can be variable (Pouliot et al., 2021; 

Shunina et al., 2016), and as such they may support establishment of both ombrotrophic communities 

characterized by Sphagnum mosses and minerotrophic communities characterized by true mosses (Xu et 

al., 2022).  

 

1.5. Partial Removal Technique 

Given that upwards of 63% of peatlands on the WBP are minerotrophic fens (Vitt et al., 2000), there is a 

need to develop techniques likely to promote primarily fen vegetation communities. As such, an alternative 

to the Complete Removal and Burial Under Peat techniques with the potential to support consistently high 

base cation availability has been proposed (Borkenhagen and Cooper, 2016; Vitt et al., 2012, 2011). This 

method involves recontouring the surface of a decommissioned pad through the removal of only the upper-

most layers of mineral fill using heavy machinery (Bird & Xu, 2021). Termed the ‘Partial Removal 

Technique’, this strategy leaves a layer of cation-rich mineral fill in place at the surface (M. E. Gauthier et 

al., 2018; Lemmer et al., 2022; Vitt et al., 2011). The residual well pads created through this process can 

subsequently be planted with vascular species including sedges (Vitt et al., 2011), revegetated using the 
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MLTT (Borkenhagen and Cooper, 2016; M. E. Gauthier et al., 2018), or left to revegetate on their own 

through natural ingress of vegetation from surrounding peatlands (Lemmer et al., 2022, 2020). However, 

for reliable establishment of a moss-dominated community, it has been suggested that application of the 

MLTT on well pad-sized sites is required (Xu et al., 2022). 

The Partial Removal Technique was inspired by the natural process of paludification (Borkenhagen 

and Cooper, 2016; Koropchak et al., 2012; Vitt et al., 2012, 2011), and is a form of assisted succession. 

That said, the technique could be considered physically analogous to the process of primary peat formation, 

given that the term ‘paludification’ is typically applied when the mineral soils that become saturated have 

undergone pedogenic processes and have supported terrestrial vegetation (Bauer et al., 2003; Kuhry and 

Turunen, 2006; Rydin and Jeglum, 2006a) as previously described. Primary peat formation is a similar 

process, wherein undeveloped mineral soils exposed by deglaciation or isostatic rebound become 

sufficiently wet for the establishment of wetland vegetation communities without an intermediate vegetated 

terrestrial stage (Ruppel et al., 2013; Rydin and Jeglum, 2006a). The mineral fill used to construct well pads 

is often collected from the substratum of boreal forests (Green et al., 1992; Macyk, 2006), and thus may 

not have previously undergone any form of pedogenesis. As such, from a physical perspective, the Partial 

Removal Technique may be more similar to primary peat formation than to paludification. Regardless, the 

process of peatland development following saturation of either formerly terrestrial mineral soils or 

undeveloped mineral soils is similar when considered over long timescales (Rydin and Jeglum, 2006a). 

Various residual mineral surface elevations have been tested during implementation of the Partial 

Removal Technique. True moss establishment has been shown to be greatest when the elevation of residual 

pads is closely aligned with the average elevation of the water table in the surrounding peatland (i.e., within 

a few centimeters) (M. E. Gauthier et al., 2018; Lemmer et al., 2022). It is also critical that the donor 

vegetation community be harvested from a fen with similar pH, electrical conductivity, and calcium supply 

as the residual mineral fill (M. E. Gauthier et al., 2018). However, all previous research trials were 

conducted only along subsections of well pads or along narrow roads. As such, these trials were conducted 
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in locations directly adjacent to the surrounding peatlands. In these locations, subsurface hydrological 

connectivity was sufficient to maintain near-surface water tables when the reconfigured surface was closely 

aligned with the water table in the adjacent peatland, which in turn supported true moss initiation and 

establishment (M. E. Gauthier et al., 2018; Lemmer et al., 2022; Vitt et al., 2011). 

As the technique has never been studied in a research context on a full-size well pad, there is 

considerable uncertainty regarding the potential for groundwater flow to maintain a near-surface water table 

across an entire residual well pad. Restrictions on subsurface flow are likely, given that the hydraulic 

conductivity of mineral substrates (Domenico and Shwartz, 1998) and the compacted peat beneath features 

constructed out of mineral fill (Elmes et al., 2021b) are lower than that in natural peatlands (Boelter, 1965). 

This could presumably result in limited water input to interior and central portions of residual well pads, 

which could in turn result in deep water tables. Previous studies have identified restrictions on the growth 

of mosses introduced to cutover peat substrates when the water table falls under approximately 20 cm below 

the surface (Ketcheson and Price, 2014; Price and Whitehead, 2001). This could also result in higher 

decomposition and nutrient mineralization rates within an oxic substrate (Haapalehto et al., 2014; Nwaishi 

et al., 2015a), which could in turn inhibit the accumulation of organic matter and support the availability of 

nutrients in oxidized, rather than reduced forms (Bayley et al., 2005; Bridgham et al., 1998; Updegraff et 

al., 1995). Given that such conditions would result in an ecosite dissimilar to regional reference peatlands, 

they would also likely support the establishment and succession of non-peatland vegetation communities 

(Beckingham and Archibald, 1996; Lemmer et al., 2022) possibly including undesirable ruderal species 

(Zedler and Kercher, 2004). 

 

1.6. Thesis Objectives 

The work described herein was conducted on the first full-scale residual well pad studied following the 

implementation of the Partial Removal Technique. The residual well pad was located in a moderate-rich 
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fen complex near the town of Slave Lake, Alberta, Canada. Given the uncertainty surrounding the 

hydrological and biogeochemical suitability of residual mineral substrates for the establishment of peatland 

true mosses, the objectives of this thesis are as follows: 

1. Assess whether groundwater connectivity between a residual well pad and an adjacent fen is 

sufficient to maintain a near-surface and well-regulated water table, 

2. Characterize the hydrological suitability of a residual mineral substrate to maintain water 

availability to an introduced moss community, 

3. Characterize the biogeochemical suitability of a residual mineral substrate to maintain nutrient 

availability to an introduced moss community, and assess the role of substrate nutrient 

production and cycling in sustaining that availability, and, 

4. Assess differences in the relative importance of major atmospheric and subsurface water fluxes 

to the maintenance of saturated (anoxic) substrate moisture conditions at different times during 

the growing season. 

 

1.7. Structure of the Thesis 

The contents of this thesis have been divided into six chapters to align with the manuscript format. The 

introductory chapter provides context regarding the impacts of industrial development on peatland 

ecohydrological function on the WBP, the process of peatland initiation and development following 

paludification, and the state of knowledge regarding peatland restoration techniques for use on well pads. 

The restoration techniques examined include the Partial Removal Technique, which aims to emulate 

paludification to set introduced vegetation communities on a successional trajectory towards peatland 

ecosystem function. The introductory chapter also outlines the purpose and overarching objectives of the 

thesis. The subsequent four chapters are individual manuscripts (based on empirical data) that each address 

one of the four objectives of this thesis. 
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 Specifically, Chapter two addresses the first objective by means of a detailed field assessment of 

hydrological connectivity and water table regulation across a full-size partially removed oil well pad. 

Chapter three expands upon the research findings presented in Chapter two by means of a field assessment 

of soil moisture dynamics (including substrate water storage and availability) on the same pad, which makes 

comparisons against established literature-based moss water availability thresholds. Chapter four presents 

results from a field assessment of biogeochemical dynamics on the residual pad (including substrate 

decomposition, nutrient cycling, and nutrient supply). It then integrates the research findings presented in 

Chapter three to predict the successional trajectory of the introduced vegetation community based on a 

comparison between ecosite classifications on the site and in the broader WBP. Chapter five addresses the 

recommendations of Chapters two, three, and four by closing the residual well pad water balance over two 

growing seasons. It provides insight into the relative magnitudes of different water inputs to, and losses 

from, the pad. This is used to support the recommendation of modifications to the Partial Removal 

Technique that may shift the ecosite classification of future residual well pads closer to peatland ecosite 

types. 

 Chapter six provides a summary of the research findings presented in Chapters two through five, 

with specific emphasis on synthesizing the main contributions of the thesis to the peatland restoration 

literature. Four appendices are included after Chapter six, each of which presents additional data in support 

of the research findings and conclusions of Chapters two through five. 

 

1.8. Weather Conditions During the Thesis Study Period 

The empirical studies detailed in Section 1.7 were conducted during five growing seasons between the years 

2020 and 2024. These seasons demonstrated considerable hydroclimatic variability, presenting an 

opportunity to compare the development of ecohydrological processes during drier-than-average, typical, 

and wetter-than-average growing seasons (Table 1.1). Specifically, Chapters 2 and 3 involved an initial 
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characterization of hydrological and substrate moisture dynamics in the 2020 and 2021 growing seasons, 

during which the Lesser Slave Lake region received 98 % and 84 % of the 30-year (1991 – 2020) climate 

normal growing season rainfall (May – September), respectively (Table 1.1). The growing seasons in 2020 

and 2021 also had typical and warmer-than-average mean air temperatures, respectively (Table 1.1). Data 

collection in support of Chapter 5 was informed by the results presented in Chapters 2 and 3, and as such 

was undertaken during the subsequent two growing seasons (2022 – 2023). During these two growing 

seasons, the Lesser Slave Lake region received 62 % (2022) and 110 % (2023) of the 30-year (1991 – 2020) 

climate normal total seasonal rainfall (Table 1.1). Both 2022 and 2023 were characterized by warmer-than-

average growing seasons (Table 1.1). As biogeochemical processes on the residual well pad were highly 

dynamic in the early years post-partial removal, data collection in support of Chapter 4 was undertaken 

during all five growing seasons. This included the 2024 growing season, which received 133 % of the 30-

year (1991 – 2020) climate normal rainfall and which had warmer-than-average air temperatures (Table 

1.1). A climatogram visualizing monthly mean air temperatures and total monthly rainfall against the 

respective 30-year climate normal values is provided in Section 4.3.1. 

 

Table 1.1: Summary of growing season total rainfall and mean air temperatures for all study periods included in this thesis. All 

values are compared to 30-year regional climate normal data for the period 1991 – 2020. Additional comparisons to 30-year regional 

climate normal data for the period 1981 – 2010 are provided for the 2020 and 2021 growing seasons to ensure consistency with 

Chapter 2 of the thesis. 

Year 

Rainfall  Air Temperature 

Season 

Classification Manuscripts 

Season total 

(mm) 

Percentage of 

30-year mean 

 Season mean 

(oC) 

Percentage of 

30-year mean 

2020 286 
91 (1981 - 2010) 

98 (1991 - 2020) 

 
13.1 

99 (1981 - 2010) 

101 (1991 - 2020) 
Typical Chapters 2, 3, 4 

2021 244 
77 (1981 - 2010) 

84 (1991 - 2020) 

 
14.3 

108 (1991 - 2020) 

110 (1991 - 2020) 
Dry & warm Chapters 2, 3, 4 

2022 182 62 (1991 - 2020)  14.1 109 (1991 - 2020) Dry & warm Chapters 4, 5 

2023 320 110 (1991 - 2020)  14.9 115 (1991 - 2020) Wet & warm Chapters 4, 5 

2024 388 133 (1991 - 2020)  13.9 107 (1991 - 2020) Wet & warm Chapter 4 
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Of note to readers of this combined thesis, Chapter 2 was written and submitted for publication 

prior to the release of the 1991 – 2020 climate normals dataset by Environment and Climate Change Canada. 

As such, weather conditions detailed in Chapter 2 were compared to the older 1981 – 2010 climate normals 

dataset (Environment and Climate Change Canada, 2024a). All other manuscripts (i.e., Chapters 3 through 

5) drew comparisons against the updated 1991 – 2020 climate normals dataset (Environment and Climate 

Change Canada, 2024b). The 30-year mean growing season (May – September) rainfall differed between 

the 1981 – 2010 (317 mm) and 1991 – 2020 (292 mm) climate normal datasets. However, this did not affect 

the classification of growing seasons as dry, typical, or wet between chapters (but note that the specific 

terminology used varies by chapter in response to peer-reviewer feedback). 

Also of note to readers of this combined thesis is the fact that Chapters 2 through 4 draw 

comparisons between the 30-year climate normal dataset and regional growing season rainfall and/or air 

temperature data obtained from the Slave Lake airport weather station for the months of May through 

September. This was done to maintain consistency between years, as the tipping bucket used to measure 

rainfall was not installed on all days during the growing seasons of 2020 or 2021, and no site-level air 

temperature data was available for either of those years. Conversely, Chapter 5 draws comparisons between 

the 30-year climate normal dataset and site-level rainfall and air temperature data measured on-site for the 

months of May through August. This site-level comparison was possible because the site was instrumented 

with a tipping bucket and air temperature sensor for the full duration of those months in the 2022 and 2023 

growing seasons. 
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2 HYDROLOGICAL DYNAMICS FOLLOWING PARTIAL REMOVAL OF AN OIL 

WELL PAD UNDERGOING RESTORATION TO A BOREAL PEATLAND 

 

2.1. Introduction 

Peatlands provide a variety of ecosystem services including regulation of watershed-scale hydrological 

connectivity (Volik et al., 2024) and sequestration of globally significant quantities of carbon (Yu, 2012). 

They cover much of Canada’s boreal region, including on the Western Boreal Plain, where oil sands 

exploration and extraction have resulted in the construction of an extensive network of industrial features 

(Volik et al., 2020). As peatlands are characterized by near-surface water tables (WTs), features called well 

pads are constructed to provide an elevated base when in-situ oil drilling and extraction is undertaken in 

these environments. Well pads are constructed with mineral fill (clay or sand) which is deposited in layers 

of one to four metres thick either directly onto the peat surface or onto impermeable or semi-impermeable 

geotextile liners (M. E. Gauthier et al., 2018). 

The peat underlying features constructed out of mineral fill (including well pads and roads) 

undergoes compaction (Lemmer et al., 2022; Xu et al., 2022), reducing hydraulic conductivity at depth 

relative to adjacent peatlands (Elmes et al., 2021b). Because the mineral fill itself also replaces the 

uppermost layer of the peat profile, near-surface hydrophysical properties are considerably altered (e.g., 

increased bulk density and reduced hydraulic conductivity), which creates a barrier to lateral flow 

(Saraswati et al., 2020b). This disruption to flow can disrupt ecohydrological function (Williams-Mounsey 

et al., 2021) and result in increases in peat bulk density on the downgradient side due to deformation of the 

peat structure (Elmes et al., 2021b). Notably, the ecohydrological effects of roads have been observed in 

peatland environments as varied as boreal bogs and fens (Bocking et al., 2017; Elmes et al., 2022; Saraswati 

et al., 2020a), blanket bogs (McKendrick-Smith, 2016), and mountain bogs and fens (Chimner et al., 2010; 

von Sengbusch, 2015). Little work has been done to specifically quantify the ecohydrological effects of 

well pads (which affect boreal peatlands), although they may be similar to those of roads (Volik et al., 2020). 
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 In light of the potential negative impacts of well pads, there is a need for further detailed assessment 

of their impact on boreal peatland hydrology (Volik et al., 2020). This is especially critical in light of the 

fact that approximately 36,000 ha of well pads have been built in peatlands in western Canada as of 2019 

(UNEP, 2022), with an estimated 650 ha of additional pads constructed in peatlands in the region annually 

(Drever et al., 2021). Further, oil and gas producers in the Canadian Province of Alberta are required by 

law to return well pads to a state of “equivalent land capability” following their decommissioning (Powter 

et al., 2012). This process was recently defined in provincial-level guidelines for sites within peatlands as 

the re-establishment of peatland ecosystem function within the footprint of decommissioned pads, including 

the establishment of a peatland vegetation community (Alberta Environment and Parks, 2017). However, 

well pads in peatlands have often been reclaimed as uplands due in part to a lack of proven peatland 

restoration techniques targeted for use on these features. 

Recently, several novel techniques to reestablish peatland vegetation on sites formerly occupied by 

well pads have been tested. These include the use of a modified version of the Moss Layer Transfer 

Technique (MLTT) originally developed for use on cutover peatlands (Rochefort et al., 2003). One approach 

to using the MLTT on former well pads involves the introduction of peatland donor mosses onto organic 

substrates exposed through the complete removal or inversion of the mineral fill (Xu et al., 2022). Notably, 

this approach has been shown to improve subsurface flow through the surrounding peatland as a result of 

increases in near-surface hydraulic conductivity (Elmes et al., 2021b). However, complete removal or 

burying of the fill appears to be best optimized for the establishment of vegetation communities that are 

characteristic of ombrotrophic peatlands, given the low mineral content of the re-exposed organic substrates 

(Xu et al., 2022). Given that 63% of peatlands in western Canada are minerotrophic fens (Vitt et al., 2000), 

an alternative restoration technique has been proposed in which a well pad is only partially removed to 

lower its surface to the average elevation of the WT in the surrounding peatland. This leaves a residual clay 

or sand substrate with a high mineral cation content in contact with mosses introduced onto the surface 

using the MLTT (Vitt et al., 2011). 
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The partial removal approach is based on the natural process of paludification, whereby terrestrial 

mineral soils become saturated enough for the establishment of early fen successional species (Ruppel et 

al., 2013). Specifically, the technique aims to establish sufficient hydrological connectivity between a 

residual pad and adjacent peatlands for the maintenance of a near-surface WT and near-saturated substrate 

moisture conditions for most of the growing season. The maintenance of near-saturated substrate moisture 

levels is critical for fen moss initiation, as peatland mosses rely on the capillary connection between soil 

pores and the spaces formed between individual moss branches to access water (Goetz and Price, 2015; 

McCarter and Price, 2014). The strength of this capillary connection is dictated both by the physical 

properties of the establishing moss community (T. L. J. Gauthier et al., 2018; Ketcheson and Price, 2014) 

and the physical properties and water content of the underlying substrate (Graf and Rochefort, 2010; Price 

and Whitehead, 2001). 

Initial trials of fen vegetation initiation on mineral fill materials yielded promising results at the 

mesocosm scale (Amon et al., 2005; Borkenhagen and Cooper, 2016) as well as on small partially-removed 

experimental sections along the edges of several well pads  (M. E. Gauthier et al., 2018; Lemmer et al., 

2022; Vitt et al., 2011). On sections of pads where the lowered surface was within a few centimetres of the 

average peatland WT, hydrological connectivity with adjacent peatlands resulted in well-regulated, near-

surface WTs and high fill material moisture content (Lemmer et al., 2022). This supported the initiation of 

fen vegetation communities similar in composition to reference fens, whereas deeper WTs associated with 

higher reprofiled surface elevations (5 and 15 cm above the WT) hindered long-term peatland succession 

(M. E. Gauthier et al., 2018; Lemmer et al., 2022). Peatland moss establishment was also supported through 

the creation of microtopographic variability on residual mineral pads, as this resulted in the availability of 

microsites along a moisture gradient (Borkenhagen and Cooper, 2016; Lemmer et al., 2022). These trials 

demonstrate the feasibility of fen vegetation initiation on residual mineral fill materials at an experimental 

scale.  
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However, it has remained unclear whether hydrological connectivity with an adjacent peatland 

would be sufficient to maintain optimal substrate moisture levels following partial removal of a full-scale 

well pad. In particular, there is uncertainty about how much water interior areas on residual well pads would 

receive as a result of subsurface connectivity with adjacent peatlands, given the likelihood of reduced 

subsurface flow through the mineral fill left in place. It is also critical to understand the impact of well pads 

on the hydrology in the peatland ecosystems where they are constructed. Thus, the objectives of the present 

study are to: 

1) characterize the hydrophysical properties of the residual mineral fill on a partially removed well 

pad and peat from the adjacent peatland; and 

2) assess the relationship between substrate hydrophysical properties and hydrological connectivity 

through the surrounding peatland and across the residual well pad. 

 

2.2. Methods 

2.2.1. Study Site 

The study was conducted on a 0.8 ha decommissioned well pad surrounded by a moderate-rich fen located 

to the northeast of Slave Lake, Alberta, Canada (55° 19' 11” N, 114° 28' 22” W). The fen was characterized 

by Picea mariana, Salix spp., Pleurozium schreberi, Sphagnum angustifolium, Rhododendron 

groenlandicum, Rubus chamaemorus, and Carex aquatilis. The regional climate is characterized by mean 

annual precipitation (rainfall + snowfall) of 462 mm, 68% of which is received as rainfall during the 

growing season (May-September) (Wabasca Station, 1981-2010; Environment and Climate Change 

Canada, 2024a). The mean daily air temperature during the growing season over the same 30-year period 

was 13.3°C, while the mean annual air temperature was 1.7°C (Environment and Climate Change Canada, 

2024a). 
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The pad was constructed in 1991 through the placement of mineral fill onto the peat surface without 

a geotextile liner. It was left intact following initial decommissioning in 1996 (Alberta Energy Regulator, 

2024) and was partially removed in March 2020 by lowering its surface with heavy machinery 

(Supplementary Fig. A.1). In doing so, a layer of mineral fill approximately 50 cm thick was removed and 

was reprofiled into an extension of a natural upland ridge along the south edge of the pad to prevent the 

need for off-site disposal (Figure 2.1). The target elevation of the reprofiled pad surface was set at 20 cm 

below the elevation of the seasonal ground ice observed in the adjacent peatland at the time of field 

operations. The elevation of the seasonal ground ice in the peatland was used as a reference because it was 

Figure 2.1: Map of the study site including boundaries of the residual pad and constructed and natural upland ridges, location of 

hydrological monitoring points, cross-section location, and flow faces used for quantification of horizontal gradients and lateral 

subsurface flow (a). Hollow circles denote locations with manual WT measurements, while crossed circles denote locations where 

WT loggers were installed. Location of the study site in the boreal region within the province of Alberta, Canada (b), and aerial 

image of the residual pad and constructed ridge three months following partial removal (June 2020) (c). 
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assumed to be representative of the position of the late-season water table prior to freezing. A depth of 20 

cm below the late-season water table was selected with the intention of ensuring the reprofiled surface 

would remain saturated under late-season conditions, even in drier-than-average years. As the seasonal 

ground ice was observed to be 10 cm above the bottom of peatland hollows, the target reprofiled surface 

elevation corresponded with a depth of 10 cm below the hollows. 

Following partial removal, surface microtopographic variability was created on the reprofiled 

surface using the teeth of a bucket excavator. This was followed by the introduction of true moss diaspores 

collected from a nearby rich fen using a modified version of the MLTT (Supplementary Figs. A.2 & A.3). 

Donor mosses were collected and applied at an aerial ratio of 1:7 (donor site area to well pad area), a rate 

that was slightly higher than that typically used on cutover peat surfaces (Rochefort et al., 2003). As part of 

a related study, the residual pad was subsequently divided into 16 experimental plots, half of which were 

covered with a layer of straw mulch (Figure 2.1c; Supplementary Fig. A.3). In support of the assessment of 

site hydrological dynamics, the thickness of the residual mineral fill material left in place was determined 

with a ruled tape in three small holes augured adjacent to each hydrological monitoring point on the pad 

(n=36; Figure 2.1). The depth to the top of the basal mineral substrate underlying the peatland was 

determined using a graduated steel rod at all monitoring points. Surface elevations of low and high 

microsites on the residual pad and in adjacent peatlands were determined in August 2020 using a real-time 

kinematic GPS (RTK) (0.005 m mean vertical accuracy; S321+, Hemisphere GNSS, Scottsdale, USA). 

 

2.2.2. Hydrophysical Characterization 

The Bouyoucos hydrometer method (Bouyoucos, 1962) was used to determine the texture of disturbed 

samples of the residual mineral fill (n=12) and the basal mineral substrate underlying the peatland (n=9) in 

2020. Additional samples of the residual mineral fill were collected from the pad using 250 cm3 soil rings 

with a length of 5 cm (n=12). These were also used to collect peat from hollows in the upgradient (n=3), 
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north (n=3), and downgradient (n=3) peatlands. Analyses for bulk density, total porosity (calculated from 

particle density and bulk density), and drainable porosity were performed on each core using standard 

methods (Freeze and Cherry, 1979). Particle density was determined using the volumetric flask method 

outlined by Blake and Hartge (1986). Specifically, 50 g samples of oven-dried mineral substrate or 10 g 

samples of oven-dried peat were placed in a 100 mL volumetric flask and weighed. Flasks were 

subsequently filled with 50 mL of deionized water and boiled to remove air from the substrate. Flasks were 

then cooled and topped up with deaired deionized water to 100 mL total volume (substrate + deionized 

water) and weighed. A glass thermometer was used to measure the temperature of each flask to permit 

temperature-specific volume correction. Particle densities were then calculated based on the weights of the 

empty (air-filled) flask, water-filled flask, flask containing only substrate, and water and substrate-filled 

flask (Blake and Hartge, 1986). Vertical saturated hydraulic conductivity (Kv) was determined for each core 

using a constant head permeameter for peat cores (n=9) and an automated falling head permeameter for 

mineral cores (n=12) (KSAT, Meter Group, Pullman, USA). Subsamples of each core (10 g) were oven 

dried for 24 hours at 105oC (mineral subsamples) or 80oC (peat subsamples) prior to the estimation of 

organic matter content through loss-on-ignition (550oC for 4 hours; Heiri et al., 2001). Additional 

horizontally-oriented cores of the same volume as vertical cores were taken to determine horizontal 

saturated hydraulic conductivity (Kh) using the falling head permeameter (n=12). The anisotropy of the 

mineral fill was calculated as Kh/Kv for each pair of cores (n=12). 

The Kh was also determined in-situ at each monitoring point using bail tests performed on 

piezometers (2.5 cm i.d.) with 20 cm intake screens centred at depths of 25, 50, and 100 cm below ground 

surface. Screens were covered with filter sock (Nilex, Edmonton, Canada), and piezometers were developed 

prior to measurement (Surridge et al., 2005). The hydrostatic time-lag method was used for analysis 

(Hvorslev, 1951), and the geometric mean of all Kh tests conducted at a given depth in each of four areas 

(the upgradient, north, and downgradient peatlands, and the pad; Figure 2.1) was taken for comparison. All 

bail tests with recovery <90% were excluded from the data analysis. Measurements of in-situ infiltration 
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rate were completed on the reprofiled pad (n=12) using an automated dual head infiltrometer (SATURO, 

Meter Group, Pullman, USA) during dry conditions in September 2021. 

 

2.2.3. Hydrological Connectivity 

Manual measurements of depth to water table (DWT) were taken monthly during the 2020 (June 15 to 

August 14) and 2021 (May 16 to September 14) study periods in fully slotted wells (5.1 cm i.d.), extending 

to a depth of 1 m below ground surface at each monitoring point. Half-hourly DWT was recorded using 

pressure transducers (HOBO U20L, Onset, Bourne, USA) during both seasons in a subset of four wells on 

the pad and one well in each peatland (Figure 2.1). Due to logger installation errors in 2021, DWT values 

exceeding between -37.5 and -75 cm (depending on the well) were not recorded on the pad. All DWT values 

were converted to absolute WT elevations using the elevation of well tops, determined in 2020 using the 

RTK (0.006 m mean vertical accuracy). WT elevations were used to calculate lateral hydraulic gradients 

and to develop maps of hydraulic head using inverse distance weighted interpolation (power = 4, search 

radius = 50 m) in ArcMap (ESRI, version 10.8.1). Vertical hydraulic gradients were calculated monthly 

using head values in all piezometers.  

 Subsurface flow was quantified across the east, north, and west pad edges, as well as across flow 

faces extending through the east and west halves of the pad and through each peatland area (Figure 2.1). 

When manual WT measurements were available, specific discharge (q) was calculated using Darcy’s Law: 

𝑞 =  −𝐾ℎ
𝑑ℎ

𝑑𝑙
      (2.1) 

where dh/dl is the average horizontal hydraulic gradient across a flow face on a given day (Freeze and 

Cherry, 1979). To account for heterogeneity in the vertical distribution of hydrophysical properties within 

the soil profile (Quinton et al., 2008), an equivalent horizontal hydraulic conductivity was calculated for 

the soil profile at each flow face each day for use in Eq. 2.1: 
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𝐾ℎ =  ∑
𝐾𝑖𝑑𝑖

𝑑
𝑛
𝑖=1       (2.2) 

where d is the height of the saturated soil profile (the mean distance between the WT and basal mineral 

substrate underlying the peatland), Ki is the hydraulic conductivity of a depth interval of soil within that 

profile, and di is the height of that depth interval, excluding any proportion of that interval which is above 

the WT (Freeze and Cherry, 1979). As a form of weighted averaging, this standard approach uses the 

proportion of the saturated profile made up of each depth interval as a weighting factor which is multiplied 

by the Kh of that layer or interval. For calculations across flow faces located within a given peatland, the 

Kh measured using bail tests in piezometers centred at 25 and 50 cm in that peatland were applied to the 0-

40 and 40-75 cm depth intervals, respectively. The Kh measured in piezometers centred at 100 cm in a given 

peatland was applied to the interval between 75 cm and the basal mineral soil underlying that area. For 

calculations across flow faces located within and along the edges of the pad, the Kh of the mineral fill over 

the 0-8 cm depth was applied to the 0-10 cm interval. The interval from 10 cm to the base of the pad was 

assigned the Kh of the mineral fill measured using bail tests at 25 cm. The Kh of peat measured using 

piezometers centred at the 50 and 100 cm depths were applied to the intervals between the bottom of the 

pad and 75 cm, and between 75 cm and the basal mineral soil, respectively. The equivalent horizontal 

hydraulic conductivity of the soil profile within the pad footprint was used for fluxes across pad edges, as 

it was lower than that within all of the surrounding peatland areas, thus constraining the maximum rate of 

flow across any given pad edge.  

Volumetric flow rates (Q) were calculated for flow faces located within and along the edges of the 

pad: 

𝑄 =  𝑞 ⋅ 𝐴     (2.3) 

where A is the cross-sectional area of a given flow face (Freeze and Cherry, 1979) and q is the specific 

discharge (Eq. 1). The outer bounds of each flow face were defined as the length or width of the pad (Figure 

2.1), while the height of the saturated profile was taken as the height of the flow face. 
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2.2.4. Rainfall 

Total hourly rainfall was measured using a tipping bucket installed near the centre of the pad (ECRN-100, 

Decagon, Pullman, USA). Due to logger failure, site-level rainfall data was unavailable for 24 of the 53 

days in the 2020 study period. A linear regression model (Allen et al., 1998) was developed between site 

data and data from the Slave Lake airport (~20 km away) for the period the logger was functional. The 

regression (R2 = 0.90) was used to gap fill missing rainfall data for the site. 

 

2.2.5. Data Analysis 

Parametric t-tests or analysis of variance (ANOVA) were used to identify inequality between group means 

when data met the normality assumption, as assessed using Shapiro-Wilk tests and graphical inspection of 

residual distribution. Logarithmic transformations were applied when this assumption was not met. When 

transformations were ineffective, non-parametric Kruskal-Wallis tests were conducted. Post-hoc analyses 

were conducted using either Tukey’s HSD (parametric) or Dunn’s (non-parametric) tests. All analyses were 

completed using R (v4.3.1; R Core Team, 2022) with α = 0.05 taken as the threshold for significance. 

 

2.3. Results 

2.3.1. Rainfall 

The Lesser Slave Lake region received 286 and 244 mm of rainfall between May 1 and September 30 in 

2020 and 2021, respectively, representing 91% and 77% of 30-year regional average rainfall over the same 

period (Slave Lake Station; Environment and Climate Change Canada, 2024b). Reflecting this pattern, 

regional mean daily rainfall was significantly lower in the second season than in the first (Kruskal-Wallis, 

p < 0.001), and 2020 and 2021 are accordingly referred to herein as ‘typical’ and ‘dry’ years, respectively. 

Despite the differing total rainfall amounts, most growing season rainfall was received before July 15 in 
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both years, with 70% and 64% received before this date in 2020 and 2021, respectively. During the drier 

2021 study period, individual site-measured rainfall events were generally of low magnitude (median = 1 

mm), short duration (median = 2 hrs), and low intensity (median = 0.5 mm hr-1). However, infrequent large 

rainfall events delivered more than 10 mm day-1 on several dates during both seasons. 

 

2.3.2. Residual Pad Surface Elevation 

As targeted, partial removal resulted in a relatively level reprofiled surface (σ of low microsites = 9 cm), 

with the mean low microsite elevation falling 9 and 11 cm lower than that of hollows in the upgradient and 

Figure 2.2: Inverse distance weighted interpolation map of the residual pad surface elevation following partial removal (metres 

above sea level; measured at low microsites) and peatland surface elevation (metres above sea level; measured in hollows). 
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north peatlands, respectively (Figure 2.2). Notably, however, the average surface elevation of hollows in 

the downgradient peatland (588.23 m above sea level; m a. s. l.) was slightly more than 30 cm lower than 

those in the upgradient (588.55 m a. s. l.) and north (588.57 m a. s. l.) peatlands. As a result, the mean 

elevation of low microsites on the pad was 23 cm higher than the mean surface elevation in hollows in the 

downgradient peatland (Figure 2.2), which falls considerably higher than the expected late-season WT 

position in that area. Surface roughing resulted in microsites with a mean amplitude of 19 cm. Notably, 

mean microsite amplitude was observed to have decreased by 6 cm by the end of the second growing season 

due to settling of the fill. 

 

2.3.3. Substrate Hydrophysical Properties 

2.3.3.1. General Characterization 

The mean thickness of the residual pad was 37.5 cm, although it was spatially variable, ranging from 15 to 

69 cm. The underlying peat had a mean thickness of 81 cm, which was again variable, ranging from 23 to 

118 cm. The mean depth of the peat profile was 104, 100, and 113 cm in the upgradient, north, and 

downgradient peatlands, respectively. The basal mineral substrate underlying the peat profile was classified 

as clay loam, while the residual mineral fill was classified as loamy sand and had a low mean organic matter 

content (2.1%; Table 2.1). Porosity of the upper 5 cm of the mineral fill was considerably lower than that 

of peat from adjacent peatlands over the same interval (0.38 compared to 0.95-0.97), and it had a higher 

particle density (2.54 g cm-3 compared to 1.45-1.65 g cm-3; Table 2.1). Similarly, the mineral fill had a 

considerably higher bulk density (1.57 compared to 0.05-0.08 g cm-3) and lower drainable porosity (0.22 

compared to 0.44-0.49; Table 2.1) relative to the peat substrate. Particle and bulk densities were 

significantly higher at 0-5 cm in the downgradient peatland than in the upgradient peatland (ANOVA, p = 

0.008 and 0.01, respectively), while the opposite was true for porosity (p = 0.04). However, it is important 

to note that the magnitudes of these differences were limited (Table 2.1). 
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Table 2.1: Summary of the hydrophysical properties of the residual mineral fill, near-surface peat collected from hollows in the 

adjacent peatlands, and the underlying basal mineral substrate. Arithmetic or geometric standard deviations are reported in brackets 

following arithmetic and geometric means, respectively. 

Location/ 

substrate 

Depth 

(cm) 

Bulk 

density 

(g cm-3) 

Particle 

density 

(g cm-3) 

Total 

porosity 

Drainable 

porosity 

Organic 

matter 

content 

(%) 

Kh 

(m s-1) * 

Kv 

(m s-1) * 

Infiltration 

rate 

(m s-1) * 

Anisotropic 

ratio 

(Kh/Kv) 

Sand 

(%) 

Silt 

(%) 

Clay 

(%) 

Residual mineral 

fill 
0-5 

1.57 

(0.10) 

2.54 

(0.04) 

0.38 

(0.04) 

0.22 

(0.04) 

2.1 

(0.7) 

5.20 x 10-6 

(1.91) 

4.77 x 10-6 

(1.59) 

7.35 x 10-6 

(2.41) 

1.43 

(1.24) 

81.3 

(3.9) 

15.7 

(3.8) 

3.0 

(1.7) 

Upgradient 

peatland 
0-5 

0.05 

(0.01) 

1.45 

(0.07) 

0.97 

(0.01) 

0.46 

(0.08) 

95.3 

(0.9) 
- 

2.41 x 10-3 

(1.09) 
- - - - - 

North peatland 0-5 
0.07 

(0.02) 

1.55 

(0.05) 

0.97 

(0.01) 

0.44 

(0.06) 

93.7 

(0.8) 
- 

3.05 x 10-3 

(1.18) 
- - - - - 

Downgradient 

peatland 
0-5 

0.08 

(0.03) 

1.65 

(0.14) 

0.95 

(0.01) 

0.49 

(0.12) 

90.6 

(3.9) 
- 

2.35 x 10-3 

(1.10) 
- - - - - 

Basal mineral 

substrate 
150 - - - - - - - - - 

40.6 

(14.5) 

31.7 

(9.8) 

27.8 

(5.5) 

*Geometric means and standard deviations (all others are arithmetic means and standard deviations) 

 

2.3.3.2. Hydraulic Conductivity and Infiltration Rate 

In all peatland areas, Kh decreased with depth below the surface (Figure 2.3). This was also observed for 

the residual pad and underlying peat, with the exception that Kh of the mineral fill over 0-5 cm was 

significantly lower than that measured over 15-35 cm (t-test, p < 0.001; Figure 2.3). As expected, the Kh of 

the mineral fill over the 15-35 cm depth was significantly lower than Kh in all peatlands over the same depth 

(Kruskal-Wallis, p < 0.001), while it did not vary significantly between peatlands. Over the 40-60 cm depth, 

the Kh of the peat underlying the pad and in the downgradient peatland did not significantly differ (Kruskal-

Wallis, p > 0.05), but they were both significantly lower than Kh over that depth in the upgradient and north 

peatlands (p < 0.001). No significant difference in Kh was observed anywhere on the site over the 90-110 

cm depth (Kruskal-Wallis, p > 0.05) (Figure 2.3; Supplementary Table A.1). Notably, the infiltration rate 

(geometric mean = 7.35 x 10-6 m s-1) and Kv (geometric mean = 4.77 x 10-6 m s-1) on the pad did not differ 

significantly (t-test; p = 0.15). 
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2.3.4. Peatland Hydrological Dynamics 

2.3.4.1. Peatland Hydraulic Gradients and Subsurface Flow 

Horizontal hydraulic gradients in the peatland were generally directed from east to west (Figure 2.4b). The 

seasonal mean horizontal gradient through the upgradient and north peatlands in the 2020 season was -

0.001, which corresponded with mean specific discharges of 4.7 and 4.5 mm day-1, respectively (Figure 

2.5i,m). In the downgradient peatland that year, a slightly larger seasonal mean horizontal gradient of -

0.002 was unexpectedly associated with a lower mean specific discharge of only 3.9 mm day-1 (Figure 

2.5i,m). Patterns were similar in the drier 2021 season. Specifically, a seasonal mean horizontal gradient of 

-0.002 in both the upgradient and north peatlands was associated with mean specific discharge of 5.0 and 

6.7 mm day-1, respectively (Figure 2.5k,o). Notably, small reversals in the direction of the horizontal 

Figure 2.3: Geometric mean Kh by depth below ground surface. Horizontal bars illustrate the range of measured values, with outer 

bounds defined by minimum and maximum values. Pad values for 0-5 and 25 cm b.g.s. represent Kh of the residual mineral fill, 

while values at 50 and 100 cm b.g.s. represent Kh of the underlying peat. 
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gradient in the downgradient peatland late that season (from +0.002 to +0.004; Figure 2.5k) resulted in pad-

directed specific discharge on several dates (mean = 0.73 mm day-1; negative values on Figure 2.5o). 

Interestingly, despite larger horizontal gradients observed across the upgradient pad edge (between 

-0.005 and -0.014) than through the north peatland (between -0.001 and -0.005) on all measurement dates 

(Figure 2.5i-l), specific discharge across that edge (1.1-3.5 mm day-1) was always lower than through the 

north peatland (3.3-12.9 mm day-1) (Figure 2.5m-p). Also of note, the peatland may have been 

hydrologically connected to groundwater in the basal mineral substrate. For instance, downward-directed 

vertical hydraulic gradients were usually observed in the upgradient (mean = -0.01) and north (mean = -

0.04) peatlands, potentially indicating some degree of groundwater recharge. Conversely, vertical gradients 

downgradient of the pad were usually surface-directed (mean = 0.01), indicating some degree of 

groundwater discharge. 

Figure 2.4: Cross-sectional diagrams (vertical exaggeration = 10) of the residual pad and adjacent peatlands along transect A-A’ 

under representative wet (18 June 2020), intermediate (10 August 2020) and dry (10 August 2021) conditions, including water table 

elevation and conceptual (qualitative) flow lines (a). Interpolation maps of WT elevation (equipotential surface) for each date, 

including conceptual (semi-quantitative) flow lines (b). Regional flow direction is from right to left for both (a) and (b). 
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2.3.4.2. Peatland Water Table Dynamics 

The WT in the peatland was well-regulated during the first, typical season (seasonal σ DWT < 0.04 m at 

logged wells; Supplementary Table A.2). The lowest WT was consistently observed in the downgradient 

peatland (Figure 2.4), where it remained just below the surface of peatland hollows for the full duration of 

the season (Figure 2.5e). Comparatively, peatland WT dynamics were more poorly regulated during the 

second, drier growing season (seasonal σ DWT > 0.10 m at logged wells) (Figure 2.5c,g). During this 

season, DWT was again greatest in the downgradient peatland, where it exceeded -0.50 m for a brief period 

in August (Figure 2.5g). Conversely, the WT in the upgradient peatland remained closer to the surface and 

reached a maximum depth of only -0.23 m (Figure 2.5g). Combined with the difference in surface elevation 

between the upgradient and downgradient peatlands, this resulted in considerable differences in absolute 

WT elevation of between 0.45 and 0.61 m between those two areas on dates when manual WT 

measurements were available (Figure 2.4b). 

 

2.3.5. Residual Pad Hydrological Dynamics 

2.3.5.1. Residual Pad Subsurface Fluxes: Wet Conditions 

Under early season conditions in both years, the residual pad received water inputs from the peatland along 

its upgradient (east) and north sides and lost varying amounts of water to the downgradient (west) peatland 

(Figure 2.4b). Specifically, combined volumetric flow into the pad footprint (into both the mineral fill and 

underlying peat) from the upgradient and north peatlands was 0.28 and 0.30 m3 day-1 on each of 18 June 

and 13 July in the first year (Figure 2.5q), while between 0.31 and 0.44 m3 day-1 was lost across the 

downgradient edge (Figure 2.5q). At the same time, the mean volumetric flow across the interior of the pad 

footprint (through both the mineral fill and underlying peat along the upgradient and downgradient within-

pad flow faces; Figure 2.1) was relatively small during this period (0.07-0.08 m3 day-1) due to the small 

magnitude of within-pad horizontal hydraulic gradients (Figure 2.4). 
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Figure 2.5: Plots of site daily precipitation (P; gap filled for 2020) (a-d), depth to water table (DWT; e-h), horizontal hydraulic 

gradients (i-l), horizontal specific discharge (q) (m-p), and horizontal volumetric flow rates (across pad edges; Q) (q-r), separated 

by growing season and location (adjacent peatlands or the residual pad). Negative horizontal gradients denote gradients either 

directed along regional flow paths (east to west; peatland fluxes) or directed into the pad (pad edge fluxes). Positive q and Q denote 

flow either in the direction of regional flow (east to west; peatland fluxes) or onto the pad (pad edge fluxes). 
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Similar patterns were initially observed towards the start of the second, drier season, with the pad 

footprint receiving a combined input of 0.30 m3 day-1 from the upgradient and north peatlands on 16 May 

(Figure 2.5r). However, the loss to the downgradient peatland was, in this case, restricted to 0.12 m3 day-1 

as a result of the lower WT in the interior of the pad than that observed in the first season (Figure 2.5r). 

Following a 7 mm rainfall event on 18 May, water loss from the pad footprint to the downgradient peatland 

nearly tripled to 0.32 m3 day-1 as a result of a rapid increase in WT elevation on the pad (Figure 2.5h,r). 

Conversely, inputs across the upgradient and north edges remained approximately the same following the 

rainfall event (Figure 2.5r). 

 

2.3.5.2. Residual Pad Subsurface Fluxes: Intermediate Conditions 

In contrast with early-season conditions, the residual pad footprint consistently received subsurface inputs 

from all sides under slightly drier late-season conditions in the first year (Figure 2.5q). Inputs across the 

downgradient (west) edge were associated with flow reversals (flow from west to east) across that edge 

which occurred when the WT within the pad footprint was lower than the WT in the downgradient peatland 

(Figure 2.4a). On 10 August of the first season, for example, a flow reversal across the downgradient pad 

edge (Figure 2.4) resulted in an input to the pad footprint of 0.10 m3 day-1 from the downgradient peatland 

(positive values on Figure 2.5q). Highlighting the importance of rainfall in pad hydrological dynamics, an 

increase in WT elevation in the interior of the pad following a 4 mm rainfall event reduced the magnitude 

of the flow reversal from 0.10 to 0.05 m3 day-1 (Figure 2.5b,f,q). Within the pad footprint under these 

slightly drier conditions, the difference in WT elevation between areas adjacent to the upgradient edge and 

in interior areas (Figure 2.4) resulted in considerably higher subsurface flow across the upgradient within-

pad flow face towards the pad centre (0.27 m3 day-1) than in the early season. However, in contrast with 

wetter early-season conditions, much of this flow occurred in the peat underlying the residual mineral fill 

and not in the fill itself. 
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2.3.5.3. Residual Pad Subsurface Fluxes: Dry Conditions 

The driest conditions observed within the pad footprint occurred through the mid- to late-season in the 

second year. Under these conditions, flow reversals across the downgradient pad edge again played an 

important role in the subsurface water balance. For example, a flow reversal was observed across the 

downgradient pad edge under dry conditions on 20 July that season (Figure 2.5l), resulting in an input of 

0.12 m3 day-1 from the downgradient peatland into the peat underlying the mineral fill (Figure 2.5r). On the 

same date, input across the upgradient edge (0.16 m3 day-1) was lower than that observed in the early season 

but was comparable to that observed under intermediate conditions late in the first season. Similar to 

observations made under intermediate conditions late in the first, typical season, relatively large volumetric 

flow rates were observed across the upgradient within-pad flow face under dry conditions. This was again 

a result of the large difference in WT elevation between the upgradient and inner portions of the pad 

footprint and resulted in subsurface flow of between 0.36 and 0.26 m3 day-1 across the upgradient flow face. 

Notably, the largest inputs from the upgradient (0.38 m3 day-1) and north (0.29 m3 day-1) peatlands 

were measured during the driest conditions observed (10 August 2021) when the WT within the residual 

pad footprint was at its lowest (Figure 2.4), and horizontal hydraulic gradients across the upgradient and 

north edges were accordingly large (Figure 2.5l). The subsurface flow associated with these inputs occurred 

almost exclusively between the adjacent peatlands and the peat underlying the mineral fill, with only 

minimal flow into the mineral fill itself occurring (Figure 2.4a). This was in contrast with the inputs 

observed during wet and intermediate conditions, when the upgradient and north edge flow faces were 

entirely saturated (Figure 2.4a). Concurrently, a flow reversal across the downgradient edge (Figs. 4 & 5l) 

resulted in an input from the downgradient peatland to the peat underlying the mineral fill of 0.07 m3 day-

1, and contributed to the largest net input observed during the study (0.73 m3 day-1; Figure 2.5r). In contrast, 

the low WT on the pad adjacent to the upgradient edge (Figure 2.4) reduced volumetric flow across the 

upgradient within-pad flow face to only 0.19 m3 day-1, all of which was through the underlying peat. 
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2.3.5.4. Residual Pad Water Table Dynamics 

In line with the consistent subsurface inputs received by areas of the pad footprint adjacent to the upgradient 

and north peatlands in the first, typical season, the WT along those edges remained at or just below the 

surface (and within the residual mineral fill) for the duration of that season (seasonal mean DWT = -0.02 

and +0.09 m for logged wells) (Figure 2.5f; Supplementary Table A.2). At these locations, the WT was well 

regulated (seasonal σ DWT = 0.03 and 0.07 m) and did not demonstrate substantial responses to rainfall 

until late in the season (Figure 2.5f). Conversely, WTs in the downgradient and inner areas of the pad 

footprint were consistently deeper (seasonal mean DWT = -0.13 m and -0.26 m for logged wells) and were 

more poorly regulated for the duration of the season (seasonal σ DWT = 0.17 and 0.14 m; Figure 2.5f). 

Notably, the WT in these interior areas did not generally fall below the interface between the residual 

mineral fill and the underlying peat in the first season (Figure 2.4a). 

Similar patterns were observed for downgradient and inner areas of the pad during the second, drier 

season. However, DWT was greater owing to the drier conditions (mean DWT = -0.19 and -0.51 m for 

logged wells), with the WT regularly falling below the mineral fill and into the underlying peat (Figure 

2.4a). For example, DWT at the inner logged well notably reached -0.7 m as early as late May (Figure 

2.5h). Although the WT in upgradient and north areas of the residual pad footprint remained closer to the 

surface (seasonal mean DWT = -0.13 and -0.02 m for logged wells; Figure 2.4v), it also became poorly 

regulated by late June following a period with no rainfall (Figure 2.5h). Notably, it also fell below the 

interface between the mineral fill and the underlying peat for a period in August (Figure 2.4a). 

Further, responses of DWT to rainfall were of greater magnitude for all wells within the residual 

pad footprint under drier conditions, with the greatest responses occurring at the downgradient and inner 

wells late in the second season, where WT elevation increased by up to 0.5 m after rainfall (Figure 2.5h). 

Downward-directed vertical hydraulic gradients (between -0.005 and -0.17) were also observed under all 

conditions in both seasons between the 25 cm depth within the residual pad and the 100 cm depth in the 

underlying peat. This indicates that some degree of vertical flow out of the residual mineral fill and into the 
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underlying peat contributed to poor WT regulation whenever the WT was situated within the residual fill 

(Figure 2.4a). 

 

2.4. Discussion 

2.4.1. Substrate Hydrophysical Properties 

The mean Kh of the residual mineral fill left in place following partial pad removal (1.15 x 10-5 m s-1) was 

as much as an order of magnitude lower than that measured over the 15-35 cm depth in the adjacent 

surrounding peatland (8.8 x 10-5 - 1.28 x 10-4 m s-1). Notably, an even greater difference in Kh could be 

expected between the residual mineral fill and adjacent peat within the upper 15 cm of the soil profile, 

where peat Kh values greater than 1.0 x 10-3 m s-1 are commonly reported (Elmes and Price, 2019; Quinton 

et al., 2008; Waddington et al., 2015). The increase in Kh of the mineral fill with depth may have been a 

result of mixing between deeper fill and the underlying peat during pad construction as no geotextile liner 

was used or may have been a result of non-uniform settling of the peat and mineral fill over time (O’Kelly 

and Pichan, 2013). Either way, the hydrological implications of this increase with depth are likely to be 

limited, given that even the lower layers of fill had a significantly lower Kh than the adjacent peat at the 

same depth. 

Similar to the residual mineral fill, the Kh of the peat underlying the pad over the 40-60 cm depth 

interval (9.26 x 10-6 m s-1) was significantly lower than the Kh in the upgradient (4.54 x 10-5 m s-1) and north 

(4.76 x 10-5 m s-1) peatlands over that interval, indicating compaction due to the weight of the mineral fill. 

This is not unexpected, as peat compaction has been observed in peatlands impacted by the placement of 

mineral fill for the construction of well pads (Lemmer et al., 2022; Xu et al., 2022) and roads (Elmes et al., 

2021b). The fact that no significant difference in Kh was observed between the underlying peat and adjacent 

peatlands at the 90-110 cm depth suggests compaction was primarily limited to the upper peat profile. This 

is likely because peat at depth is less porous (and thus less compressible) than near-surface peat due to its 
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advanced state of decomposition and natural compaction by the weight of the peat profile above (Price, 

2003). 

Peat bulk and particle densities were slightly but significantly higher in downgradient than 

upgradient peatland hollows, whereas porosity demonstrated the opposite trend. This may be related to peat 

deformation downgradient of the pad resulting from the low WT consistently observed there, which would 

have resulted in desaturation and collapse of soil pores and oxidation of peat near the surface (Price, 2003; 

Waddington et al., 2015). Notably, however, the bulk density (0.08 g cm-3), particle density (1.65 g cm-3), 

and porosity (0.95) values obtained in the downgradient peatland are similar to those reported for 

undisturbed fens in the region (0.05-0.09 g cm-3, 1.51-1.57 g cm-3, 0.95-0.96, respectively; Redding & 

Devito, 2006). A potential explanation for this is that the downgradient peatland may already have been 

functioning as a peatland margin swamp prior to pad construction, especially given the presence of a tall 

and well-established tree canopy, observed communities of dry-adapted feathermosses, and its location 

adjacent to the natural upland ridge (vegetation data not shown; Figure 2.1). Peatland margin swamps are 

naturally characterized by dense upper-story vegetation and a high density of feathermosses given their 

location along the transition from dry upland to wet fen ecosystems (Elmes et al., 2021a). In addition, long-

term shifts in the vegetation community composition towards a denser upper-story and higher proportion 

of feathermosses might have occurred since construction of the pad 29 years prior to the study period. Shifts 

of this nature have been observed downgradient of roads built in peatlands (Miller et al., 2015; Willier et 

al., 2022). Either way, the high proportion of feathermosses (slow decomposition) and shrubs (provision of 

a woody lattice structure) in the downgradient peatland may have provided a buffer against more extensive 

peat deformation than that observed in the downgradient peatland in the present study (Moore et al., 2015). 
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2.4.2. Peatland Hydrological Connectivity 

Preferential flow around the northeast corner of the pad occurred under all conditions observed, as 

evidenced by larger specific discharge through the north peatland (3.3-12.9 mm day-1) than across the 

upgradient (east) pad edge (1.1-3.5 mm day-1) on all measurement dates. This occurred despite steeper 

observed horizontal hydraulic gradients across the upgradient pad edge (between -0.005 and -0.014) relative 

to the north peatland (between -0.001 and -0.005), indicating preferential flow was a direct result of the low 

Kh of the residual mineral fill and underlying compacted peat. Of the two materials, the low Kh of the 

residual mineral fill likely limited subsurface flow to the greatest extent, given that Kh, and thus the 

magnitude of subsurface flow, is highest near the surface of undisturbed peatlands (Quinton et al., 2008). 

Interestingly, the observed preferential flow supported maintenance of a consistently high WT in the north 

peatland, resulting in pad-directed horizontal gradients and subsurface flow across the north pad edge on 

all measurement dates (0.1-2.7 mm day-1). Thus, preferential flow around the pad appears to have 

contributed to the near-surface WTs observed along the north edge of the residual pad. Notably, however, 

the magnitude of preferential flow around the residual pad was likely compounded by the natural ridge to 

the south, which prevented flow around the southeast corner of the pad and which may have directed water 

flow towards the north peatland to some extent even prior to pad construction (Figure 2.1). Accordingly, 

the degree of preferential flow may be more limited around pads that are not connected to upland features. 

Limited flow through the pad and underlying peat are also likely responsible for the greater DWT in the 

downgradient peatland compared to that upgradient of the pad. Similar effects have been reported 

downgradient of roads built perpendicular to flow in peatlands due to the ‘damming’ effect of the mineral 

fill and underlying compacted peat (Bocking et al., 2017; Saraswati et al., 2020b). 

The low WT  in the downgradient peatland also likely explains the low Kh over the 40-60 cm depth 

there (1.1 x 10-5 m s-1), which did not significantly differ from that of compacted peat beneath the pad. This 

is again likely due to the deformation of the pore structure associated with reductions in pore pressure, 

which reduces peat Kh (Price, 2003). Notably, reductions in Kh at depth have also been observed in a 
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peatland downgradient of a former road (Elmes et al., 2021b). Deformation of the pore structure is also 

apparent through the lowered surface elevation of the downgradient peatland, which was more than 30 cm 

lower than that in other peatland areas despite the limited distance between it and those areas (Figure 2.2). 

Importantly, the lower Kh in the downgradient peatland often resulted in lower specific discharge through 

that peatland relative to the other peatland areas despite having similar horizontal hydraulic gradients 

(Figure 2.5). This autogenic limitation on subsurface flow would have limited the rate of WT drawdown in 

the downgradient peatland (Elmes and Price, 2019; Waddington et al., 2015), in turn acting as a limitation 

on fluxes out of the pad by restricting the magnitude of peatland-directed gradients and fluxes across the 

downgradient pad edge. Further, this negative feedback on WT drawdown would have contributed to the 

flow reversals observed across the downgradient pad edge under dry conditions when WT in the 

downgradient peatland was higher than that in the downgradient portion of the pad. These in turn resulted 

in small-magnitude water inputs to the downgradient portion of the pad footprint (0.4-1.2 mm day-1). 

Notably, similar gradient and flow reversals have been observed in a peatland downgradient of a road 

constructed out of mineral fill (Saraswati et al., 2020b). 

The low downgradient peatland WT may also have been responsible for (but offset somewhat by) 

possible groundwater discharge driven by small surface-directed vertical gradients, which were observed 

under most conditions in this area (0.01-0.03). In groundwater-connected fens, low WT levels can result in 

groundwater pressures within the peat profile dropping below those of deeper groundwater, leading to 

surface-directed discharge (Elmes and Price, 2019). However, only limited connectivity with deeper 

groundwater can be expected in peatlands underlain by fine textured substrates (Ferone and Devito, 2004; 

Reeve et al., 2000), and it may therefore be of limited importance here. Instead, the observed upward 

gradients may be a result of localized gradient reversals occurring exclusively within the peat profile, which 

can occur under dry conditions even in the absence of connectivity with regional or intermediate 

groundwater flow systems (Devito et al., 1997). Installation of piezometers within the underlying basal 

mineral substrate would be required to estimate the magnitude of vertical groundwater exchange 
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confidently, and thus, no conclusions can be drawn about the impact of the pad on vertical groundwater 

flow at present. 

 

2.4.3. Residual Pad Hydrological Connectivity 

The well-regulated hydrological conditions observed along the upgradient and north edges of the pad under 

most meteorological conditions can be attributed to hydrological connection with adjacent peatlands. 

Combined volumetric flow across these edges was between 0.24 and 0.31 m3 day-1 under typical wet early 

season conditions and generally increased to between 0.29 and 0.66 m3 day-1 under the driest conditions 

observed. This was in response to the steepening of horizontal hydraulic gradients associated with 

reductions in WT elevation on the pad. This feedback response was sufficient to buffer the WT within 

approximately 20-40 m of the upgradient and north pad edges against substantial further decreases in 

elevation, as evidenced by its near-surface position under all but the driest conditions observed (Figs. 4 & 

5). The high WT in the upgradient peatland (resulting from water impoundment upgradient of the residual 

pad) and north peatland (resulting from preferential flow around the residual pad) contributed to this 

buffering effect by enhancing the magnitude of pad-directed horizontal hydraulic gradients, and thus also 

that of lateral subsurface inputs. 

By the end of both seasons, well-regulated, near-surface WTs on the pad were constrained to the 

pad edges, and were generally only observed within 20-40 m of the upgradient and north sides of the pad 

(Figure 2.4). Low WTs in interior areas and along the downgradient edge can be attributed in part to the 

low fluxes through the pad observed on nearly all measurement dates due to the low saturated profile Kh. 

Poor WT regulation in these areas was a result of rapid transmission of rainfall to the WT, as rainfall rates 

(generally < 10 mm hr-1) were normally lower than the mean Kv and infiltration rate of the fill (both > 15 

mm hr-1), which had a low water retention capacity (data not shown) and high drainable porosity. Further, 

consistently downward-directed vertical hydraulic gradients and rapid WT drawdown following late-season 
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rainfall indicate that drainage to the underlying peat must have been largely unimpeded. Notably, no 

geotextile liner was present on this site to inhibit drainage. However, these results suggest liners may 

improve WT regulation within residual mineral pads during dry periods. Combined, the high early-season 

WTs observed in interior and downgradient areas of the residual pad were likely a result of snowmelt and 

the greater frequency of rainfall during this period as opposed to being supported by subsurface connectivity 

with adjacent peatlands.  

Also, during the drier second season, the WT regularly dropped below the interface between the 

residual mineral fill and underlying peat. However, during the first season (which received close to long-

term average rainfall), the lowest WT elevations observed closely matched the elevation of the interface 

(Figure 2.4a). This suggests that the lower specific yield of compressed peat (Elmes and Price, 2019) 

relative to the sandy mineral fill was an important factor in WT regulation and that pad thickness may be a 

good predictor of late-season DWT in interior and downgradient areas of residual pads. Conversely, WT 

elevation in interior areas was not aligned with the surface elevation profile of the residual pad in the late 

season (Figure 2.4a). Thus, reprofiled surface elevation may be less important for mediating DWT than pad 

thickness, at least on pads comprised of sandy mineral fill. Also, the volume of lateral subsurface inputs to 

the pad and underlying peat was generally greater than the volume of subsurface losses (by between 0.17 

and 0.73 m3 day-1), except under very wet early season conditions following the spring freshet. While this 

may be due in part to short-term increases in soil water storage, longer-term declining trends in soil water 

content (data not shown) indicate evapotranspiration is likely an important term in the pad water balance, 

which is expected given the regional subhumid climate (precipitation < potential evapotranspiration)  

(Brown et al., 2010). Evapotranspiration accordingly plays an important role in hydrological dynamics in 

natural (Petrone et al., 2007) and constructed (Scarlett et al., 2017) peatlands in the region. Also, the greatest 

net subsurface inputs to the pad notably occurred during the mid-season when regional evapotranspiration 

rates are generally highest (Volik et al., 2021). 
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2.4.4. Hydrological Implications for Fen Moss Establishment 

Combined, it appears likely that the well-regulated and consistently near-surface WT within 20-40 metres 

of the upgradient and north edges will make an area covering just under half of the residual pad 

hydrologically suitable for the establishment of introduced fen mosses. This would be in line with previous 

studies conducted at an experimental scale on small, partially removed sections along the edges of well 

pads where well-regulated, near-surface WTs and associated desirable fen moss communities were 

observed within 30 m of pad edges (M. E. Gauthier et al., 2018; Lemmer et al., 2022; Vitt et al., 2011). 

Notably, however, peatland mosses are highly sensitive to even small changes in substrate water content 

(Graf and Rochefort, 2010; Schipperges and Rydin, 1998), and hydrological disconnection between mosses 

introduced using the MLTT and their underlying substrate has often been reported as a result of a capillary 

boundary effect (Goetz and Price, 2015; McCarter and Price, 2015). Thus, even in areas with reasonably 

well-optimized WT dynamics, further detailed assessment of soil moisture dynamics and long-term 

vegetation establishment outcomes will be required to confirm whether these conditions will promote the 

development of a desirable peatland moss community in these areas of the site. In contrast, the poorly 

regulated WT within the interior of the residual pad and towards its downgradient edge are unlikely to be 

optimized for survival and establishment of the fen mosses introduced there, given the high degree of 

sensitivity of peatland mosses to the regulation and position of the WT (Ketcheson and Price, 2014; Price 

and Whitehead, 2001). Areas on partially removed well pads with poorly regulated WTs, which are 

regularly more than a few centimetres below the surface, have previously been associated with graminoid-

dominated vegetation communities lacking the bryophyte layer integral to peatland ecosystem function (M. 

E. Gauthier et al., 2018; Lemmer et al., 2022). 
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2.4.5 Study Limitations and Directions for Future Research 

Given the poor hydrological regulation consistently observed in inner and downgradient portions of the 

residual pad through the mid to late season, it appears likely that modifications to the partial well pad 

removal technique and its application at the site level will be required during future implementations. Such 

modifications might include shallow trenching across pads to promote surface flow (e.g., Vitt et al., 2011) 

and more uniform distribution of water across the pad, or installation of subsurface flow conduits (e.g., 

Guérin, 2022) to improve groundwater connectivity. These options might result in improved water 

redistribution across residual mineral fill materials, thus possibly resulting in an improvement in the 

regulation of the WT in inner and downgradient areas and a decrease in the importance of rainfall for 

maintaining WT levels. Further, given the large difference in surface elevation between the downgradient 

peatland and that along the downgradient edge of the residual pad in the present study, there may be value 

in sloping the surface elevation of residual pads along the direction of flow. Sloping might better align the 

downgradient pad surface elevation with that of downgradient peatland hollows, thus possibly reducing 

DWT in downgradient areas on residual pads. However, steep sloping could also result in undesirable 

surface inundation and flooding in the early season, given the near-surface WTs observed in the present 

study in interior and downgradient areas following the spring freshet. Further work is also required in order 

to better define the optimal target reprofiled surface elevation on partially removed well pads, particularly 

given the high degree of variability in water table position between years and between different peatland 

settings. 

Also, a major limitation of the present study is that it was conducted on a single residual well pad 

due to the high cost of replication.  This pad was comprised of a coarse sandy mineral fill. These materials 

are characterized by poor water retention and a high specific yield compared to finer-textured materials 

(Jury and Horton, 2004a), both of which would have contributed to the poor regulation of the WT in interior 

and downgradient areas. However, many well pads on the Western Boreal Plain are constructed of finer-

textured fill materials such as the clay loams common in the region (Volik et al., 2020). These fill materials 
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may support better-regulated WT dynamics than sandy mineral fill, given their good water retention 

characteristics and lower specific yield (Jury and Horton, 2004a). However, finer-textured fill materials 

may also pose additional limitations on subsurface volumetric flow, as they have considerably lower Kh 

values than coarse fill materials (Freeze and Cherry, 1979). Nonetheless, future trials of partial well pad 

removal should strive to incorporate numerous well pads, including those comprised of fill materials with 

a range of textures to better understand the implications of texture on hydrological connectivity and 

regulation. Furthermore, the present study was conducted on a well pad that was connected to an adjacent 

upland ridge. Further study on well pads surrounded on all sides by peatlands will be required to better 

understand the impact of well pads alone on peatland hydrology. 

 

2.5. Conclusion 

This study presents the results of a hydrological assessment completed following the implementation of the 

first full-scale trial of peatland restoration on a partially removed oil and gas well pad. The long-term impact 

of the well pad on soil hydrophysical properties and hydrological dynamics in the surrounding peatland 

was evident, and similar in nature to that reported for access roads constructed out of mineral fill in 

peatlands. However, further research is required to better disentangle the relative effects of the well pad 

itself and the adjacent natural upland ridge, which may have contributed to the observed differences in soil 

hydrophysical properties and WT position and regulation between sides of the pad. Nonetheless, the current 

study highlights the pressing need for further research to assess the impacts of well pads on peatland 

ecohydrological processes. Further, hydrological dynamics on the residual pad were likely only sufficiently 

well-regulated for the reliable establishment of introduced fen mosses in areas within 20-40 m of the 

upgradient and north pad edges, while areas within its interior and along the downgradient edge were often 

characterized by poorly regulated and flashy WT dynamics. As such, while well pad partial removal has 

the potential to support hydrological functions requisite for the establishment of peat-forming vegetation 

communities characterized by fen mosses, further development and refinement of the technique should be 
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undertaken. Specifically, modifications to the technique and its application at the site level should aim to 

better redistribute water across partially removed pads in an effort to improve hydrological regulation in 

interior areas away from upgradient pad edges. 
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3 HYDROLOGIC ASSESSMENT OF MINERAL SUBSTRATE SUITABILITY FOR 

TRUE MOSS INITIATION IN A BOREAL PEATLAND UNDERGOING 

RESTORATION 

 

3.1. Introduction 

Peatlands are a prominent type of ecosystem on the Canadian Western Boreal Plain, forming an integral 

part of an interconnected surface and groundwater system, which regulates the quality and quantity of 

downstream water resources (Elmes and Price, 2019; Ferone and Devito, 2004; Waddington et al., 2015). 

Peatlands also store immense amounts of carbon (Yu, 2012), and provide habitat for wildlife species 

including the culturally significant woodland caribou (Hill et al., 2021; Rettie and Messier, 2000). However, 

peatlands in this region are also often underlain by petroleum-bearing geologic formations, which support 

an established oil and gas industry with considerable potential to disrupt peatland ecosystem function (Volik 

et al., 2020). 

Extraction of oil and gas on the Western Boreal Plain is either undertaken through open-pit mining 

when deposits are near the surface, or through the drilling of in-situ wells to access deeper deposits 

(Schneider and Dyer, 2006). Open pit mining results in the excavation of peatlands and their complete loss 

from the impacted area (Rooney et al., 2012). In contrast, the use of in-situ wells results in a less 

concentrated disturbance, wherein mineral features called well pads are constructed to support surface 

drilling equipment (Osko et al., 2018). Well pads are typically one or more hectares in size, and are 

connected to one another by access roads. Both pads and roads are constructed by placing sand or clay 

mineral fill either onto a geotextile liner or directly onto the peat surface (Partington et al., 2016). As such, 

well pads and roads result in the near-complete loss of native peatland vegetation from their direct footprint 

(Lemmer et al., 2022). Well pads and roads also often result in shifts in vegetation community composition 

in adjacent peatlands (Ficken et al., 2019; Miller et al., 2015; Saraswati et al., 2020a; Willier et al., 2022), 

which can occur due to reductions in shallow subsurface flow across these features (McKinnon et al., 2024; 
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Saraswati et al., 2020b). The cumulative impact of this disruption to natural ecosystem function is immense 

(Ficken et al., 2019; Volik et al., 2020), especially given that over 36,000 hectares of well pads (UNEP, 

2022) and over 100,000 km of access roads (Pasher et al., 2013) have been constructed in peatlands across 

Canada’s boreal regions during the past several decades. 

Due to the direct and indirect impacts that well pads and access roads have on peatland ecosystems, 

there is a legal requirement in the Canadian Province of Alberta to return them to a state of ‘equivalent land 

capability’ post-decommissioning (Powter et al., 2012). This has recently been defined as including the 

reestablishment of hydrological conditions suitable for the initiation of peat-forming vegetation 

communities including foundational peatland mosses (Alberta Environment and Parks, 2017). Mosses are 

the primary drivers of natural boreal peatland ecosystem formation and function (Bauer et al., 2003; Vitt et 

al., 2009). Notably, however, peatland mosses are non-vascular, poikilohydric organisms, which means that 

their internal water content is in equilibrium with their surroundings (Proctor et al., 2007). As such, they 

have a relatively limited desiccation avoidance capacity (Price and Whitehead, 2001; Proctor et al., 2007). 

Indeed, the maintenance of consistently near-surface water tables has been identified as one of the primary 

drivers of successful moss restoration outcomes on cutover peatlands (González and Rochefort, 2014; 

Ketcheson and Price, 2014; Price et al., 2003), drained peatlands (Anderson et al., 2016; Lamers et al., 

2015), and in constructed peatlands (Ketcheson et al., 2017; Price et al., 2010). For cutover peat substrates 

specifically, water supply to meet the physiological requirements of many establishing true mosses is only 

optimized when soil water potential (Ψ) in the substrate is between approximately -4 and -8 millibars (mb) 

(Graf & Rochefort, 2010; M. Graf, personal communication), a range that is associated with nearly saturated 

soils. Beyond this range, growth rates decline, resulting in less favourable moss establishment outcomes 

(Graf & Rochefort, 2010). For Sphagnum species, favourable establishment can be expected to occur when 

Ψ remains between 0 and -100 mb, with desiccation generally occurring once Ψ drops below approximately 

-100 mb (Price and Whitehead, 2001). 
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One technique with the potential to create sufficiently wet conditions for moss establishment on 

decommissioned well pads and roads involves the complete removal of the mineral fill (Elmes et al., 2021b; 

Lemmer et al., 2022), or its burial beneath the underlying peat (Pouliot et al., 2021; Xu et al., 2022). In 

either case, the mineral fill itself is removed from the upper peat profile, which results in an increase in 

near-surface groundwater flow (Elmes et al., 2021b). Peatland mosses can subsequently be reintroduced 

onto the re-exposed organic substrates that remain, often through the use of a modified version of the Moss 

Layer Transfer Technique (MLTT; Rochefort et al., 2003). The MLTT involves collection of donor mosses 

from an undisturbed peatland and their subsequent introduction to the surface of a restoration site in a thin 

layer. The introduction of donor mosses is intended to accelerate the pace of peatland development and 

succession given the long time periods required for natural ingress of peatland mosses onto large restoration 

sites (Lemmer et al., 2022; Rochefort et al., 2003). However, complete removal of the mineral fill tends to 

promote the initiation of Sphagnum-dominated moss communities due to the removal or burying of the 

cation-rich mineral fill (Pouliot et al., 2021; Xu et al., 2022). Accordingly, the rates of establishment of the 

true mosses (i.e., those belonging to the class Bryopsida) characteristic of minerotrophic fens on the Western 

Boral Plain (Vitt, 2014; Vitt and Lüth, 2017) may be more limited, as these species rely on a high supply of 

base cations (Vitt and Chee, 1990).  

Because 63% of peatlands on the Western Boreal Plain are fens (Vitt et al., 2000), vegetation 

communities dominated by true mosses are a desirable target outcome for many well pad and road 

restoration projects (Osko et al., 2018; Volik et al., 2020). Accordingly, an alternative approach to the 

complete removal or burial of the mineral fill has recently been tried. This technique involves the partial 

removal of a well pad or road through surface lowering, leaving a residual cation-rich mineral substrate at 

the ground surface (Vitt et al., 2011). Initiation of true mosses can then occur directly on the residual mineral 

substrate, either through natural ingress (Lemmer et al., 2022) or application of the MLTT (Bird and Xu, 

2021b). The conceptualization of this method was informed by the natural process of paludification, which 
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occurs when saturation of formerly terrestrial mineral substrates supports the initiation of an early 

successional peat-forming vegetation community (Bauer et al., 2003; Ruppel et al., 2013). 

The first trial of partial well pad removal lowered sections of a pad to elevations between 5 and 15 

cm above the water table in the surrounding peatland, and results suggested that the remaining residual 

mineral substrates were sufficiently wet to support long-term establishment of a planted peatland graminoid 

community (M. E. Gauthier et al., 2018; Vitt et al., 2011). Additional work at the mesocosm scale 

demonstrated the feasibility of establishing true mosses directly on mineral substrates, and identified the 

importance of providing microsites to improve moss species diversity (Borkenhagen and Cooper, 2016). 

Subsequent field-scale trials were conducted on small, lowered sections along the edges of several well 

pads and on a short section of a road. These trials identified a high potential for the initiation of peatland 

mosses when the target reprofiled surface elevation of the mineral fill was closely matched (<5 cm 

difference) to that of the water table in the surrounding peatland (Guérin, 2022; Lemmer et al., 2022). In 

these cases, near-saturated conditions were sustained as a result of the water table remaining near the surface 

for most of the growing season (Lemmer et al., 2022). 

However, when the partial removal technique was later scaled up and implemented on a full-size 

well pad in a study associated with the present assessment, near-surface water tables were only consistently 

observed in areas of the pad within 20-40 metres of the adjacent upgradient peatland (McKinnon et al., 

2024). Hydrological connectivity through the residual mineral fill and compacted peat underlying it was 

limited as a result of the low hydraulic conductivity of those materials (McKinnon et al., 2024). As a result, 

the water table became poorly regulated in interior areas away from upgradient pad edges beginning in the 

mid- to late-growing season, and thus substrate moisture conditions may not have remained favourable for 

establishment of mosses in those areas (McKinnon et al., 2024). In anticipation of this problem, previous 

trials had incorporated the application of straw mulch onto the surface to reduce atmospheric water losses 

from mineral substrates (Borkenhagen and Cooper, 2016; M. E. Gauthier et al., 2018). However, the effect 

of this treatment remains unclear, as soil water availability was not limiting in the field-scale trial (M. E. 
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Gauthier et al., 2018). On unsaturated residual mineral substrates, it is possible straw mulch may improve 

moisture conditions by reducing near-surface temperatures and increasing near-surface humidity (Novak et 

al., 2000a; Price et al., 1998; Scarlett et al., 2017). 

Given the poor water table regulation observed to occur in interior areas of a field-scale partially 

removed well pad, it has remained unclear whether the partial removal of full-size well pads would support 

adequate water availability for peatland moss establishment. Further, there is uncertainty surrounding the 

efficacy of straw mulch in regulating soil moisture dynamics under unsaturated conditions on residual well 

pads. Accordingly, the objectives of this study are to: 

1) Evaluate the degree to which interactions among mineral fill hydrophysical properties, water 

table position, and hydrologic regulation contribute to the maintenance of requisite moisture 

conditions for the establishment of true mosses on a residual well pad; 

2) Assess the degree to which microtopographic variability and application of straw mulch affect 

residual mineral substrate moisture dynamics; and 

3) Understand the potential implications of observed mineral substrate moisture dynamics for 

long-term true moss establishment on residual mineral well pads. 

 

3.2. Methods 

3.2.1. Study Site 

The study was undertaken on a decommissioned oil well pad approximately 20 km northeast of the town 

of Slave Lake, Alberta, Canada (55° 19' 11” N, 114° 28' 22” W; Figure 3.1a). The 0.8 hectare pad was 

originally constructed adjacent to an upland ridge in a moderate-rich fen (pH = 6.4, electrical conductivity 

= 110 µS cm-1) in 1991 through the placement of calcareous loamy sand mineral fill (Ca content > 13000 

mg kg-1) excavated from an upland borrow pit (Alberta Energy Regulator, 2024). The surrounding natural 

fen was characterized by Picea mariana, Rhododendron groenlandicum, Rubus chamaemorus, Salix spp., 
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Carex aquatilis, Drepanocladus aduncus, Aulacomnium palustre, Sphagnum warnstorfii and Sphagnum 

angustifolium. The pad was included in a related study of shallow groundwater dynamics within and 

surrounding the pad footprint (McKinnon et al., 2024). That study found that shallow groundwater flow 

through the peatland was directed towards the northwest, and as such the pad consistently received water 

inputs across its eastern and northern edges (Figure 3.1b; McKinnon et al., 2024). During frozen ground 

conditions in March 2020, the well pad was partially removed using heavy machinery to scrape off the 

uppermost layers of mineral fill, with the exception of a small area surrounding the wellhead (Figure 3.1b). 

The target elevation of the lowered pad surface was 20 cm below the position of the late-season water table 

in the surrounding peatland, which in turn was inferred by measuring the elevation of seasonal ground ice 

in peatland hollows on the upgradient (east) side of the pad (Figure 3.1b). This target elevation was selected 

to maximize the likelihood the pad would remain wet under late-season conditions and to account for 

possible rebound of the pad surface elevation as a result of potential expansion of the underlying peat 

following the reduction in mineral fill weight. 

The excess fill was reprofiled into an extension of the adjacent natural upland ridge, and a layer of 

residual mineral fill approximately 37.5 cm thick (McKinnon et al., 2024) was left in place across the 

remaining 75% of the pad footprint (Figure 3.1c). Microtopographic variability with a mean amplitude of 

19 cm (McKinnon et al., 2024) was then created by roughing the surface of the fill with the bucket of an 

excavator (see Bird & Xu (2021b) for detailed methodology). Immediately following partial removal, donor 

moss propagules were collected from the upper 10 cm of a donor fen (pH = 6.1, electrical conductivity = 

71 µS cm-1) within 1 km of the site (Figure 3.1d) using an excavator. The donor mosses were transported 

to the residual pad (pH = 6.7, electrical conductivity = 698 µS cm-1) using a trailer and spread across its 

surface using a skid steer at a 1:7 aerial ratio (see Bird & Xu (2021a) for detailed methodology). The donor 

moss community was comprised mainly of true moss species (including Aulacomnium palustre, 

Tomentypnum nitens, Hamatocaulis vernicosus, and Helodium blandowii) with some Sphagnum species 

(including Sphagnum teres, Sphagnum warnstorfii, and Sphagnum magellanicum), and was similar to that 
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observed in the rich fen surrounding the pad. Following donor moss introduction, the residual pad was 

subdivided into 16 study plots (each approximately 20 m by 20 m), eight of which were covered with straw 

mulch in an alternating pattern (Figure 3.1b). The mulch was applied by hand such that its coverage and 

thickness permitted light penetration to the underlying mosses while also potentially reducing evaporation 

from the pad surface and establishing moss communities (see Quinty et al. (2020) for guidelines on 

desirable mulch thickness and coverage following implementation of the MLTT). Application of mulch has 

Figure 3.1: Location of the study site in the boreal region of western Canada (a) and detailed site diagram including the boundaries 

of the constructed ridge and residual well pad, treatment plot boundaries, plot numbers, and monitoring well and soil sensor locations 

(b). Blue arrows indicate the approximate direction of shallow groundwater flow through the surrounding peatland (see McKinnon 

et al., 2024a). An aerial photograph of the residual well pad taken three months post-partial removal (c) and map indicating the 

location of the moss propagule donor site (d) are provided for context. 



54 

 

been identified in previous trials as essential to reduce atmospheric water losses on peatland restoration 

sites (Price et al., 1998), especially as these sites may have more poorly regulated hydrological dynamics 

than natural peatlands (Price et al., 2003; Waddington et al., 2015). 

 

3.2.2. Substrate Moisture Dynamics 

The relationships between the hydrophysical properties of the residual mineral fill and its moisture retention 

characteristics were described using soil water characteristic curves (SWCCs). The SWCCs were fit to 

laboratory data obtained from five 250 cm3 cores collected from the upper 5 cm of the residual mineral fill 

on the well pad using stainless steel rings (8 cm internal diameter). Laboratory data was collected using a 

HYPROP 2 device (Meter Group, Pullman, USA), which implements the simplified evaporation method 

(Schindler et al., 2010). Model fitting was performed using the HYPROP-FIT software (Meter Group, 

version 4.2.2.0), and the final model was selected through a comparison of model performance as assessed 

using the Corrected Aikaike Information Criterion. Care was also taken to ensure the model selected was 

not overparameterized by excluding all models with correlation between parameters ≥ 0.95 (Peters and 

Durner, 2015). Descriptions of all models tested are provided by Peters & Durner (2015). 

Spatial variability in in-situ substrate water storage was assessed through monthly measurement of 

volumetric water content (VWC) in the upper 6 cm of the soil during both of two study periods (15 June to 

14 August 2020, and 16 May to 14 September 2021) using a handheld probe (ML3, Delta-T Devices, 

Burwell, UK) at low, intermediate, and high microsites at three locations within each plot on the residual 

pad (n=48 for each height). Soil-specific calibrations were developed according to manufacturer guidelines 

(Delta-T Devices, 2017) using samples of the mineral fill collected from the site. Because the ML3 probe 

calculates VWC based on soil permittivity (which is dependent in part upon the electrical conductivity of 

the soil solution), calibration samples were saturated with pore water from the site to ensure their electrical 

conductivity was field-representative. During the second study period (2021), all manual VWC 

measurements were paired with additional measurements of soil water potential (Ψ) made over the 0.5-3.0 
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cm depth using portable tensiometers (QuickDraw 2900F1, Soilmoisture Equipment, Goleta, USA). All 

VWC and Ψ measurements were made under complete mulch cover in mulched plots. To account for 

temporal variability, hourly measurements of near-surface VWC and Ψ were made using sensors centred at 

2.5 cm below ground surface (b.g.s.) at intermediate microsites between June and September in four non-

mulched plots on the pad during the second study period (TEROS 10 & TEROS 21, Meter Group, Pullman, 

USA) (Figure 3.1). To further support the assessment of substrate moisture conditions, the percent coverage 

of surface water inundation (i.e., ponding) was estimated visually for each plot during field visits in 2021, 

and the depth of each pond covering more than 10% of any plot was estimated by averaging ten 

measurements. 

 

3.2.3. Water Table Dynamics 

To relate substrate moisture dynamics to hydrological dynamics on the residual well pad, manual 

measurements of depth to water table (DWT) were recorded at least once monthly during both study 

periods. These were made in fully slotted wells (i.e., perforated along the full length) constructed out of 

acrylonitrile butadiene styrene pipe (5.1 cm internal diameter), which extended to 1 m b.g.s. (Figure 3.1b). 

To prevent sedimentation, wells were covered with non-woven filter sock (Nilex, Edmonton, Canada) prior 

to installation. A subset of four wells were instrumented with pressure transducers (HOBO U20L, Onset, 

Bourne, USA) to enable measurement of DWT on a half-hourly basis throughout both study periods (Figure 

3.1b). During the second study period, logger installation errors (loggers installed too high in the standpipe) 

precluded half-hourly measurement of DWT when it exceeded between -37.5 and -75 cm (depending on 

the well). 
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3.2.4. Precipitation 

A tipping bucket (ECRN-100, Decagon, Pullman, USA) installed near the centre of the residual well pad 

was used to measure hourly precipitation (P) during both study periods. As described by McKinnon et al. 

(2024), a linear regression model (R2 = 0.90) was used to gap-fill the dataset (Allen et al., 1998) using 

weather data from the Slave Lake Airport on 24 of the 53 days within the 2020 data collection period. This 

was necessary due to tipping bucket instrument failure on those dates. 

 

3.2.5. Data Analysis 

The significance of the effects of DWT, mulching, microsite, and their interactions on pad soil moisture 

were assessed by specifying them as fixed effects in separate linear mixed-effects models developed for 

VWC and Ψ. Treatment plot and month of measurement were set as random intercepts to control for non-

independence of measurements made within common plots or months. To specifically assess spatial and 

temporal variability in soil moisture on the pad, subsequent linear mixed-effects models were fit for VWC 

and Ψ for each year with plot hydrological classification, microsite, and month of measurement specified 

as fixed effects. Treatment plot and mulching were specified as random intercepts. Hydrological 

classifications were assigned to individual treatment plots based on a comparison of seasonal mean plot 

DWT against a threshold DWT value. The threshold value was taken as the DWT approximately 

corresponding with Ψ values equal to the literature-based threshold for optimal moss-water availability (-

10 mb; Graf and Rochefort, 2010), which was determined using a linear regression between manually 

measured DWT and Ψ values collected during the second study period. DWT values used for classification 

were the average of those manually measured in wells within or directly adjacent to a given plot.  

Linear mixed-effects models were fit using the restricted maximum likelihood method using lme4 

(Bates et al., 2015). Assumptions were checked through graphical inspection of residual distribution and 

logarithmic transformations were applied to the response variable when necessary. Post-hoc analyses were 
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conducted on estimated marginal means using Tukey’s HSD p-value adjustment with Kenward-Roger 

approximations for degrees of freedom (Luke, 2017) using lmerTest (significance of main and interaction 

effects; Kuznetsova et al., 2017) or emmeans (significance of contrasts; Lenth, 2022). When 

transformations were applied, post-hoc analyses were conducted on back-transformed contrasts. All 

statistical analyses were performed using R (v4.3.1; R Core Team, 2022), and an α value of 0.05 was used 

to assess the significance of model outputs. 

 

3.3. Results 

3.3.1. Precipitation 

Based on 30-year climate normal data for the Lesser Slave Lake region (1991-2020), mean annual 

precipitation is 422 mm, 292 mm of which is typically received as rainfall during the growing season (1 

May to 30 September; Environment and Climate Change Canada, 2024a). Comparatively, cumulative 

growing season rainfall in the region during the 2020 and 2021 growing seasons was 286 and 244 mm, 

respectively (Environment and Climate Change Canada, 2024c), representing approximately 98% and 84% 

of the 30-year mean. Regional growing season cumulative precipitation was significantly lower in 2021 

than in 2020 (Kruskal-Wallis, p < 0.001; McKinnon et al., 2024). As such, 2020 is referred to herein as 

having been characterized by a higher-precipitation growing season, while 2021 is referred to as having had 

a lower-precipitation growing season. Site-level measurements (including gap-filled data) indicate that the 

early growing season received more rainfall than the late growing season in both years. In general, 

individual rainfall events measured on-site were of low magnitude, with the exception of a small number 

of larger (i.e., > 10 mm) storm events (Figure 3.2). Of note, the second, lower-precipitation study period 

was characterized by extended dry periods between rainfall events, whereas the frequency of rainfall events 

was generally greater during the first, higher-precipitation study period (Figure 3.2). 
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3.3.2. Mineral substrate water retention characteristics 

The soil water retention characteristics of the residual mineral fill were best described by a bimodal-

constrained van Genuchten model (Durner, 1994), which illustrates a sharp decline in VWC with increasing 

|Ψ| between 60 and 300 mb (Figure 3.3). Modelled VWC ranges for a given Ψ value indicate that optimal 

moss-water availability (i.e., Ψ approximately > -10 mb; Graf & Rochefort, 2010) is only likely to occur 

when VWC is ≥ 0.39 m3m-3 (+/- 0.02 m3m-3; green shaded region in Figure 3.3). Notably, this is also the 

predicted VWC at saturation (Supplementary Table B.1), which indicates that optimal availability may only 

occur under conditions of complete saturation. In comparison, a risk of desiccation (i.e., Ψ < -100 mb; Price 

& Whitehead, 2001) is predicted to occur when the near-surface VWC drops below approximately 0.28 

m3m-3, although this prediction was less precise (+/- 0.07 m3m-3), with minimum and maximum modelled 

values of 0.20 and 0.34 m3m-3, respectively (Figure 3.3, Supplementary Table B.1). Fitted model parameters 

are summarized in Supplementary Table B.2. 

 

Figure 3.2: Daily precipitation (P) for the 2020 (15 June to 14 August) and 2021 (16 May to 14 September) study periods. Dashed 

lines indicate the start and end of the study period within each season (no site-level data was collected for dates outside of either study 

period). 
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3.3.3. Environmental and treatment effects on substrate moisture dynamics 

On the residual pad, both DWT and microsite position were found to have significant negative effects on 

VWC in both the higher and lower-precipitation years (rainfall over the study period was 6 and 48 mm less 

than the 30-year climate normal data in the higher and lower-precipitation years, respectively) and Ψ (in 

the lower-precipitation year only; no measurements were made in 2020) (Table 3.1). Specifically, post hoc 

analyses indicated that greater DWT values were associated with drier soil moisture conditions in general 

(lower VWC and more negative Ψ), while higher microsites were associated with drier conditions than 

lower ones. The interaction between DWT and microsite also had a significant effect on both soil moisture 

parameters in the dry year (Table 3.1), with post hoc analyses indicating that the negative effect of DWT 

on soil moisture was greater at higher microsites. Interestingly, the presence of a straw mulch was not found 

to have a direct significant effect on VWC or Ψ during either study period, although the interaction between 

mulching and microsite did have a significant effect on VWC in the dry year (Table 3.1). Specifically, post 

hoc analyses indicated that a slight positive effect of mulching on VWC was greater at lower microsites  

Figure 3.3: Soil water retention datapoints and fitted soil water characteristic curves (bimodal-constrained van Genuchten model). 

Vertical solid lines denote approximate soil water potential (Ψ) indicator thresholds (-10 and -100 mb; Graf and Rochefort, 2010; 

Price and Whitehead, 2001). When datapoints fall to the right of a given line, they are in exceedance of the associated threshold. 

Shading denotes ranges between the thresholds associated with optimal moss-water availability (green; 0 to -10 mb), non-optimal 

availability (yellow; -10 to -100 mb), and risk of desiccation (red; below -100 mb). 

 



60 

 

Table 3.1: Results summary for linear mixed effects models used to determine significance of main environmental and treatment 

effects and their interactions on volumetric water content (VWC) and soil water potential (Ψ) for each study period. Statistically 

significant results (α = 0.05) are provided in bold text. 

Fixed Effect 

2020  

(higher-precipitation season) 

 2021  

(lower-precipitation season) 

F-value p-value  F-value p-value 

Volumetric water content      

DWT 53.694 (1, 89) < 0.001  39.051 (1, 201) < 0.001 

Mulching 0.155 (1, 16) 0.699  0.756 (1, 17) 0.397 

Microsite 41.763 (2, 404) < 0.001  71.821 (2, 654) < 0.001 

DWT x mulching 0.008 (1, 375) 0.931  0.852 (1, 668) 0.356 

DWT x microsite 0.825 (2, 404) 0.439  10.421 (2, 654) < 0.001 

Mulching x microsite 0.174 (2, 404) 0.841  5.022 (2, 654) 0.007 

DWT x mulching x microsite 2.174 (2, 404) 0.115  2.865 (2, 654) 0.058 

Soil water potential *      

DWT - -  135.381 (1, 87) < 0.001 

Mulching - -  0.015 (1, 21) 0.903 

Microsite - -  124.614 (2, 651) < 0.001 

DWT x mulching - -  0.670 (1, 609) 0.413 

DWT x microsite - -  23.877 (2, 651) < 0.001 

Mulching x microsite - -  0.225 (2, 651) 0.798 

DWT x mulching x microsite - -  0.143 (2, 651) 0.867 

* Logarithmic transformation applied to satisfy model assumptions 

 

than at higher microsites. Of note, the mulch cover was observed to have been partially blown off of high 

microsites by the wind during the first study period, resulting in a sparser mulch cover at high microsites 

than that at low microsites late in the first study period and for the duration of the second, lower-

precipitation, study period. Also of note, the F-value for the interaction of DWT, microtopographic position, 

and mulching was relatively high for the VWC model in the dry year (indicating the potential importance 

of this interaction), although it was not found to be statistically significant (Table 3.1).  

 Linear regressions between DWT and manually measured Ψ indicate that moss water availability 

was generally only optimized (i.e., Ψ > -10 mb) at low microtopographic positions when the WT was within 

approximately 6 cm of the surface (Figure 3.7a). Of note, however, optimal moisture conditions were also 
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occasionally observed during periods when the WT was as deep as 25 cm b.g.s. (Figure 3.7a). In contrast, 

optimal moisture conditions for moss establishment at intermediate microsites were generally only 

observed when adjacent low-lying areas were inundated with approximately 2 cm of surface water (DWT 

values to the left of the y-axis on Figure 3.7b). Optimal moisture conditions were rarely observed at high 

Figure 3.4: Linear regressions between depth to water table (DWT) and soil water potential (Ψ) for low (a), intermediate (b), and 

high (c) microsites. Shading denotes the Ψ ranges associated with optimal moisture availability (0 to -10 mb; green), non-optimal 

moisture availability (-10 to -100 mb; yellow), and risk of desiccation (less than -100 mb; red). Vertical dashed lines illustrate 

predicted DWT values corresponding with Ψ of -10 and -100 mb when applicable. All DWT values are referenced against the 

elevation of low microtopographic positions. Negative DWT values denote a WT below the ground surface, while positive DWT 

values denote a WT above the ground surface (i.e., surface inundation). 
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microsites, and again this generally only occurred when the adjacent low-lying areas were inundated (DWT 

values to the left of the y-axis on Figure 3.7c). Comparatively, exceedance of the -100 mb desiccation risk 

threshold is predicted to occur once the WT exceeds approximately 78, 67, and 54 cm b.g.s. for the low, 

intermediate, and high positions, respectively (DWT values measured against the ground surface at low 

positions; Figure 3.7a-c).  

 

3.3.4. Water table dynamics 

Based on the relationship between DWT and manually measured Ψ (Table 3.1 and Figure 3.4), treatment 

plots that had a seasonal mean manually-measured WT closer to the surface than 6 cm in a given year were 

classified as being hydrologically well-optimized (WO) for true moss establishment in that year (i.e., there 

was a high likelihood of Ψ values > -10 mb at low microsites in those plots on any given date). During the 

first, higher-precipitation study period, seven of the 16 plots on the pad were classified as being WO (see 

Supplementary Table B.3 for seasonal mean DWT values). Of note, all of these plots were located directly 

adjacent to the surrounding peatland along the upgradient and north pad edges, which received direct 

groundwater inputs from the peatland (Figure 3.5a; McKinnon et al., 2024). Furthermore, the small seasonal 

mean manually-measured DWT in these plots was reflected in the fact that the WT at logged wells along 

the north and upgradient (east) edges remained above 6 cm b.g.s. for between 91% and 94% of the study 

period that year (Figure 3.6a). Also of note, the surface of the pad was only consistently inundated in the 

area surrounding the upgradient east logged well (where inundation was observed for 90% of the study 

period; Figure 3.6a). As such, this was the only area where there was a high likelihood that moisture 

conditions would be optimal for true moss establishment at intermediate or high microsites.  



63 

 

 Conversely, in the second, lower-precipitation study period, only one plot was classified as being 

WO for true moss establishment (Supplementary Table B.3). This plot was located in the northeast corner 

of the residual pad adjacent to both the upgradient and north pad edges (Figure 3.5b), while all other plots 

on the pad were classified as being NO that year (Supplementary Table B.3). This was primarily a result of 

the especially low WTs observed through the mid-to-late growing season in the second year, as the WT did, 

in fact, remain near the surface along the upgradient and north pad edges until late June (Figure 3.7d). 

During the first, higher-precipitation year, nine plots had a seasonal mean WT deeper than 6 cm 

b.g.s. (Supplementary Table B.3), and as such were classified as being hydrologically non-optimized (NO) 

for true moss establishment (i.e., there was a high likelihood of Ψ values < -10 mb at low microsites in 

those plots on any given date). These NO plots extended through the interior of the pad and along its 

downgradient edge (Figure 3.5a). In contrast with the well-regulated WT along the upgradient and north 

edges, the WT in NO plots in the interior portions of the pad (inner west and south logged wells; Figure 

Figure 3.5: Plot hydrological classifications based on mean manually-measured depth to water table for the 2020 (higher-

precipitation year; a) and 2021 (lower-precipitation year; b) study periods. Well optimized (WO) plots in a given year had a 

seasonal mean manually-measured water table closer to the surface than 0.06 m b.g.s., whereas non-optimized (NO) plots had a 

seasonal mean manually-measured water table position deeper than 0.06 m b.g.s. Blue arrows indicate the approximate direction 

of shallow groundwater flow through the surrounding peatland (as reported by McKinnon et al., 2024a). 
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3.5) was poorly regulated and frequently dropped below 6 cm b.g.s. even in the early season (Figure 3.7b). 

Reflecting this high degree of variability, the WT at the south and west logged wells in NO portions of the 

pad remained above 6 cm for only 7% and 53% of the first study period, respectively (Figure 3.6a). Despite 

this, the WT did not drop below 54 cm b.g.s. at either the interior or downgradient logged wells at any time 

(Figure 3.6a).  

Reflecting the high proportion of plots classified as being NO in the second, lower-precipitation 

season, the WT was within 6 cm of the surface for only 34% and 39% of that study period (mainly during 

the early season) at the east and north logged wells, respectively (Figure 3.6b). At the downgradient logged 

well, the WT dropped below 6 cm b.g.s. for multiple periods of several days’ duration in the early season, 

while it remained permanently below that level starting in late June (Figure 3.7d). As such, the WT was 

only within 6 cm of the surface at the downgradient logged well for 19% of the study period, while it 

remained below 6 cm b.g.s. for the entire study period at the inner logged well (Figure 3.6b). Furthermore, 

the WT at the inner and downgradient logged wells fell below 54 cm b.g.s. for 84% and 51% of the second 

Figure 3.6: Depth to water table (DWT) duration curves for the 2020 (a) and 2021 (b) study periods. Plots illustrate the proportion 

of the study period that DWT exceeded (fell below) any given value on the y-axis. Note that the lengths of the study periods were 

not equal. For the 2021 study period, logger installation errors precluded development of complete DWT duration curves. 

Horizontal dashed lines represent y-axis values corresponding with the moss establishment DWT thresholds presented in Section 

3.3. 
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season, respectively (Figure 3.6b), while DWT exceeded -67 cm at the inner well for 73% of the study 

period (Figure 3.6b). Unfortunately, missing logger data precluded determination of the occurrence of 

exceedances of WT thresholds at the upgradient and north wells (Figure 3.6b). However, DWT was 

considerably greater at those wells for most of the second study period than observed during the first study 

period (Figure 3.7d). 

 

Figure 3.7: Comparison of daily site-measured precipitation (P) (a, c), depth to water table (DWT) referenced against low microsite 

heights (b, d), and soil volumetric water content (VWC) (e) and soil water potential (Ψ) (f) as measured at intermediate microsite 

heights on the residual pad for the lower-precipitation 2021 study period. On the VWC plot, horizontal lines denote the mean 

predicted VWC values associated with optimal moss-water availability (0.38 m3m3), and the mean predicted desiccation threshold 

(0.27 m3m3). Dark-shaded areas represent 95% confidence intervals about the means. On the Ψ plot, horizontal lines correspond to 

saturation (0 mb) and the optimal moss-water availability (-10 mb) and desiccation (-100 mb) indicator thresholds. 
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3.3.5. Mineral substrate moisture dynamics and inundation 

As the second study period received significantly less  rainfall than the 30-year climatic mean (see Section 

3.1), the following analyses for both study periods are based on the plot hydrological classifications (i.e., 

WO vs. NO) assigned based solely on DWT data from the first, higher-precipitation study period (see Figure 

3.5a). As such, the spatial comparisons detailed hereafter for both study periods were made between plots 

located adjacent to the upgradient (east) and north edges of the residual pad (which both received consistent 

groundwater inputs from the surrounding peatland, and which were classified as being WO in the first study 

period; Figure 3.5a) and those within the interior of the residual pad (which had limited hydrological 

connection to the surrounding peatland, and which were classified as being NO in the first study period; 

Figure 3.5a). 

Owing to a shallow, stable WT in the 2020 (higher-precipitation) study period (Figure 3.7b), early 

season VWC did not vary significantly at any given microtopographic position between plots located along 

the pad edges (WO areas) and those located in its interior (NO areas) on either the June or July measurement 

dates (Figure 3.8a-b). Low microsites were significantly wetter than high microsites across the entire pad 

on those dates (Figure 3.8a-b). Accordingly, median VWC values at high microsites overlapped with the 

mean predicted desiccation threshold in June, whereas median VWC values at low microsites fell closer to 

the predicted optimal range (Figure 3.8a). Between the June and July measurement dates, the entire pad 

became significantly drier (with the exception of high positions in WO areas), bringing the median VWC 

values at low positions closer to or below the predicted mean desiccation threshold (Figure 3.8b). 

In contrast, wetter conditions were observed along the upgradient and north pad edges early in the 

second study period compared to those in the first (Figure 3.8d-e). This resulted from the WT remaining at 

or above the surface in the early season (mean ponding coverage and depth of 70% and 10 cm, respectively), 

before the site became substantially drier in the late season (no surface inundation; Figure 3.7d). Thus, low 

microsites along the pad edges were significantly wetter than low microsites in interior areas of the pad 

(where mean ponding coverage and depth were 25% and 7 cm, respectively) on the May and June 
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measurement dates (Figure 3.8d-e). VWC values at low microsites generally fell within (or above) the 

predicted optimal range along the edges, while VWC values at high microsites were instead aligned with 

the mean desiccation threshold (Figure 3.8d-e). The same pattern was also observed for manually-measured 

Ψ early in the second study period, wherein water was more readily available to mosses (i.e., Ψ closer to 

zero) at low microsites than at high microsites across the full extent of the pad in May and June (Figure 

3.8i-j). During this time, median Ψ values at low microsites across the pad fell within the range associated 

with optimal availability to mosses (> -10 mb), while Ψ values at high microsites normally fell below -10 

mb, but above the -100 mb desiccation threshold (Figure 3.8i-j). 

By the August measurement date in the first study period, both low and high microsites in interior 

areas of the pad were significantly drier than corresponding positions along the east and north edges (Figure 

3.8c). Somewhat unexpectedly, this was due to significant increases in VWC at both high and low 

microsites along the east and north edges between the July and August measurement dates, whereas no 

significant change in VWC was observed at either microsite position in interior plots (Figure 3.8b-c). The 

wetting of the east and north edges in this case was likely associated with a late-season rainfall event, which 

occurred a few days prior to measurement (Figure 3.7a). 

Similarly, long-term drying of the residual mineral fill was evident during the second, lower-

precipitation study period. For example, half-hourly measurements of VWC and Ψ demonstrated a clear 

decreasing pattern between rainfall events (Figure 3.7e-f). Notably, however, half-hourly Ψ values recorded 

at the sensor stations located adjacent to the east and north pad edges remained within the predicted optimal 

range for true moss establishment (> -10 mb; Figure 3.7e). Half-hourly VWC values there fell below the 

optimal range predicted based on soil water characteristic data (although they remained above the mean 

predicted desiccation threshold at all times; Figure 3.7e-f). Conversely, at the sensor stations within the 

interior of the pad (south and west stations), half-hourly Ψ values frequently fell within the non-optimal 

range (between -10 and -100 mb) during periods characterised by little rainfall (Figure 3.7f), while half-

hourly VWC values there frequently fell below the mean predicted desiccation threshold (Figure 3.7e). 
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Figure 3.8: Boxplots of VWC and Ψ at low and high microsites in plots along upgradient edges (classified as WO in 2020) and 

within interior areas (classified as NO in 2020) of the residual pad. On VWC plots, horizontal lines denote the predicted mean 

VWC at Ψ values of -10 mb (optimal moss-water availability threshold; 0.38 m3m-3), and -100 mb (desiccation threshold; 0.27 

m3m-3). Dark-shaded areas represent the 95% confidence interval about the mean. On Ψ plots, horizontal lines correspond to 

saturation (0 mb) and the optimal moss-water availability (-10 mb) and desiccation (-100 mb) indicator thresholds. Lowercase 

letters denote results of linear mixed-effects models comparing between microsite-plot type combinations within a given month. 

Uppercase letters denote results of linear mixed-effects models comparing between months for a given microsite-plot type 

combination. Statistically significant differences were observed between the least-squared means of groups not sharing common 

letters. 

 



69 

 

Considering the manual dataset, significant drying occurred at nearly all microsites between June 

and July during the second study period (Figure 3.8e-f). This caused median VWC values at both high and 

low microsite positions in the interior of the pad to fall below the lower limit of the predicted desiccation 

threshold range (Figure 3.8f). In contrast, VWC generally remained within the predicted desiccation 

threshold range along the east and north pad edges (Figure 3.8f). Decreases in VWC between June and July 

occurred simultaneously with significant decreases in manually-measured Ψ at both high and low positions 

in interior areas, and at high positions along the east and north edges (Figure 3.8k). Following these 

declines, Ψ fell between -10 and -100 mb across most of the pad, with the exception of low microsites along 

the edges where it generally remained above -10 mb (Figure 3.8k).  

The interior of the residual pad continued to dry to a significant degree through the late season, 

with VWC values falling below the lower limit of the predicted desiccation threshold range (Figure 3.8g) 

and Ψ falling below -100 mb in interior areas (Figure 3.8l). Conversely, Ψ values recorded at both low and 

high microsites along the east and north edges generally remained above the -100 mb threshold value 

(Figure 3.8l). Following a series of large-magnitude late-season rainfall events, manually-measured VWC 

in interior areas of the pad and Ψ across the entire pad had significantly increased by the September 

measurement date within the second study period (Figure 3.8). This was accompanied by a sharp increase 

in both half-hourly VWC and Ψ values in interior areas of the pad (Figure 3.7e-f), although all manual 

measurements remained below their optimal ranges (Figure 3.8). 

 

3.4. Discussion 

3.4.1. Substrate water retention characteristics 

The residual mineral substrate had a poor water retention capacity, as illustrated by the sharp decline in 

VWC observed at Ψ values between -60 and -300 mb (Figure 3.3). This can likely be attributed to the fact 

that the residual substrate had a loamy sand texture and low organic matter content (~2%; McKinnon et al., 
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2024), as coarse-grained substrates have a high proportion of large, easily drained pores (Saxton et al., 

1986) and the water retention capacity of sandy soils increases with increasing organic matter content 

(Rawls et al., 2003). Combined with the evident responsiveness of VWC and Ψ to changes in the position 

of the WT (Figure 3.7), it appears that retention of water within the residual sandy substrate was insufficient 

to maintain optimal conditions for moss establishment (i.e., Ψ > -10 mb) during periods when the WT was 

low. Notably, many well pads on the Western Boreal Plain are constructed out of clay substrates (Osko et 

al., 2018). On well pads constructed out of these finer-textured materials, retention of water near the surface 

may be a more important control over water availability to mosses given their greater water retention 

capacity compared to sands (Jury and Horton, 2004a). 

 

3.4.2. Substrate water availability assessment limitations 

Some inconsistency was observed between the Ψ and VWC datasets with respect to moss-water availability 

thresholds (Figure 3.7 & 3.8). This can occur as a result of field variability in hydrophysical properties, 

which control the shape of soil water retention curves and in-situ VWC-Ψ relationships (Schelle et al., 

2013). However, as tensiometers are generally more field-representative in mineral soils than VWC in terms 

of assessing water availability (assuming reasonable soil contact is achieved; Durner & Or, 2005), Ψ may 

be a more accurate indicator of in-field water availability. Measurements of Ψ were also made over the 0.5 

– 3 cm depth, which may further contribute to them being more representative of moss-water availability 

than VWC, which was measured over the 0 – 6 cm depth. Furthermore, while the hydrological threshold of 

Price & Whitehead (2001) (Sphagnum desiccation at Ψ < -100 mb) and that based on the results of Graf & 

Rochefort (2010) (optimal true moss establishment at Ψ > -10 mb) are useful indicators, they may not be 

fully accurate in the present context. 

Specifically, hydrological disconnection between introduced Sphagnum and Tomentypnum mosses 

and underlying cutover peat substrates has been reported due to a capillary boundary effect (Goetz and 
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Price, 2015; McCarter and Price, 2015). The extent to which this might occur between true mosses and 

mineral substrates, and thus the exact nature of the relationship between mineral fill Ψ and water supply to 

mosses, remains unknown (see Guérin, 2022). Furthermore, while many true mosses have a tomentum of 

rhizoids on their stems, which enable extracellular water retention (including Tomentypnum nitens and 

Aulacomnium palustre; Vitt, 2014), they lack the hyaline cells characteristic of the Sphagnum mosses for 

which the -100 mb desiccation threshold was developed (Price and Whitehead, 2001). Hyaline cells enable 

Sphagnum mosses to maintain high water contents for a prolonged period following the onset of drought 

conditions (Hájek and Vicherová, 2014). Thus, most true mosses have lower desiccation avoidance 

capacities than Sphagnum species (Vitt et al., 2014), and may therefore desiccate at Ψ values closer to zero 

than -100 mb. That said, many true mosses (including T. nitens and A. palustre) have similar desiccation 

tolerances as species in the Sphagnum genus (Vitt et al., 2014). Given that desiccation tolerance is an 

indicator of the ability of a moss to survive desiccation should it occur (Proctor et al., 2007; Vitt et al., 

2014), the rates of true moss mortality following the onset of desiccation may be similar to those of 

Sphagnum species. As such, the Sphagnum desiccation threshold described above (Ψ < -100 mb) provides 

a reasonable (although potentially liberal) reference point for the assessment of potential limitations on the 

availability of water to true mosses in the absence of species-specific thresholds. 

 

3.4.3. Substrate water availability and implications for true moss establishment 

3.4.3.1. Well optimized areas 

In general, substrate moisture conditions were optimized for true moss establishment at low microsites on 

the residual pad when the WT was within approximately 6 cm of the surface (referenced against the surface 

elevation at low microsites; Figure 3.4). The WT remained above this threshold value in plots directly 

adjacent to the east and north edges of the pad (classified as WO areas in 2020) for most of the early growing 

season (May and June) in both years (Figure 3.7). This can be attributed to a high degree of subsurface 
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hydrological connectivity between the adjacent peatland and those areas. Specifically, a previous associated 

study conducted on the same well pad examined in this study found that groundwater flow into the pad was 

sustained across the north and east pad edges under nearly all conditions measured (McKinnon et al., 2024). 

These subsurface inputs were sufficient to buffer the WT against substantial declines in elevation in the 

early to mid-growing season in both 2020 and 2021 (McKinnon et al., 2024). This occurred because lower 

WTs within the pad caused the magnitude of pad-directed hydraulic gradients, and thus that of subsurface 

water inputs, to increase (McKinnon et al., 2024). 

Owing to the near-surface WT in WO areas in the early to mid-growing season, VWC at low 

microsites in the months of May and June tended to remain above the mean predicted desiccation threshold 

value (0.28 m3m3) there and frequently overlapped with the predicted optimal range (0.37 to 0.41 m3m3; 

Figure 3.8). Direct measurements of Ψ at low microsites in those areas also tended to fall within the optimal 

range (0 to -10 mb) within the same measurement period in the second year. Taken together, these results 

suggest that subsurface hydrological connectivity with the adjacent peatland supported favourable early-

season conditions for true moss establishment at low microsites within approximately 20 m of the 

upgradient (east) and north pad edges, which receive direct groundwater inputs from the adjacent peatland. 

Moisture conditions generally remained suitable for some degree of true moss establishment at low 

microsites in WO areas through to the end of both study periods. However, drying of the substrate in those 

locations over time was evident, particularly in the second, lower-precipitation year. Specifically, 

measurements of VWC and Ψ at low microsites had both fallen below their respective optimal ranges in 

the latter half of the growing season in both years. Measurements of VWC frequently overlapped with the 

mean predicted desiccation threshold range, although directly-measured Ψ values at all times remained 

above the desiccation indicator threshold (-100 mb) at low microsites along those edges through to the end 

of the season (Figure 3.8). While these conditions indicate that reduced moss growth rates may occur in the 

late season relative to the early season, the combined early and late season results suggest that WO areas 

are likely suitable for establishment of true mosses adapted to wetter conditions. Previous studies have 
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reported establishment of species such as Drepanocladus aduncus, Ptychostomum pseudotriquetrum, and 

Helodium blandowii on mineral substrates with similar moisture conditions (Borkenhagen and Cooper, 

2016; Guérin, 2022; Lemmer et al., 2022). At the same time, periods of complete saturation may limit moss 

establishment relative to conditions just below saturation due to inhibition of photosynthesis as a result of 

limitations on CO2 diffusion or contamination of moss physical structures with bacteria and algae (Busby 

and Whitfield, 1978; Graf and Rochefort, 2010). These negative effects are less severe than those of 

desiccation (Schipperges and Rydin, 1998), however, and it is likely preferable to attain fully saturated 

conditions rather than drier conditions. Also of note, the aerial extent of surface ponding in WO areas (~70% 

in the early season) will likely result in the dominance of submergence-tolerant true mosses in low-lying 

areas there (e.g., Hamatocaulis vernicosus, T. nitens). Even short periods of inundation can allow these 

species to outcompete less tolerant species such as A. palustre (Borkenhagen and Cooper, 2018). Saturation 

with calcareous water can also lead to near-complete Sphagnum mortality (Borkenhagen and Cooper, 2018), 

suggesting that very limited establishment of Sphagnum mosses is likely in those areas. 

In contrast to low microsites, VWC values at high microsites in WO areas regularly overlapped 

with the predicted desiccation range for the duration of both study periods. Directly measured Ψ remained 

above -100 mb (but usually below -10 mb) at this position during the lower-precipitation second season. 

Combined, this suggests that surface roughing in areas with a high WT resulted in microsites that will likely 

support the initiation of true mosses adapted to wide hydrological niches (including dry conditions) as well 

as those species which may be outcompeted in inundated areas. Previous studies have reported 

establishment of T. nitens and A. palustre over a wide range of moisture conditions on mineral substrates, 

including in drier areas (Borkenhagen and Cooper, 2016; Graf and Rochefort, 2010; Lemmer et al., 2022). 

Nonetheless, consideration could be given to reducing the target microtopographic amplitude in future 

trials, particularly as optimal water availability was only predicted to occur at high positions on the present 

site when adjacent low microsites were inundated with surface water (Figure 3.4). Preliminary vegetation 

surveys suggest the favourable hydrological conditions have indeed resulted in the early establishment of 
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true mosses in WO areas (data not shown), although a longer-term study is required to determine detailed 

community composition and development patterns. 

 

3.4.3.2. Non-optimized areas 

Interior and downgradient portions of the pad (NO areas) are likely best suited for the establishment of 

mosses with a high desiccation tolerance (see Vitt et al., 2014), given that those areas had limited subsurface 

hydrological connectivity with adjacent peatlands (McKinnon et al., 2024). This resulted in a highly 

variable WT, which in turn resulted in highly variable moisture conditions during the mid to late season. 

VWC and Ψ optimal availability indicator thresholds were regularly exceeded starting in the mid-season at 

all microtopographic positions in these areas, and VWC also regularly dropped below the desiccation 

indicator range. Directly measured Ψ also dropped below the -100 mb desiccation indicator threshold in 

NO areas under the driest conditions observed in the second season (Figure 3.8). Previous studies have 

suggested that true moss species adapted to drier hummocks or with wide hydrological niches (e.g., T. 

nitens, A. palustre, Polytrichum strictum) may be ideal candidates for mineral substrate restoration in drier 

areas (Borkenhagen and Cooper, 2016; Graf and Rochefort, 2010; Guérin, 2022), as they have high 

desiccation tolerances (Manukjanová et al., 2014) and can survive rapid declines in water content (Hájek 

and Vicherová, 2014). Similar studies have also identified some Sphagnum establishment in dry areas on 

residual mineral substrates (Guérin, 2022; Lemmer et al., 2022), although many dry-adapted hummock 

Sphagnum species (e.g., Sphagnum warnstorfii) require a hardening period over which desiccation 

tolerance develops (Hájek and Vicherová, 2014). Thus, Sphagnum species would likely be poorly suited for 

establishment in NO areas of the present site, where rapid declines in soil moisture can be expected. 

Additionally, surface inundation observed during the early season in NO areas (~25 % of the surface) may 

further limit Sphagnum establishment there (Borkenhagen and Cooper, 2018) as is likely in WO areas. 
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Notably, non-optimized hydrological dynamics may inhibit the establishment of all mosses 

regardless of desiccation tolerance. This is because growth ceases upon desiccation, and recovery times 

upon rewetting usually increase with longer periods of desiccation (Proctor et al., 2007). Therefore, while 

introduced desiccation-tolerant moss propagules may be capable of survival through the late season in NO 

areas of the residual pad, growth and community development are likely to be limited to the short early 

season when the WT is near the surface, as prolonged dry periods between rainfall events in the late season 

will limit growth rates (Figure 3.7). Instead, NO areas of the residual pad may be better suited for the 

establishment of sedges, including Carex and Scirpus species. These species have a high tolerance for water 

table fluctuations (Borkenhagen et al., 2024; Koropchak et al., 2012) and have been found to colonize 

unsaturated mineral substrates (Chapin and Chapin, 1981; Vitt et al., 2011).  

Furthermore, it is likely that the second, lower-precipitation growing season may have been more 

representative of future climatic conditions on the Western Boreal Plain than the first, higher-precipitation 

year. Specifically, it is likely that there will be an increased prevalence of drought conditions in boreal 

regions under a future, warmer climate (Price et al., 2013; Schneider et al., 2016), which may be exacerbated 

in peatlands by their high rates of evapotranspiration compared to upland boreal forests (Helbig et al., 2020). 

Thus, it is possible that maintaining near-surface WTs on residual well pads may become more challenging 

in the future, and a greater proportion of the surface on these sites may support soil water availability similar 

to that observed in NO areas in the present study over time. As such, it is possible that residual well pads 

will be better suited for the initiation of graminoid species than mosses over the long-term. 

 

3.4.4. Effect of straw mulch 

Given the importance of atmospheric water losses in peatland water budgets under both current (Volik et 

al., 2021) and future climate scenarios (Helbig et al., 2020), reductions in evaporation rates on residual well 

pads may be an important restoration consideration. However, application of straw mulch in the present 
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study was not found to have a direct significant effect on either VWC or Ψ during either study period (Table 

3.1). Notably, this finding is in alignment with the outcome of a trial of straw mulch application in saturated 

areas of a constructed peatland where soil moisture did not vary between mulched and non-mulched plots 

(Scarlett et al., 2017). However, for a considerable portion of both study periods, the mineral substrate 

across extensive areas on the residual pad was unsaturated. Under such conditions, the application of mulch 

typically improves substrate water content by reducing bare soil evaporation (Price et al., 1998; Scarlett et 

al., 2017). The lack of a significant effect of straw mulching on soil moisture is therefore an indicator that 

near-surface moisture dynamics on the well pad were primarily dictated by the poor water retention capacity 

of the coarse mineral fill (which permits rapid drainage; McKinnon et al., 2024) rather than evaporative 

drying. For example, the VWC measured in plots in interior areas of the pad was in the range of 10-20 m3m-

3 for much of the late season, which aligns with the range for which stage II evaporation commonly occurs 

in loamy sands (Lehmann et al., 2018) such as the one the pad was constructed out of. Accordingly, 

evaporative demand was likely supplied only by low-magnitude capillary flow and vapour fluxes for much 

of the time (Dingman, 2015a). In contrast, a greater effect of straw mulch application might be observed on 

fine-textured residual clay pads which would retain water near the surface for longer and which could better 

maintain capillary flow from deeper WTs (Dingman, 2015a). In turn, this increased capillary flow would 

sustain greater evaporation rates, which might be reduced through the application of straw mulch. 

 

3.4.5. Site hydrological trajectory and directions for future research 

Regulation of hydrological dynamics in interior areas of the pad may improve over time. For example, the 

water retention capacity of the residual fill may improve as a result of the addition of organic matter in the 

form of below-ground root biomass and surface litter associated with the establishment of Carex and 

Scirpus sedge species, which supports the early stages of peatland succession following natural 

paludification (Rydin and Jeglum, 2013). Should the density of the moss community increase over time, 

improved capillary flow through a layer of partially decomposed moss litter at the surface into community 
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growth forms may also improve establishment (Goetz and Price, 2015). Similarly, enhanced water retention 

in dense community growth forms might increase desiccation avoidance capacity (McCarter and Price, 

2014). 

Given the high likelihood of observing only limited true moss establishment in NO areas of the 

pad, further consideration should be given to the development of modifications to the partial removal 

technique designed to optimize substrate moisture in areas with limited subsurface hydrological connection 

to adjacent peatlands. Treatments might include the application of soil amendments such as natural peat 

collected during the construction of new well pads near partially removed pads undergoing restoration. This 

might improve the water retention capacity of residual mineral substrates, while possibly improving the 

hydrological connection between introduced mosses and underlying substrates (M. E. Gauthier et al., 2018; 

Hugron et al., 2013). Consideration should also be given to enhancing subsurface hydrological connectivity 

between residual well pads and adjacent peatlands through the installation of either surface or subsurface 

flow conduits (Guérin, 2022; Vitt et al., 2011), or by sloping the surface of residual pads to make the 

elevation of interior and downgradient areas lower. This would better align the reprofiled surface with the 

position of the late season water table in those areas, thereby reducing DWT (McKinnon et al., 2024). These 

approaches are likely to be more important than reducing bare soil evaporation, given the likely greater 

control of the mineral fill hydrophysical properties (i.e., poor water retention capacity) and DWT on 

substrate moisture dynamics than that of evaporative water losses. Development of hydrologic thresholds 

(i.e., threshold Ψ values) corresponding with true moss desiccation limits should also be undertaken, similar 

to those already developed for Sphagnum species (Price and Whitehead, 2001). Based on preliminary 

observations of the establishing moss community on the site studied here (data not shown), it appears that 

true mosses can tolerate non-optimal conditions to at least some extent through a combination of tolerance 

and avoidance (Vitt et al., 2014). Quantification of these limits would provide a valuable tool for future 

restoration assessments on residual mineral well pads, which could effectively use measurements of Ψ to 

predict moss establishment outcomes. Further study of substrate water availability and the efficacy of straw 
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mulch on finer-textured residual well pads is also recommended, given that these fill materials are 

commonly used for pad construction (Osko et al., 2018). 

 

3.5. Conclusion 

This study assessed whether the partial removal of a well pad constructed out of sandy-textured mineral fill 

would result in the maintenance of requisite moisture conditions for the establishment of true mosses 

introduced onto it using a modified version of the MLTT. Optimal WT regulation and substrate moisture 

conditions were regularly observed in areas along pad edges receiving direct groundwater inputs from the 

adjacent peatland. The creation of microtopographic variability in those areas through roughing of the 

substrate surface resulted in the availability of microsites along a moisture gradient. Combined, it appears 

that these areas are likely to support the establishment of a diverse true moss community over time. 

However, unfavourable substrate moisture conditions (i.e., Ψ < -10 mb and VWC < 0.27 m3m-3) were 

observed late in the growing season in areas away from pad edges, which were not hydrologically well-

connected to the adjacent peatland. As such, mosses introduced to these areas faced considerable risk of 

desiccation late in the second, lower-precipitation study period, especially at high microtopographic 

positions. The application of a straw mulch was found to have little efficacy in the present study, 

highlighting the importance of targeting a high and stable water table via re-established hydrological 

connectivity with the adjacent peatland. Overall, the findings presented herein suggest that there is a need 

to enhance subsurface hydrological connectivity across partially removed well pads to reduce WT 

variability in interior areas away from pad edges. Nonetheless, the partial removal technique appears to 

have promise as a potential strategy to restore the tens of thousands of well pads that have been constructed 

in boreal peatlands to date. 
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4 DEVELOPMENT OF BIOGEOCHEMICAL PROCESSES ON A RESIDUAL OIL 

WELL PAD UNDERGOING RESTORATION TO A BOREAL PEATLAND 

 

4.1. Introduction 

The North American Western Boreal Plain (WBP) is characterized by a mosaic of distinct landscape units, 

each of which supports a unique combination of moisture and nutrient availability (Beckingham and 

Archibald, 1996). Spatial differences in moisture and nutrient regimes between landscape units drive 

heterogeneity in vegetation community structure (Craine and Dybzinski, 2013), which in turn has a major 

control over ecosystem functional processes including nutrient and water cycling (Wang et al., 2015; Wood 

et al., 2016), carbon sequestration (Harris et al., 2021), and provision of habitat for wildlife (Rettie and 

Messier, 2000). As such, a system of classification has been developed for use in Canada’s boreal regions, 

wherein landscape units with comparable moisture and nutrient regimes are considered to belong to 

common ‘ecosites’ (Beckingham and Archibald, 1996). Ecosite classification has been used extensively in 

forest management (Tamminga et al., 2014; Van Rensen et al., 2015) and (more recently) in the assessment 

of restoration outcomes (Farnden, 2023; Thiffault et al., 2017). In the case of the latter, comparisons are 

drawn between ecosite classifications on restoration sites and in reference ecosystems (Lupardus et al., 

2019; Nwaishi et al., 2015a). Consideration of abiotic factors (i.e., moisture and nutrient regimes) in 

addition to vegetation establishment outcomes can allow for an improved understanding of the successional 

trajectory a site may be following (Lupardus et al., 2019; Pinno and Hawkes, 2015). This enables informed 

prediction of whether the site is on a trajectory towards supporting similar vegetation and ecosystem 

functional processes as reference ecosites over time, even if differences exist in the present day. 

 Given that peatland successional trajectories can extend over hundreds to thousands of years 

(Halsey et al., 1998; Ruppel et al., 2013), comparison of nutrient and moisture regimes on peatland 

restoration sites may prove to be a valuable tool to assess restoration outcomes. Peatland restoration is likely 

to occur on a large scale in the future, as peatlands in the WBP have been impacted by open-pit oil sands 
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mining (Rooney et al., 2015) and the construction of over 36,000 hectares of in-situ oil and gas well pads 

associated with the energy industry (UNEP, 2022). By law, each well pad must be restored to a state of 

‘equivalent land capability’, which is defined for peatlands as the re-establishment of ecohydrological 

conditions sufficient to sustain a peat-accumulating vegetation community (Alberta Environment and 

Parks, 2017). However, the surfaces of well pads can be about one metre higher than that of surrounding 

peatlands, leading to limited substrate moisture availability and high rates of decomposition (Lemmer, 

2022). 

In the absence of ecological restoration, these conditions tend to support the growth of grasses, 

legumes, and ruderal species, and also inhibit peat accumulation (Lemmer et al., 2022). However, in natural 

boreal peatlands, Sphagnum and true mosses (i.e., those belonging to class Bryopsida) form the foundation 

of ecosystem function and are the primary contributors to peat formation (Bauer et al., 2003; Vitt et al., 

2009). Accordingly, peatland restoration in Canada targets the initiation of peatland mosses (Borkenhagen 

and Cooper, 2016; González and Rochefort, 2014) that are re-introduced to a site using the Moss Layer 

Transfer Technique (MLTT; Rochefort et al., 2003). Originally developed for use on cutover bogs in Eastern 

Canada, the MLTT involves spreading donor moss propagules across the surface of a restoration site 

(Rochefort et al., 2003). Maintenance of a near surface water table is critical following use of the MLTT 

(González and Rochefort, 2014), as this permits adequate water supply to mosses on the surface (Ketcheson 

and Price, 2014) and supports the maintenance of anaerobic substrate conditions. 

 To ensure the maintenance of a shallow water table, the surface of a well pad must be reconfigured 

(i.e., lowered and de-compacted). Complete removal of the mineral fill appears to be best suited for the 

establishment of Sphagnum-dominated peatland vegetation communities (i.e., those characteristic of bogs 

and poor fens) and is also associated with a high risk of creating undesirable flooded conditions (Lemmer 

et al., 2022; Pouliot et al., 2021; Xu et al., 2022). Hence, the partial removal of well pads has been proposed 

as an alternative (Vitt et al., 2011). This method involves removing the uppermost layers of the mineral fill, 

whilst leaving a residual mineral substrate in place at the surface of the peatland (Vitt et al., 2011). Moss 
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propagules can then be spread directly onto the residual mineral substrate using a variation of the MLTT 

(Borkenhagen and Cooper, 2016; McKinnon et al., 2024). This approach can be considered as somewhat 

analogous to the natural process of primary peat formation, which results in the initiation of peatland 

graminoids and bryophytes on mineral soils (Ruppel et al., 2013). 

 Initial trials of the partial well pad removal technique were conducted on small subsections of pads 

lowered to levels between 15 cm above the water table and the same elevation as the water table in the 

surrounding peatlands. At that scale, residual mineral substrates that were closely aligned with the 

surrounding water table supported sufficient water availability for the establishment of peatland graminoids 

and bryophytes (M. E. Gauthier et al., 2018; Lemmer et al., 2022; Vitt et al., 2011), which was in agreement 

with earlier trials at the mesocosm scale (Borkenhagen and Cooper, 2016). The residual mineral substrates 

also had pH and electrical conductivity values and base cation contents that were similar to those reported 

for minerotrophic fens on the WBP (M. E. Gauthier et al., 2018). In contrast, when the partial well pad 

removal technique was scaled up and applied on a full-size well pad (~0.8 hectares) as part of a study 

associated with this one, the low hydraulic conductivity of the mineral fill limited hydrological connectivity 

across the pad (McKinnon et al., 2024). This resulted in variable hydrological conditions, with large water 

table fluctuations observed across more than half of the pad, leaving much of it unsaturated for extended 

periods of time (McKinnon et al., 2025). This could potentially inhibit or slow the development of wetland 

biogeochemical processes (Hartsock et al., 2020, 2016; Nwaishi et al., 2015a). Accordingly, there remains 

considerable uncertainty surrounding the potential of the partial well pad removal technique to create the 

requisite biogeochemical conditions for establishment of a self-sustaining true moss community. 

There is also uncertainty surrounding the effectiveness of restoration treatments applied following 

partial removal, including fertilization with rock phosphate and the use of straw mulch surface coverings. 

The former is applied during restoration of cutover peatlands to encourage establishment of the moss 

Polytrichum strictum (González and Rochefort, 2014; Sottocornola et al., 2007). While phosphorus is not 

typically a limiting nutrient in peatlands in the WBP (Vitt et al., 1995), its use may nonetheless encourage 
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moss and graminoid establishment on poorly developed residual mineral substrates originally excavated 

from the substratum (Green et al., 1992). Furthermore, straw mulch surface coverings are often employed 

on both restored cutover (Price et al., 1998) and constructed (Scarlett et al., 2017) peatlands to improve soil 

moisture conditions. It has also been tested on residual mineral substrates (Borkenhagen and Cooper, 2016; 

M. E. Gauthier et al., 2018; McKinnon et al., 2025), although the literature is lacking any detailed study of 

its effect on biogeochemical dynamics in this context. Considering the uncertainties surrounding the 

potential of the partial well pad removal technique to support the establishment of peatland biogeochemical 

processes, the objectives of this study are to: 

1. Characterize the physicochemical properties of a residual mineral substrate following the partial 

removal of a full-size well pad; 

2. Compare the biogeochemical processes occurring within a residual well pad to those in an adjacent 

reference fen to assess the likely successional trajectory to conditions dominant in fens; and, 

3. Assess the impact of restoration treatments (application of straw mulch and phosphorus fertilizer) 

on biogeochemical processes on the residual well pad. 

 

4.2. Methods 

4.2.1. Study Site 

The study was conducted on a 0.8 ha residual pad located in a fen near Slave Lake, Alberta, Canada (55° 

19' 11” N, 114° 28' 22” W; Figure 4.1b). The adjacent fen was characterized by Drepanocladus aduncus, 

Aulacomnium palustre, Sphagnum warnstorfii, Sphagnum angustifolium, Carex aquatilis, Rubus 

chamaemorus, Salix spp., and Rhododendron groenlandicum. Tree cover was primarily Picea mariana. The 

pad was originally constructed out of sandy textured mineral fill in 1991. In March 2020, the pad was 

partially removed under frozen conditions by using heavy machinery to remove a layer of the mineral fill 

(see McKinnon et al., 2024). Microtopographic variability with average relief of 19 cm was created by 
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scraping the surface of the fill using an excavator. Next, diaspores containing moss fragments, roots, seeds, 

and rhizomes were collected from a nearby donor fen (Figure 4.1c) and spread directly onto the residual 

mineral substrate using a skid steer. Based on previous trials of the use of the MLTT on residual pads, moss 

donors were introduced at an aerial ratio of 1:7 (donor fen to residual pad). The pad was then subdivided 

into 16 study plots (Figure 4.1a), half of which were covered by hand with a layer of straw mulch (Quinty 

et al., 2020b). Granular rock phosphate fertilizer (N-P-K of 2-13-0) was applied by hand to all treatment 

Figure 4.1: Map of the study site including the location of nutrient monitoring points, piezometers, and mulched and fertilized 

plots (a). Provided for context are the location of the study site in the Canadian western boreal region (b), location of the fen moss 

propagule donor site (c), and aerial photos of the residual pad and constructed ridge taken between 2020 and 2024 (d-f). Based on 

the findings of McKinnon et al. (2025, 2024), the classification of plots on the residual pad as being either hydrologically well 

optimized (WO) or hydrologically non-optimized (NO) for fen moss establishment was adopted.  
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plots on the western half of the pad (Figure 4.1a) at a rate of 150 kg ha-1 in accordance with cutover peatland 

restoration guidelines (Quinty et al., 2020b). 

 

4.2.2. Physicochemical Characterization 

Measurements of groundwater pH, electrical conductivity (EC), and temperature were made using a water 

chemistry meter (HI9810-61, Hanna Instruments, USA) in polyvinyl chloride piezometers with 10 cm 

intake screens centred at a depth of 25 cm. Piezometers were covered with filter sock (Nilex, Canada) and 

installed within the pad (n = 12) and peatland (n = 18; Figure 4.1a). Monthly measurements were made 

during the study periods in 2020 (15 June – 14 August) and 2021 (16 May – 14 September). Additional 

measurements were made within the donor site in August (n = 10), including during the 2022 study period 

(14 May – 28 August). A third set of measurements was made on the pad during the 2023 study period (15 

May – 11 September) to determine whether there was any change in pH or EC in response to vegetation 

establishment. All EC measurements were standardized to 20 oC and corrected for H+ ion activity using the 

method outlined by Sjörs (1950). Measurements of VWC were made approximately monthly during each 

study period including in 2024 (13 May – 30 September) using a moisture meter (ML3, Delta-T Devices, 

UK). Three measurements were made over the 0-6 cm depth at low and high microsites in each plot on the 

pad (n = 36 per microsite), and at each peatland monitoring point and piezometer (n = 81 per microsite). 

Soil-specific VWC calibrations were developed, and manual measurements of soil temperature were taken 

using a small portable thermometer in 2022 and 2023. 

Analyses for substrate total micro and macronutrient concentrations were conducted by the 

University of Alberta Natural Resources Analytical Laboratory (NRAL) for samples of the mineral fill 

collected in March 2020 (n = 7). Analyses for total carbon (TC) and total nitrogen (TN) were conducted 

using dry combustion (FlashSmart Organic Elemental Analyzer; Thermo Fisher Scientific, Finland). 

Analyses for additional micro and macronutrients (Na, K, Mg, Ca, Zn, P, Fe, Mn, Cu, S, and Ni) were 
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undertaken by analyzing digested samples using inductively coupled plasma optical emission spectroscopy 

(ICP-OES) (iCAP6300 Duo, Thermo Fisher Scientific, Finland) according to Method 6010D (U.S. EPA, 

2014). Soil organic matter (OM) content was estimated through loss-on-ignition. Specifically, 10 g samples 

of substrate were collected across the pad in June 2020 and June 2023 (n = 12 per year). Samples were 

dried at 105 oC prior to combustion at 550 oC for four hours (Heiri et al., 2001). Exchangeable cations (Na, 

K, Ca, Mn, Fe, Mg, and Al) and total cation exchange capacity (CEC) were quantified using the ammonium 

acetate method, with isopropanol and 1 M KCl used for measurement of total exchange capacity 

(Hendershot et al., 1993). Analyses were performed by NRAL on 10 g of mineral substrate collected from 

each pad monitoring point in 2020 (n = 12). Leachate concentrations of the index ion (ammonium acetate) 

and exchangeable cations were quantified using ICP-OES (iCAP6300 Duo, Thermo Fisher Scientific, 

Finland) in accordance with Method 6010D (U.S. EPA, 2014). 

 

4.2.3. Nutrient Dynamics 

Relative substrate decomposition rates were compared using the Tea Bag Index (Keuskamp et al., 2013). 

Briefly, paired green (EAN 8722700055525, Lipton, Netherlands) and rooibos (EAN 8711327514348, 

Lipton, Netherlands) teabags were pre-weighed and buried in 8 cm holes for 87 days between 17 May and 

12 August 2021 and 79 days between 22 June and 9 September 2023. In 2021, three pairs of teabags were 

buried at an average microsite height at each monitoring point, while six pairs of tea bags were buried at 

low and high microsites at each monitoring point in 2023 (Figure 4.1). At the end of each period, teabags 

were collected and dried at 70 oC for 48 hours. Pre-burial and oven-dry weights were used to calculate 

stabilization factors (S) and decomposition rate constants (k). Values of S were used to compare the degree 

of stabilization of the labile organic fraction during decomposition, while values of k were used to compare 

relative labile organic matter decomposition rates (Keuskamp et al., 2013). Due to a change in teabag 

manufacturing, teabags buried in 2021 were composed of non-woven polypropylene, whereas teabags 
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buried in 2023 were composed of a tightly-woven polylactic acid mesh (Lipton, personal communication). 

As such, values of k and S were not directly comparable between years. 

Paired samples of peat from the adjacent fen or mineral substrate from the pad were collected for 

determination of extractable (bio-available) nitrate (ext-NO3
-), ammonium (ext-NH4

+), and phosphate (ext-

PO4
3-), and net mineralization rates (quantified using the buried bag method of Eno, 1960). Samples were 

collected adjacent to one another over an interval of 0-10 cm below the surface and placed into polyethylene 

bags. Pre-incubation samples were stored at 4 oC prior to analyses within 24 hours. The second sample was 

buried for between 21 and 30 days (depending on the year) prior to collection and analyses. Extractions 

were performed by shaking samples at 100 rpm for 60 minutes in deionized water (for ext-PO4
3-) or 2.0 M 

KCl (for ext-NO3
- and ext-NH4

+) at a gravimetric ratio of 1:5. Extracts were filtered through 2.5 μm 

cellulose filter paper (Whatman 42, Cytiva, UK) and frozen prior to analyses by NRAL (Gallery Plus 

Beermaster Autoanalyzer; Thermo Fisher Scientific, Finland). Pre- and post-incubation nutrient 

concentrations were normalized based on dry sample weights (Reddy et al., 2013). Net mineralization rates 

were calculated as the difference between post- and pre-incubation extractable nutrient concentrations 

divided by the incubation length. 

Pore water was collected from the upper 10 cm at each monitoring point (Figure 4.1a) using 

samplers constructed out of perforated polyvinyl chloride pipe. Samples were stored at 4 oC prior to 

filtration within 24 hours through 2.5 μm filter paper (Whatman 42, Cytiva, UK) then frozen. 

Concentrations of soluble reactive P (SRP; PO4
3-), NO3

-, NH4
+, and Cl- were determined using calorimetric 

methods by NRAL (Gallery Plus Beermaster Autoanalyzer; Thermo Fisher Scientific, Finland). Nutrient 

supply rates were quantified using Plant Root Simulator (PRS) probes installed for 72 hours at intermediate 

microsites at each monitoring point in 2020 and 2023 and at paired low and high microsites in 2021. A 

burial length of 72 hours was selected based on the recommendations of Hartsock et al. (2020) to ensure 

nutrient concentrations would be close to equilibrium. Upon retrieval, probes were cleaned with distilled 

water and shipped to Western Ag Innovations where they were eluted with 0.5 M HCl. Calorimetric methods 
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were used for NO3
- and NH4

+ (San++ Analyzer, Skalar, Netherlands) while analyses for PO4
3-, Ca, Mg, K, 

Fe, Mn, and Al were conducted using ICP-OES (SpectroGreen Analyzer, Spectro Analytical Instruments, 

USA). Based on the method of Plach et al. (2017), PRS probe supply rates were used to calculate N:P ratios 

in 2023 that were used to inform potential nutrient supply limitations at that time. 

 

4.2.4. Statistical Analyses 

Statistical analyses were conducted using R (R Core Team, 2024) with α = 0.05. When all observations of 

a given variable exceeded the analytical limit of quantitation (LOQ), ordinary least-squares regression 

(OLS-Reg) was used to assess the significance of environmental and treatment effects (VWC, temperature, 

mulching, and fertilization) in predicting nutrient variables on the pad. Log transformations were applied 

when required to meet statistical assumptions. When at least one, but < 40 % of observations were censored 

(< LOQ), censored regression (Cen-Reg) models based on maximum likelihood estimation (Helsel, 2012) 

were employed. Censored regression accounts for the proportion of data below the LOQ without depending 

on an actual value (Helsel, 2012, 2005). OLS-Reg models were fit with the lm function of the stats package 

(R Core Team, 2024). Cen-Reg models were fit using the cencorreg function of the NADA2 package (Julian 

and Helsel, 2024). Model fit was assessed through visual inspection of residual distribution using Q-Q plots 

(Zuur et al., 2009). Variance inflation factors (VIF) were computed to check for multicollinearity using the 

vif function of the car package (Fox and Weisberg, 2019). After running Cen-Reg models, partial Wald’s 

tests were conducted within the cencorreg function to compute Wald’s Z statistics and p-values for each 

predictor variable (Helsel, 2012). Based on the findings of Antweiler (2015), no statistical tests were 

performed when > 40 % of observations in a dataset were censored. 

For datasets without censored observations, spatial variability was assessed using Student’s t-tests 

or analysis of variance (Tukey’s HSD post hoc comparisons) with the t.test function of the stats package or 

the Anova function of the car package when the normality assumption was met (or met through log 



88 

 

transformation). When transformation was ineffective, Wilcoxon Rank-Sum tests or Kruskal-Wallis tests 

(Dunn’s post hoc comparisons) were employed using the wilcox.test or kruskal.test functions of the stats 

package. For censored datasets with < 40 % censored observations, Peto-Peto tests with Benjamini-

Hochberg post hoc comparisons were employed (Helsel, 2012) using the cen1way function of NADA2. 

Spatial comparisons between the surrounding peatland and locations on the pad were guided by the findings 

of a related study (McKinnon et al., 2025). That study found that plots located along the upgradient and 

north pad edges frequently had higher VWC than those within the interior of the pad. As such, plots along 

the upgradient and north edges were deemed to be hydrologically well-optimized (WO) for moss 

establishment based on moisture, while the interior plots were deemed to be hydrologically non-optimized 

(NO) (McKinnon et al., 2025; Figure 4.1a). Similar spatial patterns were identified in the present study (see 

Section 3.4), and spatial comparisons were thus made between the peatland, WO plots, and NO plots (Figure 

4.1a). Data were plotted with ggplot2 (Wickham, 2016). For censored datasets with < 40 % censored 

observations, plots were drawn by imputing values for censored observations using the robust ROS method 

(Helsel, 2012) with the cenboxplot function of the NADA package (Lee, 2020). 

 

4.3. Results 

4.3.1. Weather 

Mean growing season (1 May to 30 September) air temperatures in the Slave Lake region (data from the 

Slave Lake airport) exceeded the 30-year climate normal (13.0 oC) in all years, ranging from 13.1 to 14.9 

oC (Figure 4.2a; Supplementary Table C.1). As expected on the WBP, temperatures were greatest during 

the peak growing season (June to August), with cooler conditions observed through the spring and late 

summer (Figure 4.2a). Total rainfall in the region (data from the Slave Lake airport) exceeded the 30-year 

climate normal in the month of May in all years studied (Figure 4.2b). This pattern continued through much 

of the growing season in 2020, 2023, and 2024, which received 107 %, 110 %, and 133 % of the 30-year 
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growing season climate normal rainfall (292 mm), respectively (Figure 4.2b; Supplementary Table C.1). 

Nonetheless, there were still drier than average months during the growing season in each of those years, 

particularly during the late summer (Figure 4.2b). In contrast, the 2021 and 2022 growing seasons were 

drier than average, receiving only 94 % and 62 % of the 30-year climate normal rainfall, respectively 

(Figure 4.2b). 

 

4.3.2. Substrate Physicochemical Characterization 

The OM content of the mineral fill was relatively low immediately post-partial removal (mean = 2.1 ± 0.7 

% in June 2020; McKinnon et al., 2024) and did not significantly increase during the subsequent three years 

(Wilcoxon rank-sum, p = 0.1; mean = 3.1 ± 2.8 % in June 2023). Nonetheless, the TC content of the fill 

(0.91 % w/w) was relatively high compared to other nutrients (Table 4.1), although this value also 

Figure 4.2: Comparison of monthly mean air temperature (a) and monthly total precipitation (b) between study years (2020-2024) 

and compared against 30-year climate normal data (monthly means for the years 1991-2020). All data was collected by 

Environment and Climate Change Canada at the Slave Lake airport (~20 km away from the study site). 
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Table 4.1: Mean residual mineral fill total micro and macronutrient concentrations and substrate nutrient ratios quantified for 

samples collected in 2020 (n = 7). Standard deviations are provided in parentheses below each mean value. Note that substrate total 

carbon, as opposed to substrate organic carbon, has been reported and used in the calculation of the reported nutrient ratios. 

 

 Macronutrients (mg kg-1)  Micronutrients (mg kg-1)  Nutrient ratios 

 C N K Ca Mg P S  Fe Mn Zn Cu Ni  C:N C:P N:P Fe:P 

Mean  9121.9 

(1629.0) 

270.9 

(49.6) 

914.3 

(106.5) 

13184.7 

(4562.5) 

3021.3 

(592.6) 

270.6 

(18.0) 

63.4 

(13.2) 

 8085.5 

(807.1) 

162.2 

(26.0) 

24.0 

(2.2) 

6.2 

(0.5) 

9.2 

(0.5) 

 35:1 

(9.7) 

34:1 

(5.6) 

1:1 

(0.2) 

30:1 

(3.3) St. Dev. 

 

includes inorganic (i.e., non-bioavailable) carbonates. The total contents of Ca, Fe, and Mg were the highest 

among other nutrients (Table 4.1). As such, Ca and Mg were the predominant cations on soil exchange sites 

(Table 4.2). Notably, exchangeable Fe was unexpectedly low (Table 4.2), suggesting that Fe may have been 

undergoing complexation with other ions. Exchangeable Mn and K were also comparatively low (Table 

4.2), although this result was not unexpected given their lower total values (Table 4.1). In comparison, N, 

P, and S were the macronutrients found in the lowest quantities overall (Table 4.1). Combined with the high 

TC content, this resulted in high substrate C:N and C:P ratios (Table 4.1). The high total Fe content also 

resulted in a high substrate Fe:P ratio, while the quantities of total N and P were approximately equal (Table 

4.1). Total (116.5 ± 10.4 mg kg-1) and exchangeable Na were also low on the pad, as was exchangeable Al 

(Table 4.2). Total Al was not quantified for the residual pad, although the Al content of a similarly textured 

mineral fill collected from a nearby access road was high (mean Al = 6187.0 ± 1046.0 mg kg-1; unpublished 

data). Combined, this suggests that Al might also have been undergoing complexation with other ions. 

 

Table 4.2: Residual mineral fill total cation exchange capacity (CEC) and exchangeable cation concentrations quantified for 

samples collected in 2020 (n = 12). Standard deviations are provided in parentheses below each mean value. 

  Exchangeable cations (cmol kg-1) 
Total CEC* 

(cmol kg-1) 
 K Ca Mg Fe Mn Na Al 

Mean 0.167 12.064 1.285 0.003 0.038 0.156 0.037 6.618 

St. Dev. (0.018) (3.078) (0.509) (0.001) (0.023) (0.037) (0.016) (1.435) 

*Total CEC is reported as the measured concentration of the index ion (ammonium acetate) as opposed to 

the sum of exchangeable cations. 
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4.3.3. Groundwater Chemistry 

Median pore water Cl- concentrations did not generally differ between the pad and fen, ranging from 1.1 to 

6.6 mg L-1 (Supplementary Figure C.1). Nonetheless, the mean EC of shallow groundwater within the pad 

(616 to 771 µS cm-1) was significantly higher than in the fen (110 to 113 µS cm-1) in both 2020 (p < 0.001) 

and 2021 (p < 0.001) (the study periods with fen measurements; Figure 4.3a-b). On the pad, these values 

were aligned with regional extreme-rich fens, whereas values in the surrounding fen were aligned with 

moderate-rich fens (Vitt and Chee, 1990). In contrast, the EC in the moss donor site was aligned with poor 

fens, ranging from 43 to 101 µS cm-1 (Supplementary Table C.2; Vitt & Chee, 1990). Notably, EC within 

the pad did not change significantly between 2020 and 2023 (p = 0.07). In the peatland, mean EC was 

significantly higher downgradient of the pad (160 µS cm-1) than on its upgradient side (93 µS cm-1) in 2020 

(p = 0.02;  Figure 4.3a), although no significant differences were observed in 2021 (Figure 4.3b). 

Similarly, mean shallow groundwater pH was significantly higher within the pad (7.0) than in all 

surrounding peatland areas (6.4) in 2021 (p < 0.001; Figure 4.3e). However, mean pH did not significantly 

differ between the pad (6.9) and the downgradient peatland (6.8) in 2020 (Figure 4.3d). Correspondingly, 

mean pH in the downgradient peatland was significantly higher than in the upgradient (6.4; p < 0.001) and 

north (6.5; p < 0.001) peatlands that year (Figure 4.3d). In contrast with the stability of EC on the pad, mean 

pH there declined significantly between 2021 (7.0) and 2023 (6.2) (p < 0.001; Figure 4.3f). Notably, pH in 

both the pad and fen were typical of moderate-rich fens in the region, as was the pH in the moss donor site, 

which ranged from 5.9 to 6.3 (Supplementary Table C.2; Vitt & Chee, 1990). Shallow groundwater was 

also significantly warmer within the pad than in the peatland in both 2020 (p < 0.001) and 2021 (p < 0.001; 

Figure 4.3g-h). 
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4.3.4. Substrate Moisture and Temperature 

On the residual pad, low microsites were significantly wetter in hydrologically WO areas than in 

hydrologically NO areas in the late season (July to September) in both 2021 and 2022 (the drier than average 

years; Figure 4.1 and Table 4.3). Notably, this difference was not observed in the early season (May to June) 

in those years, or at any time during the wetter than average growing seasons (Table 4.3). Low microsites 

in both WO and NO areas on the pad were generally drier than hollows in the peatland, likely reflecting the 

lower total porosity of the mineral substrate (0.38) as compared to the peat (0.95 to 0.97; McKinnon et al., 

2024). Conversely, VWC at high microsites only significantly differed between WO and NO areas on the  

Figure 4.3: Shallow groundwater electrical conductivity (EC; a-c), pH (d-f), and temperature (g-i) within the pad and the 

upgradient (‘Up peat’), north (‘North peat’), and downgradient (‘Down peat’) peatlands. Measurements were not made in peatland 

areas in 2023. Groups not sharing common letters significantly differ based on either analysis of variance (all variables in 2020) 

or Kruskal-Wallis (all variables in 2021) tests. 
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Table 4.3: Median volumetric water content (m3 m-3; interquartile range in parentheses) for peat from the fen and the mineral 

substrate in the early season (ES) and late season (LS) each year. Medians for each location are grouped by microsite 

(hollow/hummock for the fen, low/high for the pad). When measurements were not available for a given location or season they 

are denoted by a ‘-’ symbol. Superscript letters denote the results of Kruskal-Wallis tests comparing medians between locations for 

a given microsite and time of season in a given year. Median values not sharing any common letters significantly differ from one 

another. 

 

pad in the driest and wettest seasons studied (2022 and 2024, respectively), with no significant differences 

observed in years receiving rainfall close to the 30-year climate normal (Table 4.3). Also of note, VWC at 

high microsites on the pad was always either higher than, or comparable to VWC at hummocks in the 

peatland (Table 4.3). 

 The temperature of the mineral substrate did not significantly differ between WO and NO areas at 

any microsite position in either year for which temperature measurements were available (2022 and 2023; 

Table 4.4). Accordingly, median temperatures between the two areas fell within 1 °C of each other at all 

times (Table 4.4). In contrast, the temperature of the mineral substrate at low microsites was higher than 

that of peatland hollows late in the 2023 season (the year peatland temperature measurements were 

available; Table 4.4). At that time, the median temperatures between low microsites on the pad and hollows 

in the peatland differed by as much as 6.6 °C (Table 4.4). Some significant differences in temperature were 

also observed between low microsites on and off the pad in the early season that year, although the 

differences were of a lower magnitude (0.9 to 2.8 °C; Table 4.4). Patterns were similar for high microsites 

Microsite Location 

2020 (m3 m-3)  2021 (m3 m-3)  2022 (m3 m-3)  2023 (m3 m-3)  2024 (m3 m-3) 

ES LS  ES LS  ES LS  ES LS  ES LS 

Hollow/ 

low 

Peat (up) 0.91 (0.01)a 0.91 (0.01)a  0.88 (0.16)a 0.31 (0.24)a  - -  0.51 (0.03)a 0.87 (0.08)a  - - 

Peat (north) 0.76 (0.01)a 0.74 (0.04)ab  0.75 (0.18)ab 0.35 (0.10)a  - -  0.45 (0.27)ab 0.93 (0.06)a  - - 

Peat (down) 0.71 (0.01)ab 0.52 (0.07)bc  0.66 (0.29)ab 0.18 (0.06)b  - -  0.40 (0.20)ab 0.85 (0.32)ab  - - 

Pad (WO) 0.33 (0.01)b 0.32 (0.05)cd  0.40 (0.07)bc 0.28 (0.02)a  0.37 (0.02)a 0.38 (0.03)a  0.40 (0.06)ab 0.53 (0.06)bc  0.46 (0.05)a - 

Pad (NO) 0.33 (0.01)b 0.27 (0.03)d  0.34 (0.06)c 0.17 (0.06)b  0.36 (0.03)a 0.29 (0.05)b  0.31 (0.08)b 0.43 (0.11)c  0.47 (0.05)a - 

Hummock/ 

high 

Peat (up) 0.07 (0.02)ab 0.07 (0.04)b  0.09 (0.04)b 0.09 (0.02)bc  - -  0.05 (0.02)b 0.08 (0.05)b  - - 

Peat (north) 0.10 (0.17)ab 0.07 (0.04)b  0.06 (0.05)b 0.03 (0.03)d  - -  0.03 (0.03)b 0.06 (0.04)b  - - 

Peat (down) 0.05 (0.01)b 0.04 (0.04)b  0.05 (0.05)b 0.04 (0.01)cd  - -  0.01 (0.02)b 0.06 (0.04)b  - - 

Pad (WO) 0.28 (0.01)a 0.27 (0.05)a  0.31 (0.05)a 0.25 (0.05)a  0.31 (0.03)a 0.31 (0.02)a  0.28 (0.07)a 0.41 (0.07)a  0.46 (0.05)a - 

Pad (NO) 0.27 (0.02)a 0.22 (0.05)a  0.28 (0.03)a 0.13 (0.07)b  0.30 (0.03)a 0.24 (0.06)b  0.26 (0.08)a 0.36 (0.10)a  0.34 (0.03)b - 
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in the early season (medians on and off the pad falling within 3.3 °C of each other), while no significant 

differences in temperature were observed between pad high microsites and peatland hummocks in the late 

season (Table 4.4). 

 

4.3.5. Cation Supply 

Cation supply on the residual pad was either comparable to, or higher than in the fen (Figure 4.4). The WO 

plots tended to have higher cation supply rates than NO plots at all microsite positions, although differences 

between plot types were often statistically non-significant (Figure 4.4). Cation supply also tended to be 

significantly higher at low microsites across the site than at high microsites (Figure 4.4). Reflecting the 

high total Ca, Mg, and Fe contents of the residual fill (Section 3.2), those cations had the greatest supply 

rates on the pad (Figure 4.4). Unsurprisingly, substrate temperature was not found to have a significant 

effect on cation supply (Supplementary Table C.3). However, VWC had significant positive associations 

with Fe and Mn supply rates in August 2020 (Fe: t = 3.1, p = 0.014; Mn: t = 2.4, p = 0.041) and June 2021 

Table 4.4: Median temperatures (°C; interquartile range in parentheses) for peat from the fen and the mineral substrate in the early 

season (ES) and late season (LS) each year. Medians for each location are grouped by microsite (hollow/hummock for the fen, 

low/high for the pad). When measurements were not available for a given location they are denoted by a ‘-’ symbol. No temperature 

measurements were made in 2020, 2021, or 2024. Superscript letters denote the results of Kruskal-Wallis tests comparing medians 

between locations for a given microsite and time of season in a given year. Median values not sharing any common letters 

significantly differ from one another. 

Microsite Location 

2022 (°C)  2023 (°C) 

ES LS  ES LS 

Hollow/ 

low 

Peat (up) - -  17.4 (1.7)ab 10.0 (2.4)b 

Peat (north) - -  16.4 (3.0)b 10.6 (2.7)b 

Peat (down) - -  16.1 (1.9)b 10.9 (2.9)b 

Pad (WO) 20.0 (0.5)a 25.0 (1.5)a  18.3 (1.3)ab 16.6 (1.2)a 

Pad (NO) 19.3 (0.6)a 25.9 (1.2)a  18.9 (0.7)a 16.4 (1.2)a 

Hummock/ 

high 

Peat (up) - -  17.6 (0.8)b 19.5 (2.4)a 

Peat (north) - -  16.5 (2.5)b 19.5 (2.7)a 

Peat (down) - -  16.9 (1.5)b 17.5 (1.2)a 

Pad (WO) 21.1 (1.2)a 25.5 (2.1)a  18.8 (1.2)ab 17.6 (2.3)a 

Pad (NO) 20.5 (1.0)a 25.7 (1.7)a  19.8 (0.7)a 17.5 (2.8)a 
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Figure 4.4: Cation supply rates measured using PRS probes in the fen and in the hydrologically well optimized (WO) and non-

optimized (NO) areas on the pad (see Figure 1). Bars illustrate mean values (± standard errors) for each group. Probes were 

installed at intermediate microsites in 2020 (June and August) and 2023 (June), and at low/hollow and high/hummock microsites 

in 2021 (June). PRS probes were not installed in the fen in 2023. The means of groups within a given year not sharing any common 

letters significantly differ based on analysis of variance. 
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 (Fe: t = 5.8, p < 0.001; Mn: t = 3.4, p = 0.003), and with Ca supply rates in June 2021 (t = 4.4, p < 0.001). 

Unexpectedly, the supply of other cations was not significantly affected by VWC, although spatial 

differences in VWC in 2020 and 2023 were limited (Table 4.3). 

Significant negative relationships were observed between fertilization and Fe (t = -4.3, p = 0.002) 

and Al (t = -2.6, p = 0.031) supply in August 2020. That month, PRS probes were installed for 72 hours 

immediately post-fertilization. Fertilization was not observed to have significant effects on the supply rates 

of any other cations in the first year, but did have significant positive relationships with Mg (t = 2.7, p = 

0.013) and K (t = 2.4, p = 0.024) supply in June 2021. By 2023, no significant relationships were observed 

between cation supply and fertilization (Supplementary Table C.3). Mulching had a significant positive 

relationship with K supply in June 2020 (t = 2.9, p = 0.017) and June 2021 (t = 2.1, p = 0.048) and a 

significant negative relationship with Fe supply in August 2020 (post-fertilization; t = -4.3, p = 0.003). 

Similar to fertilization, mulching did not have a significant effect on cation supply by June 2023 

(Supplementary Table C.3), by which time the mulch cover was substantially decomposed (visual 

observation).  

 

4.3.6. Decomposition 

Substrate VWC had a significant negative association with k values on the pad in 2021 (t = -2.3, p = 0.049) 

and 2023 (t = -4.5, p < 0.001), indicating that wetter conditions decreased decomposition rates. No 

significant relationships were observed between k values and fertilization, mulching, or substrate 

temperature in either year (Supplementary Table C.4). No spatial differences in k were observed between 

the peatland, WO plots, or NO plots at intermediate microsites in 2021 (Figure 4.5a). However, k did tend 

to be slightly lower in WO plots than elsewhere that year (Figure 4.5a). Reflecting this pattern, k was 

significantly lower in WO plots than in NO plots or the fen at low microsites in 2023 (Figure 4.5b). In 
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contrast, k was significantly lower for peatland hummocks than it was at high positions in NO plots that 

year (Figure 4.5b). Combined, values of k on the pad were either lower than, or not significantly different 

from those in the fen, with the exception of high microsites (where k was often higher on the pad than in 

fen hummocks). Unlike for k, VWC did not have a significant effect on values of S on the pad. However, 

fertilization was negatively associated with S in 2021 (t = -4.2, p = 0.003) and positively associated with S 

in 2023 (t = 2.5, p = 0.019). Substrate temperature was also negatively associated with S in 2023 (t = -2.2, 

p = 0.039). Spatially, S tended to be higher on the pad than in the fen in both 2021 and 2023 but did not 

vary between WO and NO plots on the pad in either year (Figure 4.5c-d). 

 

 

Figure 4.5: Decomposition rate constants, k (a-b) and stabilization factors, S (c-d) on the pad and in the fen. Groups within a 

given year not sharing any common letters significantly differ based on analysis of variance (k in 2023 and S in 2021 and 2023) 

or Kruskal-Wallis (k in 2021) tests. Due to differences in tea bag manufacturing processes, no direct comparisons were made 

between 2021 and 2023. 
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4.3.7. Nitrogen Dynamics 

Median concentrations of ext-NO3
- (0.1 to 0.5 µg g-1 dry soil) and ext-NH4

+ (0.1 to 2.6 µg g-1 dry soil) in 

the pad were often significantly lower than in the fen in 2020 and 2021 (the years with fen measurements; 

Figs. 6a-b & 7a-b). They did not differ between WO and NO areas on the pad in any year (Figs. 6a-d & 7a-

d). Interestingly, there was a considerable increase in concentration of ext-NO3
- on the pad by June 2024 

(12.3 to 13.8 µg g-1 dry soil; Figure 4.6d). This was unexpected, as that month received 38 mm more rainfall 

than the 30-year mean, and similar increases in ext-NH4
+ or ext-PO4

3- were not observed (Figs. 7d & 9d). 

Furthermore, large net negative NO3
- transformation rates were observed on the pad in June 2024 (Figure 

4.6h). Given that net NH4
+ production was observed at that time (Figure 4.7h), dissimilatory NO3

- reduction 

to NH4
+ may have been occurring. However, because the magnitude of net NH4

+ production was smaller 

Figure 4.6: Extractable NO3
- pools (a-d) and daily net NO3

- transformation rates (e-h) in the fen and in the hydrologically well 

optimized (WO) and non-optimized (NO) areas on the pad (see Figure 1). No data was collected in the fen in 2023 or 2024. Bars 

illustrate median values ± the 25th and 75th percentiles for each group (means and standard errors could not be computed due to 

the presence of censored observations in some groups). Medians of groups within a given year not sharing any common letters 

significantly differ based on Kruskal-Wallis, Wilcoxon Rank-Sum, or Peto-Peto tests. 
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than the net negative NO3
- transformation rate, it is also possible that microbial uptake of NO3

- was 

occurring. Prior to the increase in ext-NO3
-, concentrations of it and ext-NH4

+ were similar on the pad, 

whereas concentrations of ext-NH4
+ tended to be higher than ext-NO3

- in the fen (Figs. 6a-d & 7a-d). 

Rates of NH4
+ transformation on the pad were considerably smaller than in the fen in 2020 (Figure 

4.7e). Net NH4
+ production was observed in the fen in the early and late season that year, whereas net 

negative NH4
+ transformation rates were observed on the pad in June (Figure 4.7e). Conversely, net NH4

+ 

transformation rates did not differ between the pad and fen in 2021, although net negative NH4
+ 

transformation was observed in the fen and NO areas as compared to net NH4
+ production in WO areas 

(Figure 4.7f). In 2023 and 2024, net NH4
+ transformation rates remained low and did not vary spatially 

across the pad, although they were negative in 2023 and positive in 2024 (Figure 4.7g-h). Comparatively, 

net NO3
- transformation rates on the pad were negative in 2020 and 2024, but positive in July 2021 (Figure 

4.6e-h). Low ext-NO3
- values precluded calculation of transformation rates in June of 2021 and 2023. In 

the years with fen measurements, the magnitude and sign of net NO3
- transformation rates did not differ 

between the fen and pad (Figure 4.6e-f). On the pad, there was a significant negative association between 

VWC and net NO3
- (t = -3.7, p = 0.002) and NH4

+ (t = -4.3, p < 0.001) transformation rates in 2020, although 

a similar effect was not seen in later years (Supplementary Table C.5). Although net N mineralization rates 

could not be quantified on the pad in any year (due to the combined proportion of censored ext-NO3
- and 

ext-NH4
+ observations exceeding 40%), this suggests that increased moisture may have adversely affected 

microbial efficiency in the first year post-partial removal. Interestingly, VWC was also positively associated 

with the ext-NO3
- content of the mineral fill (z = 2.5, p = 0.013) in the same year (Supplementary Table 

C.6). Conversely, VWC was positively associated with ext-NH4
+ on the pad by June 2023 (z = 2.3, p = 

0.021).  

Despite the lower ext-NO3
- content on the pad than in the fen, no significant differences in pore 

water NO3
- concentrations were observed between them in any year between 2021 to 2024 (Figure 4.8b-e). 

Similarly, few differences in pore water NO3
- concentrations were observed between WO and NO areas 
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(Figure 4.8b-e). The 2020 growing season was an exception, as 94 % of pore water NO3
- concentrations 

that year were < LOQ (13 µg L-1), precluding statistical analyses or data visualization. Observations of NO3
- 

supply rates were also < LOQ (2 µg 10 cm-2 72 hours-1) 72 % of the time across all years, which again 

precluded statistical analyses or data visualization. In comparison, median pore water NH4
+ concentrations 

tended to be higher than those of NO3
- in 2020 and 2021, falling between 12.3 and 211.7 µg L-1 in the fen, 

Figure 4.7: Extractable NH4
+ pools (a-d), daily net NH4

+ transformation rates (e-h), and NH4
+ supply rates (i-l) in the surrounding 

fen and in the hydrologically well optimized (WO) and non-optimized (NO) areas on the residual pad (see Figure 1). No data was 

collected in the surrounding fen in 2023 or 2024. Bars illustrate median values ± the 25th and 75th percentiles for each group 

(means and standard errors could not be computed due to the presence of censored observations in some groups). Medians of 

groups within a given year not sharing any common letters significantly differ based on Kruskal-Wallis, Wilcoxon Rank-Sum, or 

Peto-Peto tests. 
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and between 12.6 and 300.1 µg L-1 on the pad (Figure 4.7f-g). Despite relatively high pore water NH4
+ 

concentrations on the pad, 75 % and 50 % of NH4
+ supply rates there in 2020 and 2021, respectively, were 

< LOQ (2 µg 10 cm-2 72 hours-1). By June 2023, however, NH4
+ supply rates were above detectable limits, 

ranging between 3.9 and 7.2 µg 10 cm-2 72 hours-1 (Figure 4.7k). Notably, NH4
+ supply rates did not vary 

between WO and NO plots at that time (Figure 4.7k). In terms of environmental and treatment effects, 

fertilization was positively associated with pore water NO3
- concentrations in July 2021 (t = 2.7, p = 0.027; 

Figure 4.8: Pore water nitrate (NO3
-; a-e), ammonium (NH4

+; f-j), and phosphate (PO4
3-; k-o) concentrations in the fen and in 

well optimized (WO) and non-optimized (NO) areas on the pad (see Figure 1). In the years 2022-2024, pore water was not 

collected in the fen. Bars illustrate median values ± the 25th and 75th percentiles for each group (means and standard errors could 

not be computed due to the presence of censored observations in some groups). Medians of groups within a given year not sharing 

any common letters significantly differ based on Kruskal-Wallis, Wilcoxon Rank-Sum, or Peto-Peto tests. Limits of quantitation 

are denoted by dashed red lines for each parameter. 
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Supplementary Table C.7). Mulching was associated with reductions in net NO3
- transformation rates (t = 

2.4, p = 0.045) in July 2020, and increases in ext-NH4
+ (z = 2.6, p = 0.010) and pore water NH4

+ 

concentrations in June 2021. Substrate VWC was negatively associated with pore water NH4
+ 

concentrations in 2020 (z = -2.8, p = 0.006) and 2023 (t = -3.3, p = 0.013), whereas it was positively 

associated with NH4
+ supply rates in 2023 (t = 2.6, p = 0.036). 

   

4.3.8. Phosphorus Cycling and Supply 

Concentrations of ext-PO4
3- were < LOQ (18 µg L-1 for the liquid extract) 83% of the time on the pad, 

precluding statistical analyses or visual presentation of the data (Figure 4.9a-d). Notably, the median value 

of ext-PO4
3- measurements on the pad that were > LOQ was only 0.09 µg g-1 of dry soil. Comparatively, 

ext-PO4
3- levels in the fen were considerably higher, at 20 µg g-1 of dry soil (Figure 4.9a-b). The low levels 

of ext-PO4
3- on the pad were also reflected in the fact that pore water SRP was < LOQ (18 µg L-1) 97 % of 

the time there (Figure 4.7k-o). In the peatland, median pore water SRP usually ranged from 50 to 100 µg 

L-1, although the median in July 2021 was significantly lower (24.4 µg L-1) than on other dates (Figure 4.7l). 

Nonetheless, median P supply rates on the pad tended to be comparable to (and in some cases significantly 

higher than) those in the fen in both 2020 and 2021 (the years peatland measurements were available; Figure 

4.9i-j). Owing to the high proportion of ext-PO4
3- values < LOQ, net P mineralization rates on the residual 

pad could not be reliably quantified there in most cases (Figure 4.9e-h). In the surrounding fen, net P 

mineralization was observed throughout the season in 2020, and in the late season in 2021 (Figure 4.9e-f). 

Conversely, net P immobilization was observed in the fen earlier in 2021 (Figure 4.9f). 

   Unexpectedly, application of rock phosphate fertilizer had a significant negative relationship with 

P supply rates in August 2020 (t = -1.1, p = 0.014), although it did not have any significant association with 

P supply in subsequent years (Supplementary Table C.3). In June 2021, for example, only VWC was found 

to have a significant (positive) relationship with P supply (t = 4.7, p < 0.001). However, P supply rates did 

not differ significantly between WO and NO plots at that time (Figure 4.9j) owing to the relatively consistent 



103 

 

VWC values observed across the pad that year (Table 4.3). No environmental variables were found to 

directly affect P supply rates in 2023 (Supplementary Table C.3), and no significant differences in P supply 

rates between plot types on the pad were observed that year (Figure 4.9k). 

 Reflecting the small size of the bioavailable P pool on the pad, the N:P ratio calculated using PRS 

probe supply rates there in June 2023 was 5:1 (Supplementary Table C.8). Notably, this value was somewhat 

higher than that calculated using substrate total N and P values (1:1; Table 4.1). Supply rate-based N:P 

Figure 4.9: Extractable PO4
3- pools (a-d), daily net P mineralization rates (e-h), and P supply rates (i-l) in the surrounding fen and 

in the hydrologically well optimized (WO) and non-optimized (NO) areas on the residual pad (see Figure 1). No data was collected 

in the surrounding fen in 2023 or 2024. Bars illustrate median values ± the 25th and 75th percentiles for each group (means and 

standard errors could not be computed due to the presence of censored observations in some groups). Medians of groups within a 

given year not sharing any common letters significantly differ based on Kruskal-Wallis, Wilcoxon Rank-Sum, or Peto-Peto tests. 
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could not be calculated prior to June 2023 due to the low NO3
- and NH4

+ supply rates on the pad in 2020 

and 2021 (Figs. 6 & 7), although supply rate-based N:P in the fen ranged from 6:1 to 8:1 between 2020 and 

2023 (Supplementary Table 4.8). Interestingly, the supply rate-based Fe:P ratio on the pad ranged between 

91:1 and 195:1 between 2020 and 2023, which was considerably higher than both the Fe:P ratio calculated 

using substrate total values (30:1; Table 4.1) and that of peat in the fen (4:1 to 7:1; Supplementary Table 

C.8). The supply rate-based Al:P ratio on the pad was comparatively lower, ranging from 10:1 to 13:1 

between 2020 and 2023. 

 

4.4. Discussion 

4.4.1. Physicochemical Characterization 

The fact that the residual mineral fill was calcareous (Table 4.1) was likely a result of its original excavation 

from the substratum of an upland boreal forest soil (Green et al., 1992). Owing to the calcareous nature of 

the fill, the pH and EC values of shallow groundwater across the pad were aligned with those typical of 

moderate and extreme-rich fens on the WBP, respectively (Figure 4.3). Previous trials of partial well pad 

removal have identified the importance of ensuring that moss propagules are collected from donor fens with 

similar pH, EC, and Ca contents as the residual pads they are introduced onto (M. E. Gauthier et al., 2018). 

Thus, these results suggest that the residual pad should provide suitable conditions for the initiation of fen 

true mosses, at least in areas where moss water availability is optimized (M. E. Gauthier et al., 2018; 

Lemmer et al., 2022). However, the fact that cation supply rates and groundwater pH and EC were 

frequently higher on the pad than in the adjacent moderate-rich fen suggests that the site may be best suited 

for development of an extreme-rich fen vegetation community, rather than those of less minerogenous 

peatlands (Vitt and Chee, 1990). Notably, the EC of shallow groundwater in the donor site used in the 

present study was aligned with poor fens on the WBP despite its close proximity to the pad (Figure 4.1c), 

highlighting the need for detailed physicochemical characterization to be undertaken prior to selection of 

moss donor sites. 
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The calcareous nature of the mineral fill may also explain the often elevated pH and EC of shallow 

groundwater in the fen downgradient of the pad. This difference between upgradient and downgradient 

sides of the pad is contrary to the findings of Vitt et al. (2011), who identified no significant effect of two 

residual pads on pH and EC in a surrounding bog. However, that study did not assess the degree of 

hydrological connectivity between the pads and the bog in detail. Conversely, the results of McKinnon et 

al. (2024) indicate that the residual pad examined here was hydrologically connected to the fen. As such, 

the downgradient fen frequently received water inputs from the pad (McKinnon et al., 2024). While low 

sample sizes precluded detailed comparison of cation supply rates between sides of the pad, the flow from 

the pad could presumably have resulted in export of base cations to the downgradient fen, potentially 

increasing the EC of shallow groundwater there (Vitt and Chee, 1990). 

 

4.4.2. Organic Matter and Decomposition 

The fact that values of k on the pad were either comparable to, or lower than those in the fen may indicate 

that the mineral substrate was sufficiently wet to limit decomposition rates to a similar extent as seen in 

natural fens on the WBP (Vitt et al., 2009). The negative association between VWC and k supports this 

possibility, although it is also possible that microbial decomposition may instead have been inhibited by the 

low OM content on the pad (2.1% to 3.1%) as compared to the fen (91% to 95%; McKinnon et al., 2024). 

Even though the ratios of substrate TC to total N (35:1) and P (34:1) were high, the TC content of calcareous 

mineral substrates is not fully representative of bioavailable carbon as it is inclusive of the inorganic 

carbonate (i.e., non-bioavailable) fraction. Levels of dissolved organic carbon have also been found to be 

lower on residual pads than in surrounding peatlands (Lemmer et al., 2020), which may further limit the 

availability of organic carbon. Such limitations may explain why high substrate temperatures did not result 

in higher values of k as was expected (Keuskamp et al., 2013), despite the pad being several degrees warmer 

than the adjacent fen. 
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Either way, the low values of k on the pad are an indicator that carbon accumulation can be 

expected, at least in the short term, which would align with the results of previous trials that found residual 

mineral substrates to be net carbon sinks eight to ten years post-partial removal (Lemmer, 2022; Lemmer 

et al., 2020). Contrary to values of k, values of S were generally higher on the residual pad than in the fen 

(Figure 4.5). This could again have been a result of potentially limited microbial activity on the pad, 

although further study of microbial activity would be required to confirm this. Given that greater amounts 

of stabilization result in an increased fraction of the soil OM being inaccessible for microbial decomposition 

(Keuskamp et al., 2013), the high S values on the pad may further contribute to the accumulation of OM 

over time. Notably, however, decomposition rates could increase as OM builds up if current values of k are 

in fact limited by the present availability of OM. 

 

4.4.3. N and P Dynamics 

Lower concentrations of ext-NO3
- and ext-NH4

+  in the residual pad compared to the fen suggest that the 

bio-available N pool on the pad was small compared to natural peatlands in the region. This is likely a result 

of the limited OM content of the fill, as the low rates of decomposition on the pad would have limited the 

degree to which N mineralization could have occurred. As such, the large increase in ext-NO3
- by June 2024 

suggests that there must have been an external source of N, at least in the later years of the study. Preliminary 

vegetation surveys across the site found considerable establishment of Melilotus officinalis, which can fix 

N from the atmosphere (data not shown). Combined with the potential for increased microbial 

decomposition of an increasingly thick sedge litter layer by that growing season (data not shown), it appears 

that increases in the availability of N over time can be expected. This is further supported by the increase 

in NH4
+ supply rates observed by 2023 (prior to that date, both NH4

+ and NO3
- supply rates were < LOQ). 

Nonetheless, the fact that the increase in ext-NO3
- was associated with large net negative NO3

- 

transformation rates, but not large net positive NH4
+ transformation rates, suggests that the available N at 

that time was rapidly immobilized by the microbial community. This may indicate that the microbial 
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community was N limited, which is further supported by the low supply rate-based N:P ratio calculated for 

the mineral fill in June 2023 (5:1). Productivity in natural peatlands can generally be considered to be N 

limited when N:P < 15:1 (Nwaishi et al., 2022; Wang et al., 2015). 

The low supply rate-based N:P ratio was also due in part to the fact that P supply rates on the 

residual pad were either comparable to, or higher than those in the surrounding fen. These high supply rates 

were unexpected, as the lower ext-PO4
3- and pore water SRP concentrations observed on the pad as 

compared to the fen were likely a result of P fixation within the mineral substrate. Fixation of P can occur 

readily in mineral substrates, wherein inorganic P becomes non-bioavailable through complexation with Fe 

and Al (Dunne and Reddy, 2005; Lucas and Davis, 1961). Notably, Fe was likely the dominant driver of P 

fixation, given the high Fe:P ratios calculated using total substrate nutrient contents (30:1) and nutrient 

supply rates (between 91:1 and 195:1). Combined with the low rates of decomposition (and thus, P 

mineralization; Figure 4.9e-h) on the pad, this may account for the lower ext-PO4
3- and pore water SRP 

concentrations observed on the pad as compared to the fen. Notably, fens on the WBP have naturally high 

levels of P (Plach et al., 2016; Vitt et al., 1995). 

Indeed, the solubility of P, and consequently the stability of P-Fe complexes, is dictated by redox 

conditions (Reddy et al., 2023). Across much of the residual pad, large fluctuations in the water table 

(McKinnon et al., 2024) resulted in rapid changes in VWC in response to rainfall events (McKinnon et al., 

2025). As such, rapid changes in redox conditions would likely also have occurred, which could have 

temporarily mobilized P and elevated P supply rates. However, consistency in the rates of P supply on the 

pad (including in the wetter early season and drier late season; Figure 4.9i-l) suggest that fluctuations in 

redox conditions may not have been the dominant control over P availability. This may be due in part to the 

fact that formation of complexes between Ca and ferric Fe can occur under oxidizing conditions (Reddy et 

al., 2023), particularly in calcareous substrates such as the residual mineral fill. Thus, should P have been 

solubilized through dissolution of P-Fe precipitates during drier conditions, it may have been rapidly 

immobilized again through complexation with Ca. 
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Interestingly, there is some evidence to suggest that the presence of humic acids, which are found 

in high levels in natural peatlands (Rydin and Jeglum, 2006b), may result in the dissolution of Al and Fe 

phosphates through chelation (Lobartini et al., 1998) and inhibit the subsequent formation of Ca phosphates 

(Ge et al., 2020). Given that the residual pad received shallow groundwater inputs from the fen across its 

upgradient (east) and north edges (McKinnon et al., 2024), it is possible that at least some degree of humic 

acid input may have occurred. Visual observations of a sheen on standing water across the pad in later study 

years also support this hypothesis (data not shown). Regardless of the mechanism of P solubilization, the 

low bio-available pool of P on the pad, when combined with the high P supply rates, suggest that rapid 

microbial immobilization or plant uptake of any soluble P must have been occurring. 

 

4.4.4. Impact of Fertilization 

Application of rock phosphate fertilizer (N-P-K of 2-13-0 at a rate of 150 kg ha-1) was unexpectedly 

associated with an immediate reduction in the supply of P at the surface of the residual pad. However, 

fertilization was also associated with immediate reductions in the supply rates of Fe and Al, suggesting that 

inorganic P added through fertilization became non-bioavailable as a result of rapid complexation with Fe 

and Al (Dunne and Reddy, 2005; Lucas and Davis, 1961). By 2021, no significant relationship was observed 

between fertilization and P, Fe, or Al supply rates, indicating that the impact of fertilization on P supply was 

limited to the first growing season. Conversely, fertilization was associated with increased Mg and K supply 

rates, increased pore water NO3
- concentrations, and decreased S values by 2021. The increase in pore water 

NO3
- in fertilized plots was likely a result of the fertilizer containing 2% N on a gravimetric basis. The 

increase in Mg and K supply rates may have been related to changes in soil pH, which can occur following 

fertilization (Barrow et al., 2022). The negative association between fertilization and S may have been 

caused by a temporary increase in microbial biomass, given that the addition of inorganic P can alleviate 

microbial P limitations (Cleveland et al., 2002; Fisk et al., 2015). However, because values of k were not 

significantly affected by fertilization and because N may have been the primary limiting nutrient, decreases 
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in the stabilization of substrate OM could instead have been associated with desorption of OM from soil 

mineral surfaces (Spohn and Schleuss, 2019). This can occur when inorganic P exchanges with sorbed 

organic compounds, making those compounds less stable and more available to the microbial community 

for decomposition (Spohn et al., 2022). 

Conversely, fertilized plots were associated with increased S values by the 2023 growing season. 

This contrasting result may indicate that fertilization with P actually enhanced the formation of stable 

organo-mineral complexes over the longer-term. This could have occurred as a result of partial 

decomposition of new moss and sedge litter inputs and any organic compounds desorbed from mineral 

surfaces following initial fertilization. Specifically, the combined effects of C loss during decomposition 

(as a result of microbial respiration) and the build-up of N and P rich microbial biomass can result in 

enrichment of soil OM with N and P (Xu et al., 2013). Increases in the N and P content of OM has been 

found to increase its affinity to adsorb to soil minerals (due to the high charge densities and number of 

functional groups associated with organic N and P), thereby increasing the resistance of OM to 

decomposition (Spohn, 2024). Thus, fertilization may have slightly increased the carbon sequestration 

capacity of the mineral fill. As such, there is a need for further detailed study of microbial dynamics on 

residual well pads, given the potential for microbial-mediated decomposition and mineralization to control 

nutrient availability and organic matter stability on these sites. 

Nonetheless, it appears that fertilization of residual mineral substrates with P has limited efficacy 

for improvement of P availability. In the context of peatland construction (Nwaishi et al., 2016) and cutover 

peatland restoration (Meilleur et al., 2022; Sottocornola et al., 2007), P fertilization has been identified as 

an essential step to enhance moss productivity (Groeneveld et al., 2007). However, many of these sites have 

low available P relative to reference ecosystems (Wind-Mulder and Vitt, 2000), or have high N:P ratios 

(Nwaishi et al., 2016). While ext-PO4
3- was indeed lower on the residual pad than in the surrounding 

peatland in the present study, the fact that P supply rates tended to be significantly higher on the pad than 

in the fen suggests that P addition may not be necessary on residual well pads.  
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4.4.5. Impact of Straw Mulch 

Application of straw mulch onto the surface of the residual mineral substrate during the winter of 2020 was 

positively associated with K supply rates early in the growing season in both 2020 and 2021. This was 

likely a direct result of decomposition of the straw mulch itself, which has been shown to increase available 

K in a range of agricultural soils (Akhtar et al., 2019; Fan et al., 2021). The implications of this association 

may be limited, however, as K is not usually a limiting nutrient for fen vegetation growth (Wang et al., 

2015). Mulched plots were also associated with decreases in Fe supply in August 2020, and increased rates 

of production of both NO3
- and NH4

+ in June 2021. 

The decrease in Fe supply was observed at the same time as the decrease associated with fertilizer 

application, although low sample sizes precluded statistical analysis of the interaction term between the two 

variables. Nonetheless, mulching may have increased the quantity of insoluble Fe oxides somewhat, which 

can occur due to the formation of stable complexes between Fe oxides and organic matter derived from the 

mulch (Li et al., 2023; Xue et al., 2022). Increased rates of production of NO3
- and NH4

+ may also have 

been the result of decomposition of the straw mulch, which may have provided a source of organic N for 

microbial-mediated mineralization (Scheller and Joergensen, 2008). However, no significant associations 

with N dynamics were observed after the second growing season, and it can thus be concluded that the 

potential biogeochemical effects of mulching are short-term in nature. Combined with the limited effect of 

straw mulch in improving moisture dynamics on the same residual pad examined here (McKinnon et al., 

2025), this suggests that the application of straw mulch is likely not a necessary restoration treatment on 

coarse-textured (i.e., sandy) residual well pads. However, as straw mulch may be more effective in 

improving moisture levels on fine-textured residual pads (McKinnon et al., 2025), additional study of its 

biogeochemical effects on clay pads is recommended. 
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4.4.6. Spatial Variability on the Pad and Potential Successional Trajectory 

While significant differences in the physicochemical and nutrient variables assessed in this study were often 

observed between the residual pad and the fen, many did not vary (or did not vary consistently) between 

WO and NO areas on the pad itself. This is surprising, given that an associated study found that the water 

table remained near the surface for most of the growing season in WO areas (owing to a high degree of 

hydrological connectivity with the fen) but frequently fell far below the surface in NO areas (McKinnon et 

al., 2024). These spatial differences in hydrological regulation were found to result in consistent water 

availability to mosses in WO plots, but not in NO plots (McKinnon et al., 2025). As such, it appears that 

biogeochemical dynamics on the residual pad may have been less sensitive to hydrological regulation than 

moss water availability was, thus creating a similar nutrient regime across the site. While the bio-available 

N and P pools were small across the pad, the high supply of base cations suggests that the site had a rich to 

very-rich nutrient regime (Beckingham and Archibald, 1996). 

The consistency of the nutrient regime suggests that the entire site may support similar vegetation 

communities over the long-term, although differences in moisture may result in some degree of successional 

divergence. Specifically, the moisture regimes in NO and WO areas can best be described as ranging from 

sub-hygric to hygric and sub-hydric to hydric, respectively (Beckingham and Archibald, 1996; McKinnon 

et al., 2025). Nutrient-rich ecosites in the boreal forest with sub-hygric to hygric soils similar to NO areas 

on the pad are commonly associated with Cornus sericea, Rhododendron groenlandicum, Ribes spp., Rubus 

spp., Equisetum spp., Populus spp., Picea glauca, and various ferns (Beckingham and Archibald, 1996). In 

comparison, nutrient-rich ecosites with sub-hydric to hydric soils like those found in WO areas on the pad 

are typically characterized by a greater number of wetland-typical species, including Rhododendron 

groenlandicum, Vaccinium oxycoccos, Typha latifolia, Carex spp., Scirpus spp., Picea mariana, Larix 

laricina, and brown mosses (Beckingham and Archibald, 1996). As such, it appears likely that WO areas 

on the pad will support a greater establishment of peatland-typical species than NO areas, despite the similar 

nutrient regime between the two. Nonetheless, further study will be required to determine actual long-term 
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vegetation establishment outcomes and to capture the effects of any change in the physicochemical 

properties of the mineral substrate over time. Such changes, including changes in the availability of N and 

P, can have a considerable impact on the successional trajectories of boreal ecosystems undergoing 

restoration (Audet et al., 2015; Pinno and Hawkes, 2015). 

 

4.5. Conclusion 

The similarity between the pH, EC, and cation supply rates measured on the residual well pad and in 

moderate to extreme-rich fens on the WBP suggests that the establishment of a fen true moss community 

should be supported where water availability to mosses is optimized. However, the relative availabilities of 

N and P suggest that vegetation productivity may be N limited, at least in the early stages of initiation. This 

may change over time as the establishing vegetation community provides a source of labile organic matter 

for microbial-mediated decomposition. Nutrient regimes were relatively consistent across the site. As such, 

any differences in vegetation establishment between WO and NO areas are likely to be driven by differences 

in moisture regime. Specifically, the well regulated water tables in WO areas are more likely to support 

succession towards a peatland vegetation community than the poorly regulated water tables in NO areas, 

where succession towards a vegetation community dissimilar to the surrounding reference fen may occur. 

Application of rock phosphate fertilizer had a negative effect on P supply rates in the short-term, and no 

discernable effect on P supply in the long-term owing to geochemical reactions between P and the cation-

rich mineral substrate. Thus, application of rock phosphate fertilizer to residual well pads may not be 

necessary. Application of straw mulch had a similarly limited biogeochemical effect. When combined with 

its limited efficacy in improving moisture levels on coarse-textured residual pads, this suggests it may also 

be an unnecessary treatment, although further study of its use on fine-textured residual pads is 

recommended. Combined, this study contributes to the growing body of scientific literature indicating that 

the partial removal of well pads has potential as a strategy to set the tens of thousands of well pads 
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constructed in boreal peatlands to date on a successional trajectory towards supporting peatland ecosystem 

function. 
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5 A COMPARISON OF HYDROLOGIC FLUXES IN A PARTIALLY REMOVED 

WELL PAD UNDERGOING FEN RESTORATION ON THE WESTERN BOREAL 

PLAIN, CANADA 

 

5.1. Introduction 

The Western Boreal Plain (WBP) exists in a subhumid climate and is characterized by a mosaic of 

hydrologically connected upland forests and low-lying peatlands (Devito et al., 2005; Thompson et al., 

2015; Volik et al., 2020). The latter are characterized by a ground layer of mosses that sequester immense 

amounts of carbon (Harris et al., 2021) and regulate various hydrological processes including 

evapotranspiration (Brown et al., 2010). However, the region hosts numerous industries including upstream 

oil and gas, which has considerably altered ecosystem function (Ficken et al., 2019; Volik et al., 2020). In 

total, open-pit oil sands mining is likely to result in the loss of over 29,500 ha of peatland (Rooney et al., 

2012), while well pads constructed for in-situ drilling activities have resulted in a further loss of up to 

36,000 ha of peatland to date (UNEP, 2022). Although much attention has been given to the reconstruction 

of peatlands lost to open-pit mining (Borkenhagen et al., 2024; Ketcheson et al., 2017; Nwaishi et al., 2015a; 

Popović et al., 2022), comparatively little work has been done to develop techniques to rebuild peatland 

ecosystems on decommissioned well pads (Chimner et al., 2017). 

 One method that appears to have promise as a way to reestablish fen vegetation on well pads 

involves the partial removal of the mineral fill (sand or clay) used to construct a pad. This involves the use 

of heavy machinery to ‘shave’ the uppermost layers of the fill back, leaving a residual layer of mineral fill 

in place at the surface (Bird and Xu, 2021b). A modified version of the Moss Layer Transfer Technique 

(MLTT) is then applied (Rochefort et al., 2003). In brief, the MLTT involves using an excavator to collect 

mosses and fragments of vascular peatland species from the upper 10 cm of a donor fen. These are then 

transported to the restoration site. There, a manure spreader or compact skid steer can be used to spread the 

donor material over the residual mineral substrate in a thin layer (Bird and Xu, 2021a). 
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 As long as the water table (WT) across coarse-textured residual well pads remains within 

approximately 6 cm of the surface, optimal water availability to the introduced mosses is maintained 

(McKinnon et al., 2024). Indeed, diverse communities of true mosses and sedges have been observed to 

develop over the eight to ten years following partial removal in areas where high soil moisture is observed 

(M. E. Gauthier et al., 2018; Lemmer et al., 2022; Vitt et al., 2011). However, the low horizontal hydraulic 

conductivity (Kh) of residual mineral substrates restricts hydrological connectivity across residual pads 

(McKinnon et al., 2024). This can lead to poorly regulated WTs that can result in non-optimal soil moisture 

availability to mosses, or exceedance of moss desiccation thresholds (McKinnon et al., 2025). 

 In natural peatlands, near-surface WTs are maintained by interactions between precipitation and 

evapotranspiration (Van Huizen et al., 2020; Volik et al., 2021), groundwater fluxes (Elmes and Price, 2019; 

Ferone and Devito, 2004), and feedbacks that restrict the depth of the WT (Howie and Hebda, 2018; 

Waddington et al., 2015). Water conservation and storage in peatlands on the WBP are especially important 

due to the region’s subhumid climate, meaning that potential evapotranspiration often exceeds precipitation 

(Brown et al., 2010). In peatlands underlain by coarse-textured till, groundwater can provide a source of 

water (Elmes and Price, 2019), while the high Kh of near-surface peat permits rapid lateral distribution of 

water when WTs are high (Waddington et al., 2015). Conversely, lower Kh values at depth serve to restrict 

water losses when WTs are low (Quinton et al., 2008; Waddington et al., 2015). When WTs do drop, 

capillary flow is often maintained by surface elevation adjustment, wherein deformation of the peat pore 

structure upon desaturation results in decreases in the peatland surface elevation (Howie and Hebda, 2018). 

The living moss layer can also regulate evaporative losses, whereby increases in albedo and changes in 

moss growth forms in response to dry conditions can reduce available energy and capillary flow, 

respectively (Brown et al., 2010; McCarter and Price, 2014). 

Residual well pads lack many of the controls on water table elevation found in natural peatlands. 

For instance, the rigid pore structure of mineral fill means that the surface elevation of residual pads remains 

static. This allows the WT to fall farther below the surface than in natural peatlands (McKinnon et al., 
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2024), likely resulting in more frequent disconnection of the capillary fringe from establishing mosses (i.e., 

stage III evaporation; Dingman, 2015). Moss layers on the surface of residual well pads are also often 

discontinuous, particularly during the early stages of vegetation establishment (M. E. Gauthier et al., 2018; 

Lemmer et al., 2022). Thus, controls over available energy and capillary flow within moss growth forms 

will not be consistent across the surfaces of these features. 

Notably, any limitations on soil moisture availability at the surface of residual pads are likely to 

have a large impact on the initiation and establishment of peatland mosses, given that they lack both 

vascular and rooting systems (Proctor et al., 2007). As such, there is concern that residual well pads may 

be better suited for the establishment of peatland vascular species including sedges and rushes (see Thesis 

Sections 3 and 4), which can access water at depth (Chapin and Chapin, 1981; Koropchak et al., 2012). As 

mosses are the foundation of peatland ecosystem function (Vitt et al., 2009) and moss-dominated 

communities have been identified as a desirable reclamation target (Alberta Environment and Parks, 2017), 

there is an evident need to better understand the components of the water balance of residual well pads. In 

particular, there is a need to maximize water inputs and to minimize water losses from them in order to 

maintain the WT within the upper 6 cm (McKinnon et al., 2025, 2024). This will be of critical importance 

for moss establishment on restored well pads given the increased frequency of droughts projected for the 

WBP as a result of climate change (Price et al., 2013; Thompson et al., 2017). 

One peatland restoration strategy commonly employed to increase substrate moisture is the 

placement of straw mulch on the surface (González and Rochefort, 2014; Price et al., 1998). Mulch can 

create favourable near-surface microclimatic conditions, while also reducing available energy by reflecting 

incoming radiation (Novak et al., 2000b, 2000a; Petrone et al., 2004; Price et al., 1998). The effect of mulch 

during peatland restoration appears to be greatest during stage II evaporation (i.e., when evaporation is soil-

water limited). Specifically, no direct effects on residual mineral substrate moisture content have been 

observed under saturated conditions (M. E. Gauthier et al., 2018) or on dry residual mineral substrates when 

evaporative demand was likely supplied by vapour fluxes (McKinnon et al., 2025). However, no work to 
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date has tested the effect of straw mulch on evapotranspiration from residual mineral well pads. Thus, it is 

unknown to what extent mulch may contribute to reducing overall evaporative losses from these sites. 

Previous assessments of hydrological dynamics on residual well pads have also identified the likely 

importance of snowmelt in sustaining near-surface WTs early in the growing season, but did not directly 

quantify snowmelt inputs (McKinnon et al., 2024). As such, there is a need to better understand the role of 

snowmelt and ground frost in regulating spring ecohydrological dynamics on residual well pads. Another 

consideration is that the mineral fill removed during partial removal is often used to construct upland 

features on a portion of the original pad footprint (Drozdowski et al., 2020). This mitigates disturbance 

offsite and results in adjacent residual pad-constructed upland systems. However, it remains unclear 

whether these two systems will be hydrologically coupled. Surface runoff from natural upland forests to 

peatlands tends to be limited on the WBP due to the high storage and transmission capacities of upland 

boreal mineral soils (Devito et al., 2005; Redding and Devito, 2011), although they can be connected 

through groundwater fluxes (Elmes and Price, 2019). Nonetheless, constructed upland features are 

frequently included in large-scale watershed reconstruction projects following open-pit oil sands mining, 

in part because they can be specifically engineered to promote groundwater recharge and surface runoff 

(Ketcheson et al., 2017; Zabel et al., 2024). To date, however, it remains unknown what role small-scale 

uplands may play in supporting water availability on residual well pads, particularly given that they lack 

engineered confining layers (Drozdowski et al., 2020). 

Given the low degree of horizontal hydrological connectivity within residual mineral well pads and 

the high degree of sensitivity of establishing peatland mosses to substrate water limitations, there is a need 

to modify the Partial Removal Technique to maximize substrate water availability. As such, the objectives 

of this study were to compare the relative magnitudes of hydrologic input and loss terms on a residual well 

pad, and to use those comparisons to inform potential restoration treatments or modifications to the Partial 

Removal Technique that could be used to maximize the water table elevation and substrate water storage. 

Specific consideration was given to direct rainfall and snowmelt inputs, surface runoff from a constructed 
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upland feature, horizontal and vertical groundwater fluxes, and evapotranspiration. Overland flow from the 

adjacent fen was not considered in detail due to difficulties in measuring it at a remote site with limited 

topographic relief. 

 

5.2. Methods 

5.2.1. Study Site 

The study was undertaken in the Lesser Slave Lake region of northern Alberta, Canada (55° 19' 11” N, 114° 

28' 22” W). Based on 30-year climate normal data, the region typically receives 422 mm of precipitation 

annually, 338 mm of which is typically received as rainfall (Environment and Climate Change Canada, 

2024b). Of this, approximately 254 mm of rainfall is typically received during the growing season (May 1 

to August 31). Snowmelt in the region typically occurs during a short period of time in the months of March 

and April (Biagi and Carey, 2020; Ketcheson and Price, 2016) when mean monthly air temperatures begin 

to rise above 0 °C (Environment and Climate Change Canada, 2024b). 

 The study examined a residual well pad that was originally constructed in 1991 in a moderate-rich 

fen (pH ≈ 6.5; electrical conductivity ≈ 110 µS cm-1) that was characterized by a canopy of Picea mariana 

and a shrub layer of Salix spp. and Rhododendron groenlandicum. The herb layer in the fen was 

predominantly Carex aquatilis and Rubus chamaemorus, while Drepanocladus aduncus, Aulacomnium 

palustre, Sphagnum warnstorfii, and Sphagnum angustifolium were characteristic of the ground layer. 

Partial removal of the well pad was undertaken using heavy machinery during March 2020 when the ground 

was frozen. The residual mineral substrate had a loamy sand texture and a low organic matter content (2.1 

%) and was roughened to create surface microtopographic variability (McKinnon et al., 2024). 

 Donor mosses collected from a fen within 2 km of the study site were then introduced onto the 

mineral substrate at an aerial ratio of 1:7 (donor site to pad) using the MLTT. A layer of straw mulch was 
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Figure 5.1: Map of the study site including the surface elevations of the residual well pad, constructed upland feature, and 

surrounding peatland. Hydrological nests included wells and piezometers. All logged hydrological nests included water table 

loggers. Hydrologically well-optimized (WO) areas are outlined in blue. Hydrologically non-optimized (NO) areas are highlighted 

in orange. Hydrological classifications (WO and NO) are based on the results of McKinnon et al. (2024). No surface elevation 

measurements were available for the forested natural upland ridge. 
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then applied by hand over top of the introduced mosses across half of the pad (Figure 5.1). The excess 

mineral fill removed during partial removal was used to construct an upland feature on the southern portion 

of the site, which was located adjacent to a natural upland forest (Figure 5.1). To reduce erosion of the 

exposed sandy substrate, the slopes of the constructed upland were contoured to create a series of narrow 

swales oriented perpendicular to the slope (Supplementary Figure D.1). These were designed to mitigate 

the risk that mosses introduced onto the pad would be buried under eroded material. The swales were 

separated by narrow ‘berms’ that also ran perpendicular to the slope. Based on the findings of McKinnon 

et al. (2025, 2024), a portion of the pad was classified as being hydrologically well-optimized (WO) for 

peatland vegetation establishment, while a portion was classified as being hydrologically non-optimized 

(NO) for vegetation (Figure 5.1). In the WO area, the WT was reported to remain stable and near the surface 

throughout multiple growing seasons, whereas the WT in the NO area frequently became poorly regulated. 

Thus, occasional exceedances of moss desiccation thresholds were observed in NO areas, but not WO areas 

(McKinnon et al., 2025). The residual pad was covered with a dense sedge community primarily comprised 

of Carex aquatilis and Scirpus spp. by the time of this study, which shaded a discontinuous layer of mosses 

growing directly on the residual mineral substrate (Supplementary Fig. D.2). 

 

5.2.2. Rainfall 

Total daily rainfall (P) was measured during the 2022 and 2023 growing seasons using a tipping bucket 

(ECRN-100, Decagon, Pullman, USA) installed at a height of 0.5 m above the ground near the centre of 

the pad (Figure 5.1). Due to datalogger failure, rainfall data was gap-filled for six days in 2022 and 45 days 

in 2023. Gap-filling was completed using a linear regression model (Allen et al., 1998) developed between 

available site-measured data and data reported by Environment and Climate Change Canada for the nearby 

Slave Lake Airport (R2 = 0.39 in 2022; R2 = 0.31 in 2023). 
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5.2.3. Snow and Ground Ice 

Snow depth (cm) and density (g cm-3) were measured along transects extending through the fen and across 

the pad (Figure 5.1). Manual surveys were undertaken in 2023 (March 10 and April 6), and 2024 (March 9 

and April 6). In the fen, depth was measured every 5 m, while density was measured every 10 m. On the 

pad, depth and density were measured every 10 and 20 m, respectively. Snow depth and density 

measurements were also made along five transects extending from the toeslope of the constructed upland 

to its crest (Figure 5.1). Alternating measurements along slope transects were taken between swales and the 

high berms separating them. Snow depth was measured using a graduated avalanche probe, while snow 

density was measured using a snow tube (ESC30, GeoScientific, Vancouver, Canada) that was weighed 

with a hanging scale (Adams and Barr, 1974). Snow depth and density were used to calculate the snow 

water equivalent (SWE; cm) of the snowpack (Dingman, 2015b). 

In addition to manual surveys, daily snow depth was automatically recorded at one location on the 

constructed upland, one location on the pad, and two locations in the fen (Figure 5.1). Snow depth was 

manually transcribed from daily timelapse images taken of snow rulers (Kinar and Pomeroy, 2015) using a 

combination of research-grade (PC900, Reconyx, Holmen, USA) and recreational-grade (Outfitter Gen 4, 

Cabela’s, Sidney, USA) wildlife cameras. Due to later installation and periodic failure of the recreational-

grade cameras, daily snow depth was not available at all locations on all dates. Snow rulers were installed 

on lawn microtopographic features in the fen to avoid biases associated with installation in hollows (i.e., 

biased towards high snow depth) or on hummocks (i.e., biased towards low snow depth). Snow pits were 

completed in March each year (Figure 5.1) to characterize snowpack physical and thermal properties and 

to validate snow tube density measurements (Adams and Barr, 1974). Once the snowpack was sufficiently 

thin, measurements of depth to ground ice were made along each transect using a steel rod (Woo and Xia, 

1996) on an approximately monthly basis until no ground ice was encountered. 
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5.2.4. Surface Runoff 

Surface runoff from the constructed upland was quantified in the spring of 2023 and 2024 and during the 

2022 and 2023 growing seasons using runoff collectors modified from Biagi & Carey (2020). Collectors 

were constructed out of metallic angle flashing installed in trenches at a depth of 5 cm. The angle flashing 

prevented infiltration into the bottom and downslope walls of the trenches (Supplementary Figure D.3). 

Trenches extended slightly upslope for 1.8 m from either side of a central point in a “V” shape (Figure 5.1). 

The collectors were cemented to a concrete block at the central point to reduce frost heaving and drained 

into a bucket with a v-notch weir. Pressure transducers (HOBO U20L, Onset, Bourne, USA) were installed 

in each bucket, and were placed in latex sheaths filled with ethylene glycol to prevent freezing of the 

transducers. 

 The water in each bucket was continuously aerated with a small pump (Whisper Aquarium, Tetra, 

Blacksburg, USA) powered by a 100-Watt solar panel and a 300-Watt inverter in an effort to minimize 

freezing. The contributing catchment areas of each flume (Figure 5.1) were estimated based on a raster 

layer of surface elevation created using ArcGIS Pro (Hydrology Toolset; v3.2.0). The raster was created 

using inverse distance weighted interpolation applied to surface elevations measured using a real-time 

kinematic GPS (RTK) with vertical accuracy of 0.005 m (S321+, Hemisphere GNSS, Scottsdale, USA). 

Spring runoff coefficients (Crunoff) were calculated for each flume catchment during the snowmelt period 

each year as: 

𝐶𝑟𝑢𝑛𝑜𝑓𝑓 =  
𝑇𝑜𝑡𝑎𝑙 𝑟𝑢𝑛𝑜𝑓𝑓 𝑣𝑜𝑙𝑢𝑚𝑒

𝐶𝑎𝑡𝑐ℎ𝑚𝑒𝑛𝑡 𝑆𝑊𝐸
     (5.1) 

where runoff volumes were taken as the total flume discharge (m3) recorded during the entire spring freshet. 

Values of catchment SWE were the mean of manual SWE measurements taken along the two transects 

adjacent to a given catchment (Figure 5.1) at the approximate time of maximum snowpack depth. These 

were multiplied by the catchment area (m2). To support the assessment of runoff during the growing season, 
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ten 250 cm3 cores of mineral fill from the constructed upland were run on a falling head permeameter 

(KSAT, Meter Group, Pullman, USA) to determine their vertical hydraulic conductivity (Kv). 

 

5.2.5. Groundwater Fluxes 

Manual measurements of depth to water table (DWT) were recorded in fully slotted wells extending to a 

depth of 1 m on the pad (n = 14) and in the fen (n = 9) during approximately monthly field visits in the 

2022 and 2023 growing seasons (Figure 5.1). The DWT was also measured half-hourly in a subset of wells 

within the residual pad (Figure 5.1) using pressure transducers (HOBO U20L, Onset, Bourne, USA). Depth 

to water table was converted to absolute water table (WT) elevation (in metres above sea level) using the 

elevation of well tops measured using the RTK in August 2022. Horizontal groundwater fluxes across the 

edges of the pad footprint (i.e., into or out of both the residual mineral fill and underlying peat) were 

calculated using depth-weighted horizontal hydraulic conductivity (Kh; m s-1) values determined for the soil 

profile as part of a related study (see McKinnon et al. (2024) for detailed methodology). Briefly, manual 

measurements of absolute WT elevation were used to calculate horizontal specific discharge (qh; m s-1) 

across pad edges according to Darcy’s Law: 

𝑞ℎ =  −𝐾ℎ
𝑑ℎ

𝑑𝑙
      (5.2) 

where dh/dl is the mean horizontal hydraulic gradient across a given pad edge (Freeze and Cherry, 1979). 

Horizontal volumetric flow rates (Qh; m3 s-1) across each pad edge were subsequently calculated as: 

𝑄ℎ =  𝑞ℎ ⋅ 𝐴      (5.3) 

where A represents the cross-sectional area of the flow face along a given pad edge (Freeze and Cherry, 

1979). Values of A (m2) were defined by the length of pad edges and depth of the peat profile. As Qh data 

were only available on a small number of dates, the mean of Qh values calculated for all dates with manual 

WT measurements in a given study period was multiplied by the number of days in that study period to 



124 

 

estimate total seasonal Qh. Values of Qh were subsequently normalized over the surface area of the residual 

pad (~6058 m2) to permit direct comparison to other hydrologic fluxes. 

Vertical hydraulic gradients were calculated using manual hydraulic head measurements made in 

nested piezometers at all monitoring points on several dates each season (Figure 5.1). Piezometers had 20 

cm intake screens centred at 25, 50, or 100 cm below the ground surface. Within the pad footprint, 25 cm 

screens were centred within the mineral fill, while the 50 and 100 cm screens were centred in the compacted 

peat beneath the fill. At a subset of nine monitoring points, additional piezometers were installed with intake 

screens centred at 150 cm below the surface (in the basal mineral substrate underlying the peat profile). 

Vertical gradients were calculated between the 25 and 100 cm depths at all nests, while additional vertical 

gradients were calculated between the 50 and 150 cm depths at nests with 150 cm piezometers. 

Net changes in groundwater storage (ΔS) within the footprint of the residual pad over the duration 

of each study period were estimated as: 

∆𝑆 =  𝑆𝑦 ⋅
∆ℎ

∆𝑡
      (5.4) 

where Sy is the specific yield of the substrate and Δh/Δt is the difference in mean daily water table between 

the first and last dates of a given study period (Freeze and Cherry, 1979). The mean Sy (0.23) of the mineral 

fill (0.22) and underlying peat (0.24) (McKinnon et al., 2024) was used in all calculations because the WT 

fluctuated between those substrates. As the total number of dates for which vertical hydraulic gradient 

measurements were available was limited, vertical groundwater fluxes (Qv) were estimated as the residual 

of other terms in the pad water balance for each study period by rearranging Equation 5.5: 

∆𝑆 = 𝑃 + 𝑄ℎ + 𝑄𝑣 − 𝐸𝑇𝑐𝑜𝑛𝑡     (5.5) 

where Qh and Qv represent net hydrologic fluxes over the full duration of each study period and P and ETcont 

represent cumulative rainfall and evapotranspiration, respectively, during each study period (modified from 

Scanlon et al., 2002). Overland flow was excluded from the water balance as no direct measurements of it 
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were available and only limited surface flow was observed during site visits. Error ranges for each term 

were estimated based on the error ranges proposed by Healy et al. (2007) for similar water balance analyses. 

Because the magnitudes of Qv fluxes estimated using the water balance residual approach were large 

compared to the magnitudes of other hydrologic fluxes (potentially resulting in a large degree of error; see 

Winter, 1981), comparisons were also drawn against Qv calculated using Darcy’s Law for each season. To 

ensure that the comparative Qv calculations were representative of the full range of conditions possible on 

the site, they were performed using the mean vertical hydraulic gradient (25 – 100 cm b.g.s.) observed 

across the pad footprint on all manual measurement dates across 2022 and 2023. As such, these values can 

be thought of as representing ‘average’ conditions, but do not capture daily-scale variability in Qv. The 

vertical hydraulic conductivity (Kv) of the mineral fill (4.77 × 10-6 m s-1) was used for the comparative 

calculations as it was lower than the Kv of the underlying peat (2.08 × 10-5 m s-1), and thus would have 

constrained the maximum rate of flow (Freeze & Cherry, 1979). 

 

5.2.6. Evapotranspiration (physical measurements) 

Rates of actual evaporation (Ea; mm day-1) from open water surfaces on the pad were manually measured 

daily using pan lysimeters (n = 4) during field visits (approximately one week per month) in the 2022 and 

2023 growing seasons. The pan lysimeters were constructed out of transparent acrylic to limit heating 

effects on Ea (Supplementary Figure D.4). The positioning of the pans was regularly adjusted during 

measurement periods to ensure that their tops were closely aligned with the surface of the surrounding water 

(but never overtopped). Rates of actual evapotranspiration (ETa; mm day-1) from soil and vegetated surfaces 

were manually measured using weighing lysimeters installed in each treatment plot on the pad (n = 16; 

Figure 5.1). Lysimeters were modified from the design of Scarlett et al. (2017), and were constructed out 

of nested white plastic buckets (7.5 L, 23 cm diameter). An intact soil monolith collected from the pad was 

placed into each upper bucket. Care was taken to ensure the cover of straw mulch and type and density of 

vegetation growing in lysimeters was representative of the surrounding area (Supplementary Figure D.4). 
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The bottoms of the upper buckets were perforated to permit drainage, and the upper and lower buckets were 

weighed separately using a hanging scale (KHS-200, Kilotech, Lachine, Canada). The surfaces of 

lysimeters were closely aligned with the ground surface, and water was periodically added to ensure their 

VWC was within 5 % of the VWC adjacent to each lysimeter. 

Total evapotranspiration from both open water and non-inundated surfaces (ETtotal; mm day-1) was 

calculated for each treatment plot on the pad for dates with manual measurements as: 

𝐸𝑇𝑡𝑜𝑡𝑎𝑙 =  (𝑃𝑝𝑜𝑛𝑑𝑖𝑛𝑔 ⋅ 𝐸𝑎) + ((1 −  𝑃𝑝𝑜𝑛𝑑𝑖𝑛𝑔) ⋅ 𝐸𝑇𝑎)   (5.6) 

where Pponding is the proportion of surface water coverage within a given plot. Values of Pponding were 

estimated visually for each plot on a monthly basis during the growing seasons of 2022 and 2023. Values 

of ETtotal were then weighted based on the surface area of each plot to yield site-wide ETtotal values for each 

date with manual measurements. To support interpretation of spatial differences in ETtotal, manual 

measurements of volumetric water content (VWC) were made over the 0-6 cm depth at average 

microtopographic positions at three locations per plot each month using a calibrated ML3 probe (Delta-T 

Devices, Burwell, UK). 

 

5.2.7. Evapotranspiration (energy balance) 

Components of the pad energy balance were measured on a continuous basis at two micrometeorological 

stations in 2022 and 2023 (one in a WO area, and one in a NO area; Figure 5.1). Both stations were located 

in areas with minimal mulch cover (at the WO station, mulch had largely been washed away in previous 

growing seasons) and therefore were representative of non-mulched areas (Figure 5.1). Both were also 

located in areas that were not permanently flooded, although the WO station was located on a high point 

surrounded by a pond that persisted for much of the growing season (Figure 5.1). Net radiation (Q*; W m-

2) was measured at a height of 1 m (NRLite, Kipp and Zonen, Delft, Netherlands). Substrate VWC was 

measured at depths of 5, 12.5, and 22.5 cm (m3 m-3; HydraProbe, Stevens, Portland, USA), while substrate 
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temperature was measured at depths of 2.5, 5, 7.5, 12.5, 17.5, 22.5, and 27.5 cm using thermocouples 

constructed out of type-T thermocouple wire (Omega Engineering, Norwalk, USA). Values of Q*, VWC, 

and substrate temperature were recorded at 60-second intervals using CR1000 dataloggers (Campbell 

Scientific, Logan, USA) and averaged over 30-minute intervals. Ground heat fluxes (QG; W m-2) were 

calculated using the calorimetric method (Halliwell and Rouse, 1987; Sauer and Horton, 2005). Substrate 

bulk heat capacities were calculated using the heat capacities of individual soil components obtained from 

Oke (1987) and depth-profile VWC measurements. Relative humidity (%) and air temperature (°C) were 

measured at a height of 1 m using an internally-logging sensor housed in a radiation shield at each 

micrometeorological station (HOBO U23 Pro v2, Onset, Bourne, USA). 

 Measurements of energy balance components were used to calculate daily equilibrium potential 

evapotranspiration (PETeq; mm day-1) on a continuous basis each growing season. This was done using the 

Priestley-Taylor equation (Priestley and Taylor, 1972), which is a radiation-based method that calculates 

PETeq as: 

𝑃𝐸𝑇𝑒𝑞 =  
∆ ⋅ (𝑄∗ − 𝑄𝑔)

𝜌𝑤 ⋅ 𝜆𝑣 ⋅ (Δ + 𝛾)
      (5.7) 

where ∆ is slope of the saturation vapour pressure-temperature curve (kPa °C-1), Q* is the net radiation flux, 

Qg is the ground heat flux, ρw is the density of water (kg m-3), λv is the latent heat of vapourization (MJ kg-

1), and γ is the psychrometric constant (0.00662 kPa °C-1 at 20 °C) (S. L. Dingman, 2015). Because 

equilibrium conditions (i.e., uniform saturated surfaces) are uncommon, ETa and ETeq were related to one 

another by calculating Priestley-Taylor coefficients (∝) for each study period using: 

∝ =  
𝐸𝑇𝑎

𝑃𝐸𝑇𝑒𝑞
      (5.8) 

where ETa and PETeq are measured over the same period of time under the same conditions (Priestley and 

Taylor, 1972). Values of ∝ were thus taken as the slope of the regression between daily values of ETa and 
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ETeq obtained during site visits. All values of PETeq in a given study period were multiplied by the relevant 

∝ value to yield continuous daily estimates of actual evapotranspiration (ETcont; mm day-1). 

 

5.2.8. Data Analysis 

The effects of location or time of measurement on environmental variables were assessed using linear mixed 

effects (LME) models. Relationships between variables were assessed for significance using linear 

regression (LR) models. Comparisons between group means were drawn using analysis of variance 

(ANOVA) with Tukey’s HSD post hoc tests. The assumption of normality of residuals was assessed for 

LME, LR, and ANOVA models through visual inspection of Q-Q plots (Zuur et al., 2009). All statistical 

analyses were conducted with α set to 0.05 within R (v4.4.2; R Core Team, 2024). 

 

5.3. Results 

5.3.1. Weather 

The site received 227 and 354 mm of rainfall during the 2022 and 2023 growing seasons, respectively, from 

May 1 to August 31 (data from the tipping bucket with gap-filling). In 2022, this was 11 % less than the 

30-year climatic normal for the region over the same months (254 mm), while the site received 39 % more 

rainfall than the long-term average in 2023 (Environment and Climate Change Canada, 2024b). Mean air 

temperatures during the 2022 (14.4 °C) and 2023 (15.6 °C) growing seasons were both higher than the 30-

year growing season climate normal (13.8 °C). As such, the 2022 growing season can be described as having 

been drier and warmer than average, while the 2023 growing season was wetter and warmer than average. 

Average air temperatures in the months of March and April (the typical snowmelt period) were lower than 

the 30-year climate normal (-1.2 °C) in 2023 (-1.9 °C), but slightly higher than the long-term average in 
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2022 (-1 °C) and 2024 (-0.6 °C). Thus, the 2023 and 2024 snowmelt periods, examined in detail herein, can 

be described as having been slightly colder and slightly warmer than average, respectively. 

 

5.3.2. Snowpack 

Patterns of snow accumulation differed considerably between the winters of 2022-23 and 2023-24 (Figure 

5.2a-b). Specifically, colder air temperatures from December 2022 to March 2023 (mean = -11.3 oC) 

permitted a greater accumulation of snow across the site than during the winter of 2023-24 (Figure 5.2a-b), 

which was characterized by warmer air temperatures (mean = -8.4 oC) and several mid-winter melt events 

(Figure 5.2b). A mid-winter melt event did occur during the winter of 2022-23 as well, although it did not 

Figure 5.2: Daily snow depth acquired from Environment and Climate Change Canada (Slave Lake station, black line) and snow 

depths transcribed from timelapse cameras installed on the research site in the winters of 2022-23 (a) and 2023-24 (b). Cameras 

were added to the fen locations on March 10, 2023. Due to camera failure, snow depth was not available at all locations on all 

dates. Vertical dashed lines denote the dates of manual snow surveys. See Figure 1 for camera locations. 
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result in complete loss of the snowpack like in the winter of 2023-24 because of the greater snowpack 

depths that year (Figure 5.2a). Combined, the depth of the snowpack at camera locations at peak SWE in 

2023 (29 cm on the pad on March 13th) was considerably greater than that in 2024 (11 cm on the pad on 

March 2nd) (Figs. 5.2a-b). 

 Similarly, the average depth of the snowpack on the manual survey date closest to maximum SWE 

was significantly lower on the pad (35.7 cm in 2023 and 7.8 cm in 2024) than in the fen (49.9 cm in 2023 

and 14.5 cm in 2024) in both years (Figure 5.3a-c). Despite this, average snowpack density was comparable 

between the pad and fen on all measurement dates (0.18 g cm-3 in 2023 and 0.23 g cm-3 in 2024) (Figure 

Figure 5.3: Comparison of manually measured snow depth (a-c), snow density (d-f), and snow water equivalent (SWE; g-i) on 

the residual pad, constructed upland (toe slope, swales, and berms), and in the fen (east, west, and north of the pad). No snowpack 

was present by the April 6, 2024 measurement date. Groups within a plot not sharing any common letters significantly differ based 

on analysis of variance with Tukey HSD post hoc tests. 
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5.3d-f). Similarities in density were also observed in the snow pit dataset. Nonetheless, the lower depth of 

snow within the pad footprint meant that the pad snowpack often had a significantly lower SWE (6.5 cm in 

2023 and 1.6 cm in 2024) than the fen snowpack (8.1 cm in 2023 and 3.2 cm in 2024) (Figure 5.3g-i). Snow 

depth, density, and SWE rarely differed significantly between the fen areas to the east, north, and west of 

the pad (Figure 5.3), despite differing degrees of tree cover in those areas (Supplementary Figure D.1). 

Also, the average snowpack depth on the constructed upland was frequently significantly greater (41.6 cm 

in 2023 and 16.9 cm in 2024) than on the pad (Figure 5.3a-c). Somewhat unexpectedly, differences in snow 

depth between the swale, berm, and toe slope microsites on the upland tended to be limited, as were 

differences in density (mean = 0.19 g cm-3 in 2023 and 0.21 g cm-3 in 2024) and SWE (mean = 7.9 cm in 

2023 and 3.4 cm in 2024) between those microsites in a given year (Figure 5.3). When significant 

differences were observed, the swale microsites had slightly greater snow depth or SWE than the berms 

separating them (Figure 5.3). 

 Owing to the colder air temperatures observed during the snowmelt period in 2023, the onset of 

snowmelt was later that year (approximately March 13th) than in 2024 (approximately March 2nd) (Figure 

5.2). Due to the higher air temperatures in 2024, the average rate of snow ablation within the footprint of 

the pad that year (1.8 cm day-1) was somewhat greater than that observed in 2023 (1.3 cm day-1). Ablation 

rates on the pad were slightly higher than those on the constructed ridge (1.1 cm day-1 in 2023 and 2024) in 

both years but were comparable to those in the fen (1.4 cm day-1 in 2023 and 1.6 cm day-1 in 2024) in a 

given year. Notably, snowmelt normally began approximately 1-2 days later in the fen than within the 

footprint of the pad (Figure 5.2). The combination of an earlier start to melt, greater ablation rates, and a 

lower snowpack depth in 2024 meant that the residual pad was entirely snow-free by March 11th that year, 

although a large spring snowfall event on March 20th, 2024 resulted in a second, rapid (2.2 cm day-1) melt 

event (Figure 5.2b). No manual measurements of depth, density, or SWE were collected during this event. 

Conversely, the snowpack persisted within the pad footprint until April 3rd during the colder 2023 snowmelt 

period (almost one month longer; Figure 5.2). Owing to the deeper snowpack in the fen, complete melt was 
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not observed there until April 9th in 2023 (Figure 5.2a). In both years, swales on the constructed upland 

became snow-free a few days later than the pad, with complete melt of the snowpack there occurring by 

April 10th, 2023 and March 13th, 2024 (Figure 5.2). 

 

5.3.3. Ground Ice Dynamics 

The depth of the frost table within the footprint of the residual pad was either shallower than, or similar to 

the depth of seasonal ground ice in the fen early during the 2023 melt period (Figure 5.4a,e). Estimated 

rates of ground thaw were slightly higher on the pad (0.3 cm day-1) than in the fen (0.2 cm day-1) between 

April 6th and May 16th that year (Figure 5.4a-b). Consequently, the average frost table depth was slightly 

Figure 5.4: Comparison of the depth to the frost table (pad and upland) and seasonal ground ice (fen) on the residual pad, the 

constructed upland (toeslope, swales, and berms), and the adjacent fen (east, west, and north of the pad). No frost or seasonal 

ground ice was observed by June 27, 2023 or July 13, 2024. Measurements were only made on the constructed upland feature in 

April of each year. Groups within a plot not sharing any common letters significantly differ based on analysis of variance with 

Tukey HSD post hoc tests. 
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deeper on the pad (11.7 cm b.g.s.) than in the surrounding fen (9.4 cm b.g.s) by May 16th, when continuous 

ground ice was still observed across the entire site (Figure 5.4b). Although no measurements were available 

in late May or early June, no ground ice was observed by June 27th. This indicates that complete melt had 

occurred prior to the peak growing season in 2023. In contrast, discontinuous ground ice was observed until 

the July 3rd measurement date in 2024 (the year with considerably thinner winter snowpack depths). 

 The average rate of ground thaw in the residual pad was 0.6 cm day-1 between April 6th, 2024 and 

July 3rd, 2024 (Figure 5.4e-h). The average rates of thaw in the fen on the east (0.3 cm day-1), north (0.3 cm 

day-1), and west (0.4 cm day-1) sides of the pad were somewhat lower over the same period (Figure 5.4e-h). 

As a result, the frost table was significantly deeper within the pad footprint than in the fen on all 

measurement dates, reaching an average of 55 cm below the pad surface before no ground ice was observed 

(Figure 5.4e-h). Comparatively, the maximum average depth of the seasonal ground ice observed in the fen 

was only 34 cm below the surface (Figure 5.4h). 

 Interestingly, the high ‘berms’ separating the swales on the constructed upland had thawed to a 

greater depth than the swales themselves or the residual pad on the first measurement dates in April of both 

years (Figure 5.4a,e). This may have been a result of the berms becoming snow-free earlier than either the 

swales or the pad. Although this was not captured by the manual snow surveys, the berms were observed 

to be snow-free earlier than all other locations in timelapse images taken on the midslope (Supplementary 

Figure D.5), which would have permitted ground thaw to begin on an earlier date. No measurements of 

frost table depth on the constructed upland were made on subsequent dates in either year due to time 

constraints. 

 

5.3.4. Surface Runoff from the Constructed Upland 

Despite continuous aeration of collected runoff, all of the flume collection buckets froze for portions of the 

spring freshet in both years. However, none of the flume collection buckets had reached capacity between 
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field visits (i.e., they had not filled to the bottom of the v-notch weir). Thus, runoff volumes were estimated 

by removing the ice and melting it in a separate bucket. Notably, values of Crunoff calculated for the 

constructed upland were < 1 % during the spring freshet in both 2023 and 2024 (Supplementary Tables D.1 

& D.2). Scaling runoff volumes measured using the flumes to the full area of the north-facing slopes of the 

constructed upland (approximately 977 m2), only 0.11 and 0.14 m3 are estimated to have reached the pad 

during the spring freshet in 2023 and 2024, respectively. Owing to the fact that the Kv of the mineral fill 

comprising the constructed upland (115.5 mm hr-1) was considerably higher than the maximum rainfall rate 

observed (9.4 mm hr-1), no surface runoff was observed at any time during either growing season. 

 

5.3.6. Evapotranspiration 

During the growing seasons of 2022 and 2023, neither plot location (LME; p = 0.271 in 2022; p = 0.903 in 

2023) nor mulching (LME; p = 0.267 in 2022; p = 0.177 in 2023) had significant effects on lysimeter-

measured ETa across the pad. This was also reflected in spatial comparisons of ETa in both years. 

Specifically, ETa only differed significantly between WO and NO plots in May 2022, when it was somewhat 

higher in WO plots (mean = 1.6 mm day-1) than in NO plots (mean = 1.0 mm day-1) (Figure 5.5a). Owing 

to the higher position of the WT in WO plots (Figure 5.6b), VWC was slightly (but not significantly) higher 

in WO plots on that date (Figure 5.6a). Similarly, ETa only differed significantly between mulched and non-

mulched plots in July of 2022, when mulched plots unexpectedly lost slightly more water (mean = 1.2 mm 

day-1) than non-mulched plots (mean = 1.0 mm day-1) (Figure 5.5a). Nonetheless, daily values of energy-

balance based ETcont were consistently higher in WO plots than in NO plots, resulting in cumulative ETcont 

of 55 mm by August 31st of that year at the WO micrometeorology station, as compared to only 118 mm at 

the NO station (Figure 5.7a). Of note, cumulative ETcont was less than total cumulative rainfall by August 

31st that year (188 mm), despite the fact that rates of ETcont in both WO and NO plots exceeded the rate of 

rainfall in the early season (Figure 5.7a). In comparison, rates of rainfall exceeded those of ETcont for nearly 

all of the wetter 2023 season, during which cumulative ETcont reached 118 mm at the WO station by August 
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Figure 5.5: Plots of daily rates of ETa (a-b) and Ea (c-d), mean percentage surface ponding (e-f), and cover-weighted daily 

volumetric atmospheric water loss (ETtotal = ETa + Ea) (g-h). Values of ETa and Ea were recorded every 24 hours during a one-

week period each month. No surface ponding was present anywhere on the site during the May 2023 study period. Upper case 

letters denote the results of statistical comparisons of observations across the entire pad between months. Lower case letters denote 

the results of statistical comparisons of observations between plot types within a given month. Groups not sharing any common 

letters significantly differ based on analysis of variance with Tukey HSD post hoc tests. 
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18th, but only 91 mm at the NO station (Figure 5.7b). Cumulative ETcont was again less than cumulative 

rainfall that season (309 mm) (Figure 5.7a-b). This occurred despite the fact that values of ∝ were at or 

above unity (≥ 1) for the duration of the growing season in both years (Supplementary Table D.3). 

 On all dates when surface ponding was observed, the aerial coverage of ponding was higher in WO 

plots than in NO plots (Figure 5.5e-f). This meant that Ea made up a greater component of calculated rates 

of cover-weighted ETtotal in WO plots than in NO plots in all cases, except in May 2024 when no ponding 

was observed (Figure 5.5f). Given that average rates of Ea were higher (2.7 to 5.9 mm day-1) than those of 

ETa (1.1 to 1.3 mm day-1), this resulted in significantly higher rates of cover-weighted ETtotal in WO plots 

(1.7 to 4.7 mm day-1) than in NO plots (1.1 to 2.6 mm day-1) in most cases in 2022 (Figure 5.5g). 

Figure 5.6: Plots of manually measured volumetric water content (VWC; a-b) and depth to water table (DWT; c-d). Groups within 

a plot not sharing any common letters significantly differ based on analysis of variance with Tukey HSD post hoc tests. The solid 

and dashed horizontal lines on DWT plots denote the ground surface and the optimal moss-establishment threshold (6 cm b.g.s.) 

proposed by McKinnon et al. (2024), respectively. 
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Interestingly, no significant differences in rates of ETtotal were observed between WO and NO plots on any 

date in the 2023 season, when average ETtotal ranged from 1.0 to 2.1 mm day-1 (Figure 5.5h). 

 Pad-wide average cover-weighted rates of ETtotal declined significantly between May and July 

2022, when the proportion of ponding across the pad also declined (Figure 5.5e,g). Over the same period, 

VWC generally decreased (Figure 5.6a), although this did not result in significant decreases in pad-wide 

rates of ETa (Figure 5.5a). Despite an increase in the proportion of pad-wide ponding between July and 

August 2022 (Figure 5.5e), no significant differences in ETa (Figure 5.5a) or ETtotal (Figure 5.5g) were 

observed. As such, the significant decrease in Ea between July and August was likely responsible for the 

maintenance of the similar rates of ETtotal between July and August that year (Figure 5.5c). Rates of ETcont 

also tended to be lower from June to August as compared to the early season in 2022 (Figure 5.7a), a pattern 

that was also observed in 2023 (Figure 5.7b). 

 In contrast, ETtotal was significantly higher in June and August than in May and July in 2023 (Figure 

5.5h). Pad-wide average rates of ETa were also higher in June (1.9 mm day-1) and August (2.0 mm day-1) 

than in May (1.0 mm day-1) and July (0.9 mm day-1) (Figure 5.5b). Of note, VWC was also significantly 

higher in June and August in both WO and NO plots (Figure 5.6b). Reflecting the patterns between VWC 

and increased rates of lysimeter-measured ETa, a significant positive linear relationship was observed 

between ETa and VWC (p = 0.001). However, a low R2 value (0.06) indicates that this relationship was 

weak, and thus VWC may not have been the main control on ETa.  Similarly, significant positive linear 

relationships were observed at both micrometeorological stations between ETcont and VWC (p = 0.036 at 

WO; p < 0.001 at NO) and VPD (p < 0.001 at WO; p = 0.002 at NO), although R2 values again tended to 

be low (Figure 5.8c-f). A significant negative relationship between ETcont and DWT was only observed at 

the NO station (p = 0.006; Figure 5.8a-b), where the WT was more poorly regulated (Figure 5.7a-b). 

The energy balance at both the WO and NO micrometeorological stations was dominated by latent 

heat fluxes in the early season in both 2022 and 2023 (Table 5.1). However, from the month of July onwards 

in 2022 (the drier and warmer season), the energy balance was dominated by the sensible heat flux at both  
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Figure 5.7: Plots of cumulative ETcont from soil surfaces relative to cumulative rainfall (a-b), depth to water table (DWT; c-d), 

volumetric water content (VWC; e-f), and substrate temperature (g-h). The VWC measurements were recorded at 5 cm below the 

ground surface. The substrate temperature measurements were recorded at 2.5 cm below the ground surface. All data were 

collected at the micrometeorological stations located in WO and NO areas of the residual pad in 2022 and 2023. The solid 

horizontal line on DWT plots denotes the ground surface. The logged well at the WO station was adjacent to the elevated (non-

inundated) location that the station itself was located on. 
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stations (Table 5.1). A similar seasonal shift was not observed in the wetter and warmer-than-average 2023 

season, when the energy balance remained dominated by latent heat fluxes until the end of the season at 

both stations (Table 5.1). With the exception of WO areas in 2023, the ground heat flux comprised a 

relatively small energy balance component (Table 5.1). Notably, the mean overnight mean ground heat flux 

frequently remained positive (i.e., directed into the ground) (Table 5.1).   

Figure 5.8: Relationships between average daily plot ETcont and depth to water table (DWT; a-b), volumetric water content (VWC; 

c-d), and vapour pressure deficit (VPD; e-f) as measured at the WO (left plots) and NO (right plots) micrometeorological stations. 

Data from 2022 and 2023 were combined for regression analyses. Regression lines and equations are provided for significant 

relationships. Note that the x-axis scales differ between regressions for the WO and NO stations. 
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Table 5.1: Summary of mean monthly ETcont, net radiation (Q*), ground heat (QG; day and night), latent heat (QE), sensible heat 

(QH), and the ratio of QH to QE at the micrometeorological stations located in WO and NO plots for 2022 and 2023. 

 
ETcont 

(mm day-1) 

Q* 

(W m-2) 

QG (W m-2) QE 

(W m-2) 

QH 

(W m-2) 

QH / QE 

7:00 – 20:30 h 21:00 – 6:30 h (unitless) 

                                                                                              2022 

WO 

May 3.6 137 6 5 110 23 0.21 

June 1.5 131 3 -3 80 51 0.64 

July 0.8 145 8 -8 69 77 1.12 

August 0.5 113 8 -11 49 67 1.37 

NO 

May 2.7 117 14 1 83 26 0.31 

June 1.1 112 14 2 60 43 0.72 

July 0.6 125 15 2 52 64 1.23 

August 0.4 98 9 -1 33 59 1.77 

2023 

WO 

May 2.4 105 59 44 41 14 0.34 

June 1.6 127 35 35 63 36 0.57 

July 0.9 120 26 26 64 36 0.56 

August 0.7 109 20 20 65 30 0.46 

NO 

May 2.1 94 12 6 61 24 0.39 

June 1.2 116 15 7 56 48 0.86 

July 0.7 109 10 5 53 47 0.89 

August 0.5 100 8 3 53 42 0.79 

 

 

5.3.5. Groundwater Fluxes 

Due to consistent groundwater inputs across the east and north pad edges (denoted as positive qh on Figure 

5.9g-h), the WT generally remained at or near the surface of the pad in areas along those edges (i.e., WO 

areas) (Figure 5.9c-d & Figure 5.9c-d). Consistent groundwater inputs across the east and north edges 

occurred as a result of pad-directed horizontal hydraulic gradients (-0.001 to -0.01) on all measurement 

dates (Figure 5.9e-f). In interior portions of the residual pad (i.e., NO areas), the WT was more poorly 

regulated between rainfall events (in some cases falling below 80 cm b.g.s.) than in WO areas (Figure 5.9c-

d & Figure 5.9c-d). Values of qh across the downgradient edge were often negative (Figure 5.9g-h), 

indicating that the pad frequently lost water to the downgradient fen, particularly in the early season.  
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Figure 5.9: Plots of groundwater dynamics on the residual pad. Included are daily rainfall (a-b), depth to water table (DWT; c-

d), horizontal hydraulic gradients (e-f), horizontal specific discharge (qh; g-h), vertical hydraulic gradients over the 25 – 100 cm 

(i-j) and 50 – 150 cm (k-l) depths, and vertical specific discharge within the pad footprint (qv; m-n). Negative gradients are either 

directed into the pad (horizontal) or into the ground (vertical). Positive volumetric fluxes are either directed into the pad 

(horizontal) or towards the surface (vertical). 
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However, flow reversals across the downgradient pad edge occurred on several dates, resulting in flows 

from the fen eastward back into the pad (Figure 5.9g-h). Combined, net qh was positive on all measurement 

dates (Figure 5.9g-h), resulting in the pad receiving net groundwater inputs of 5.5 and 6.4 mm from the fen 

during the full duration of the 2022 and 2023 study periods, respectively (normalized over the surface area 

of the residual pad for comparison to other hydrologic fluxes; Table 5.2). Compared to rainfall inputs (188 

– 309 mm), horizontal flow from the adjacent fen thus constituted a relatively small input term in the pad 

water balance (Table 5.2). 

 Due to the high degree of WT fluctuation observed across much of the residual pad and 

hydroclimatic variability between years, ΔS varied considerably between study periods, measuring -81.7 

mm in 2022 and +98.6 mm in 2023 (Table 5.2). This reflected an overall decline in WT elevation in the NO 

portion of the pad in 2022, and an overall increase in WT elevation during the 2023 study period (Figure 

5.5c-d). The increase in WT position in 2023 was driven by late-season rainfall events that year (Figure 

5.5b). Calculated as the residual of the other pad water balance terms according to Equation 5.5, large net 

negative vertical groundwater fluxes (i.e., drainage out of the pad) were observed in both 2022 (-140.4 mm 

± 26.6) and 2023 (-113.5 mm ± 36.6) (Table 5.2). However, these values of Qv should be interpreted with  

 

Table 5.2: Summary of hydrologic fluxes in the residual well pad. Values of SWE represent the approximate maximum water input 

from the snowpack within the residual pad footprint (not accounting for sublimation). Values of spring runoff represent the total 

estimated input of runoff during the spring freshet (March – April). All other values are estimated totals for the growing season 

study periods in 2022 (May 16 – August 31) and 2023 (May 18 – August 13). Estimates of Qv were calculated as the residual of 

the other growing season water balance terms (P, net Qh, ETcont, and ΔS), and are thus highly uncertain estimates that should be 

interpreted with caution. Spring freshet water balance terms (SWE and surface runoff) were excluded from the water balance 

residual calculation as their measurement periods did not overlap with measurement of the growing season water balance terms. 

 Spring freshet  Growing season 

Study period 
SWE 

(mm) 

Surface runoff 

(mm) 

 P 

 (mm) 

Net Qh
 

(mm) 

ETcont 

(mm) 

ΔS 

(mm) 

Net Qv 

(mm) 

2022 - -  188 (± 19) 5.6 (± 2.2) -134.9 (± 16.9) -81.7 (± 8.2) -140.4 (± 26.6) 

2023 64.5 0.02  309 (± 31) 6.4 (± 2.6) -103.3 (± 12.9) 98.6 (± 9.9) -113.5 (± 36.6) 

2024 16.2 0.02  - - - - - 
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caution given that they are inclusive of both the actual magnitude of Qv and the error associated with the 

estimation of P (~10 %), Qh (~40 %), ETcont (~12.5 %), and ΔS (~10%) (error percentages estimated based 

on Healy et al., 2007). Considering the errors of individual components, the error term of the residual (taken 

as the estimate of Qv) ranges from 19 to 32 % (Table 5.2). Furthermore, potential small-magnitude overland 

flow was not included as a measured or estimated variable in the water balance residual calculation, and 

may thus have constituted an unknown portion of the residual. Finally, vertical hydraulic gradients within 

the footprint of the residual pad ranged between being positive (surface-directed) and negative (directed 

into the ground) during the two study periods (Figure 5.9i-j). This resulted in either inputs or losses being 

observed depending on the measurement date (Figure 5.9m-n), indicating that the estimated net Qv for each 

study period does not capture daily-scale variability that could have important hydrological implications 

over shorter (sub-seasonal) time scales. Nonetheless, values of Qv calculated using the average of all 

manually measured vertical hydraulic gradients measured between 2022 and 2023 (-0.008) ranged between 

-354 mm and -288 mm for the 2022 and 2023 study periods, respectively. This further indicates that Qv is 

highly likely to be a net loss term in the pad water balance, with this loss being offset somewhat by at least 

occasional groundwater discharge towards the surface. Of note, the average of all vertical hydraulic 

gradients measured within the residual pad between 2020 and 2023 was -0.024 (vertical gradient 

measurements for the 2020 and 2021 study periods were reported by McKinnon et al., 2024). 

 

5.4. Discussion 

Peatland water storage and availability are controlled in large part by the relative magnitudes of the input 

and loss terms of the ecosystem water balance (Fraser et al., 2001; Wu et al., 2010). Given the subhumid 

climate on the WBP, characterization of hydrological fluxes on residual well pads is therefore essential to 

inform potential restoration treatments or modifications to the Partial Removal Technique that may increase 

water storage and availability to mosses establishing on those sites (M. E. Gauthier et al., 2018; Lemmer et 

al., 2022; McKinnon et al., 2025, 2024). This may contribute to improved peatland vegetation establishment 
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outcomes, which tend to occur when the water table remains near the surface, and hydrological conditions 

are stable (Gonzalez & Rochefort, 2014). As such, the following discussion considers the relative 

magnitudes of different hydrologic fluxes observed on the residual well pad and their likely importance at 

different times of the growing season to inform potential modifications to the Partial Removal Technique. 

 

5.4.1. Snow and Ground Frost 

The maximum snowpack SWE values reported for the pad in 2023 (65 mm) and 2024 (16 mm) were both 

lower than the regional average, which has been reported as 91 mm for the nearby Utikuma Region Study 

Area (URSA) for the period between 2000 and 2011 (Ketcheson and Price, 2016). The URSA is located 

within a 100 km radius of the residual pad. Notably, SWE in the fen was closer to the regional average in 

2023 (81 mm), but not in 2024 (32 mm). Regardless, snowmelt within the footprint of the pad would have 

provided a large potential input of water in March or early April (Table 5.2). The timing of this input is 

typical for reclaimed sites on the WBP (Biagi and Carey, 2020; Ketcheson and Price, 2016), although it did 

correspond with the presence of shallow ground frost within the pad in both years (Figure 5.4). Combined 

with the high hydraulic conductivity of near-surface peat (Quinton et al., 2008), the presence of continuous 

layers of seasonal ground ice in natural peatlands can result in rapid lateral distribution of snowmelt during 

the spring freshet (Price and Fitzgibbon, 1987; Woo and Winter, 1993). A similar effect can be observed on 

upland hillslopes when spring melt events and refreezing permit the development of concrete frost at the 

mineral soil surface (Redding and Devito, 2011). As such, it is possible that much of the snowmelt within 

the pad may have been lost as overland flow to the surrounding fen rather than having infiltrated into the 

mineral fill. The extent to which this might have occurred would depend upon the antecedent moisture 

conditions of the fill, which were not quantified as part of the present study. 

 The fact that snow depth and SWE tended to be lower within the footprint of the pad than in the 

fen is somewhat unexpected, given that both wide seismic lines (Weiland et al., 2024) and forest gaps 
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(Bouchard et al., 2022; Golding and Swanson, 1978) have frequently been found to accumulate more snow 

than surrounding forested areas. This is due to lower amounts of interception in areas without a canopy, as 

canopy interception can reduce the depth and SWE of the snowpack (Golding and Swanson, 1978). 

However, the large size of the pad may have allowed snow redistribution from the pad by the wind. This 

possibility is supported by the fact that a narrow drift of snow was observed along the boundary between 

the forested downgradient fen and the western pad edge. Along that edge, snow depth was up to twice as 

deep as the snowpack across the pad itself (data not shown). Wind redistribution can also facilitate 

considerable sublimation of windblown snow particles (Pomeroy and Gray, 1995), with rates of sublimation 

potentially exceeding those of snowmelt (Pomeroy and Essery, 1999). Furthermore, the large size of the 

pad would have permitted greater amounts of incident solar radiation relative to the surrounding treed fen 

(Williams and Quinton, 2013), which can result in increased rates of sublimation (Sexstone et al., 2016) 

and therefore also reduced snow depth and SWE (Weiland et al., 2024). 

 As the pad was primarily vegetated with low sedges and mosses, physical barriers to wind 

redistribution were limited. However, as a shrub and tree community develops over time, it is possible that 

wind redistribution may become somewhat reduced, given that shrub growth forms can trap snow (Pomeroy 

et al., 2006). This could potentially permit a greater accumulation of snow within the pad footprint in the 

future, thus potentially increasing the water input at the time of snowmelt. However, increased absorption 

of shortwave radiation and associated heating of seedlings and shrubs can sustain high rates of sublimation 

and melt (Pomeroy et al., 2006), therefore possibly resulting in earlier snow-free conditions (Ketcheson and 

Price, 2016). This could mean that a greater proportion of the snowmelt input could be lost prior to the 

growing season, given that rates of evapotranspiration in WBP peatlands tend to occur at near potential 

rates in the spring (Van Huizen et al., 2020). 

 Combined, it appears likely that direct snowmelt from the snowpack located within the footprint of 

the pad may not actually provide a substantial source of water for the early growing season as expected. 

However, the ground frost melted at a greater rate within the pad than in the fen in the second season. This 
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resulted in ground frost in the pad being upwards of 20 cm deeper than in the fen on several dates, likely as 

a result of the greater thermal conductivity of mineral soils (0.3 to 2.20 W m-1 oC-1) than peat (0.06 to 0.5 

W m-1 oC-1) (Oke, 1987). This finding also aligns with studies of well pads constructed in permafrost 

landscapes, where large changes in soil thermal regimes can result in accelerated permafrost melt (Miner 

et al., 2024). The greater depth to ground frost on the pad could have allowed it to act as a sink for water 

flowing laterally across the top of the seasonal ground ice in the fen. Particularly in years when ground frost 

persists into the growing season, this could mean that snowmelt from the fen might support near-surface 

WTs within the pad itself. However, further detailed study of spring ecohydrological dynamics with a 

greater frequency of measurements would be required to ascertain the importance of this potential 

mechanism, and it would likely occur to a lesser extent in years with earlier ice-free conditions. 

Quantification of overland flow rates off of residual pads during snowmelt is also recommended to ascertain 

the extent to which snowmelt is retained prior to ground frost melt. 

 

5.4.2. Runoff from the Constructed Upland 

Despite the fact that the SWE of the snowpack on the north-facing slopes of the constructed upland was 

typically greater than that of the pad snowpack, melt of the upland snowpack did not constitute an 

appreciable term in the pad water balance. The very limited quantity of surface runoff from the constructed 

upland during the spring freshet (0.11 to 0.14 m3; Table 5.2) and its low spring runoff coefficients (< 1 % 

in both years) is not unexpected given that natural boreal upland forests tend to have low runoff coefficients. 

For example, Redding and Devito (2011) reported a median runoff coefficient of 7 % for a range of 

hillslopes at the URSA, with values as low as 1 % being observed in some cases. As previously discussed, 

substantial runoff from natural hillslopes is generally only observed when concrete frost forms following 

the refreezing of meltwater from mid-winter melt events (Redding and Devito, 2011). While mid-winter 

melt events were observed in both years (Figure 5.2), the high Kv of the mineral fill (3.2 × 10-5 m s-1) 

indicates that it likely had a very low autumn antecedent moisture content, and thus particularly high 
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quantities of meltwater might be required for concrete frost development. The fact that the upland slopes 

were north-facing may also have reduced the effects of mid-winter melt events as is typical on north-facing 

natural boreal hillslopes due to lower levels of incident solar radiation (Redding and Devito, 2011). 

 Combined, the total runoff observed during the spring freshet constituted a far smaller input than 

the typical daily Qh or rainfall inputs observed during the growing season (Table 5.2). This is in contrast 

with the upland features included in landscape scale reconstruction projects following open-pit oil sands 

mining (Biagi and Carey, 2020; Ketcheson and Price, 2016), although this is not unexpected as those 

uplands are engineered to include confining layers that enhance runoff and subsurface flow (Ketcheson et 

al., 2017). Indeed, uplands constructed on residual mineral well pads without confining layers cannot be 

expected to play a major hydrological role on these sites. Nonetheless, further study should be undertaken 

to determine whether constructed uplands might contribute to increased groundwater discharge to residual 

pads, given that natural boreal uplands and peatlands are often hydrologically coupled through groundwater 

exchange (Elmes and Price, 2019). 

 

5.4.3. Groundwater Fluxes and Rainfall 

The magnitude of Qh was small compared to that of P, Qv, and ETcont (Table 5.2). The small magnitude of 

seasonal Qh was a direct result of the small size of the flow faces along the edges of the pad through which 

Qh occurs (approximately 80 m2 per side) as compared to the surface area of the pad (approximately 6058 

m2) over which P, ETcont, and Qv occur. Nonetheless, a previous study on the same site identified the likely 

importance of consistent net Qh inputs in maintaining near-surface WTs in areas adjacent to the upgradient 

and north edges of the pad (i.e., WO areas) (McKinnon et al., 2024). That study found that net inputs in the 

form of Qh increased in response to lower WTs in WO areas, as lower WTs resulted in increases in the 

magnitude of pad-directed horizontal hydraulic gradients (McKinnon et al., 2024). Similar temporal 

patterns were also observed in the present study (Figure 5.9e-h), confirming the likely importance of the Qh 

term. Previous trials of partial removal have recommended or incorporated the excavation of trenches (Vitt 
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et al., 2011) or the installation of subsurface flow conduits (Guérin, 2022) to increase horizontal 

hydrological connectivity with surrounding peatlands. The present findings suggest that these efforts may 

be especially valuable. 

 In comparison, the absolute magnitude of Qv exceeded that of Qh on all measurement dates (Table 

5.2). The fact that large net losses to the underlying peat were observed under a wide range of conditions 

(and particularly following rainfall; Figure 5.9m-n) agrees with the findings of McKinnon et al. (2024), 

who identified downward-directed vertical hydraulic gradients on the same residual well pad under most 

conditions. That said, surface-directed vertical hydraulic gradients and associated surface-directed Qv fluxes 

were observed within the footprint of the residual pad on several dates (Figure 5.9i-n). This indicates that 

groundwater discharge did constitute a component of the residual pad water balance, and that this discharge 

served to offset losses through drainage to a certain extent. However, the low number of dates for which 

manual measurements of vertical hydraulic gradients were available precludes a more detailed analysis of 

the relative contributions of groundwater recharge and discharge to the pad water balance. Furthermore, the 

estimates of seasonal net Qv fluxes presented herein are uncertain as they were calculated as the residual of 

other growing season water balance terms (Table 5.2). This means the values presented are inclusive of 

both the actual Qv fluxes occurring within the footprint of the pad and the error associated with estimation 

of P, Qh, ETcont, and ΔS (Winter, 1981), as well as possible small-magnitude overland flow. However, the 

fact that long-term average vertical hydraulic gradients measured between 2020 and 2023 were negative 

(i.e., directed into the ground) suggests that it is reasonable to assume that groundwater recharge (i.e., 

downward flow out of the residual mineral fill) constitutes one of the most important water loss terms in 

the pad water balance. 

While vertical groundwater exchange does occur in natural peatlands (Devito et al., 1997; Elmes 

and Price, 2019; Ferone and Devito, 2004), the likely importance of Qv in the pad water balance presents a 

major concern in terms of substrate water conservation. As such, efforts to either increase the water retention 

capacity of residual fill materials (e.g., by increasing organic matter content; Hugron et al., 2013) or to 
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reduce vertical drainage (e.g., by focusing partial removal efforts on pads underlain by impermeable or 

semi-impermeable geotextiles) should be explored. Notably, water inputs in the form of groundwater 

recharge (i.e., surface-directed flow) could be impeded or cut off by the presence of a geotextile liner 

between a residual well pad and underlying compacted peat. This suggests the need to assess the magnitude 

of Qv fluxes on pads underlain by geotextile liners, particularly given that they are commonly used in well 

pad construction (Osko et al., 2018). The fact that vertical hydraulic gradients between the residual mineral 

fill and underlying peat, and between the underlying peat and basal mineral substrate changed directions 

periodically (Figure 5.5i-l) suggests that the well pad may have been situated over a local groundwater flow 

system, and was potentially hydrologically connected to local upland features (Elmes & Price, 2019). 

 

5.4.4. Energy Balance and Evapotranspiration 

The energy balance on the residual pad was dominated by QE (i.e., QE > QH and QG) at both 

micrometeorological stations in the early growing season of 2022 and for the full duration of the 2023 

season (Table 5.1). This is in alignment with both the regionally high evaporative demand and the energy 

balance at a constructed fen in the open-pit oil sands mining region near Fort McMurray, Alberta (Popović 

et al., 2023; Scarlett et al., 2017). However, QE in that constructed fen was greater than QH under nearly all 

conditions over several years (Popović et al., 2023). In contrast, QH became the dominant component of the 

energy balance in both the WO and NO areas on the residual pad in July and August 2022 (Table 5.1). 

While the dominance of QE over the energy balance of natural and constructed peatlands is normally 

observed during periods of ample water supply (Brown et al., 2010; Scarlett et al., 2017), the dominance of 

QH over the energy balance can occur during dry conditions that limit water supply to the surface (Petrone 

et al., 2007). Indeed, declines in VWC were observed at the NO station (Figure 5.7c) and across the entire 

NO area (Figure 5.6a) in July and August 2022 when rainfall was limited (Figure 5.5a). These declines in 

VWC were thus likely responsible for the high proportion of available energy partitioned as QH in those 
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months, highlighting the importance of VWC and DWT as controls over evaporative losses, especially in 

NO areas (Figure 5.8). 

 However, significant declines in VWC were not observed across the WO area (Figure 5.6a) or at 

the WO station (Figure 5.7c) in the late season that year, despite the similar increase in the importance of 

QH there (Table 5.1). That said, diurnal fluctuations in substrate temperature were larger at the WO station 

than at the NO station in 2022, which frequently resulted in higher daily maximum substrate surface 

temperatures at the WO station (Figure 5.7g). These high substrate surface temperatures could have resulted 

in greater losses of heat to the atmosphere in the form of QH by creating a greater temperature gradient. The 

greater diurnal variability is somewhat unexpected, given that a unit temperature increase in wetter soils 

like those at the WO station requires more energy than the same increase in drier soils like those at the NO 

station (Jury and Horton, 2004b). Thus, the greater substrate temperatures at the WO station are likely a 

result of the fact that monthly mean Q* tended to be somewhat higher at the WO station than at the NO 

station (Table 5.1). The higher Q* at the WO station may have been a result of its greater distance from the 

natural forested upland to the south of the site (Figure 5.1), as a tall stand of spruce and pine there was 

observed to have shaded the NO station slightly earlier in the late afternoon than the WO station. 

 Due to the predominance of QE over the energy balance under most conditions, rates of ETtotal and 

ETcont were sufficiently high to make evapotranspiration a significant negative hydrologic flux. Specifically, 

rates of ETtotal were frequently sufficient to offset the combined inputs of pad-directed Qh and surface-

directed Qv (Table 5.2). Cumulative losses through ETcont were also sufficient to offset between 29 % (i.e., 

NO area in the high-rainfall 2023 season) and 82 % (i.e., WO areas in the low-rainfall 2022 season) of 

rainfall inputs (Figure 5.7a-b). The fact that rates of ETtotal exceeded the daily average rainfall rate in the 

early season in 2022 was a result of extensive surface ponding across both the WO and NO areas (Figure  

5.5e). This permitted a greater fraction of ETtotal to be made up of Ea (Table 5.2), the rates of which were 

higher than those of ETa at that time (Figure 5.5). This is in alignment with natural ecosystems on the WBP, 

wherein rates of evapotranspiration are greater from open water systems than from peatlands (Petrone et 
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al., 2007). Similarly high rates of evapotranspiration (4.4 mm day-1) have also been observed in ponded 

areas of a constructed fen on the WBP (Scarlett et al., 2017). Combined with the fact that ponding can result 

in extensive colonization of Typha latifolia and erosion of established moss carpets (Lemmer et al., 2022, 

2020), this indicates that there is a need to limit the spatial extent of ponding on residual pads. 

 The lack of a direct significant effect of mulching on ETa in either year and the limited spatial 

differences in ETa between mulched and non-mulched plots align with the findings of McKinnon et al. 

(2024), which found that mulch application did not have a direct significant effect on volumetric water 

content or soil water potential (i.e., water availability) in the sandy mineral substrate. This was attributed 

to the water table falling sufficiently far below the surface to cut off capillary flow from the water table to 

the surface in NO areas, and to soil water supply to the surface being non-limiting in WO areas. However, 

it is possible that the high degree of spatial and temporal variability in the physical measurements of ETa 

may have masked any subtle differences between mulched and non-mulched plots, should they exist. 

Specifically, significant differences in ETa were also rarely identified between the WO and NO areas, 

despite the fact that cumulative ETcont (calculated daily using the energy balance) was higher at the WO 

station than the NO station for the duration of both seasons (Figure 5.7a-b). As such, further study is 

recommended to determine whether mulching has an effect on rates of atmospheric water loss over longer 

timescales than those captured by the lysimeter measurements presented in this study. Further study of the 

effects of mulching should also be undertaken on residual well pads consisting of finer-textured fill 

materials, given that clays have higher water retention capacities than sandy substrates (Jury and Horton, 

2004a). This might restrict drainage from finer-textured pads, thus allowing greater rates of ETa under a 

wider range of moisture conditions and, consequently, increasing the efficacy of straw mulch. 
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5.5. Conclusion 

The maintenance of high substrate moisture levels on residual well pads undergoing fen restoration is of 

paramount importance given the susceptibility of peatland mosses to desiccation under dry conditions. This 

study confirms that horizontal hydrological connectivity with adjacent peatlands is insufficient to maintain 

near-saturated substrate moisture levels across the full extent of residual pads. Instead, the primary growing 

season water input was rainfall, which was largely offset by a combination of evapotranspiration and rapid 

vertical drainage. Manually measured open-water evaporation rates were often higher than both manual 

and half-hourly energy-balance-based measurements of evapotranspiration, highlighting the importance of 

minimizing the extent of surface ponding on residual pads. Snowmelt may have provided an important 

early-season water input, but further study is required to determine how much of that input may be rapidly 

lost to the surrounding fen as a result of overland flow. Similar to natural boreal uplands, surface runoff 

from upland features constructed out of the excess fill removed during partial removal cannot be expected 

to provide a sustainable source of water to adjacent residual pads. However, the degree of groundwater 

connection between upland features and residual pads should be examined in further detail. Overall, the 

key findings of this study suggest that future trials of partial well pad removal should seek to increase the 

magnitude of horizontal hydrological connectivity across residual pads to reduce reliance on precipitation. 

Additional study on finer-textured residual pads and those underlain by geotextile liners is also required, 

given the likely control of these factors on vertical groundwater exchange, and, thus on evapotranspiration 

and substrate water conservation. 
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6. CONCLUSIONS AND RECOMMENDATIONS 

 

This thesis presented the results of a five-year ecohydrological study conducted following the first full-

scale implementation of the Partial Removal Technique. The goal of the thesis was to assess the suitability 

of environmental conditions on a residual well pad for the initiation of peatland vegetation introduced using 

the MLTT. To do so, individual studies were conducted to assess the extent to which the residual pad was 

hydrologically connected to the adjacent fen (Chapters 2 & 5), the degree to which moisture and 

biogeochemical dynamics can be expected to support the establishment of true mosses (Chapters 3 & 4), 

and to quantify the relative magnitudes of additional hydrological fluxes (Chapter 5). The following section 

provides a summary of the key findings of the thesis. It subsequently integrates the findings of each chapter 

to propose modifications to the Partial Removal Technique that may contribute to improved conditions for 

fen vegetation initiation and establishment. Finally, it expands upon the recommendations made in each 

individual chapter to highlight key areas of priority for future research. 

 

6.1. Key Findings 

6.1.1. Hydrological Connectivity and the Residual Pad Water Balance 

The low horizontal hydraulic conductivity of the residual loamy sand and the compacted peat underlying it 

presented a limitation on hydrological connectivity between the pad and the fen (Chapter 2). This was 

reflected in the low magnitude of horizontal groundwater fluxes observed across the pad edges compared 

to the magnitudes of other hydrologic fluxes (Chapter 5). Nonetheless, groundwater inputs from the fen 

were identified as being essential to maintain near-surface WTs within 20-30 metres of the upgradient and 

north pad edges (i.e., WO areas; Chapters 2 & 5). The low groundwater fluxes across the pad edges also 

resulted in preferential flow through the peatland around the northeast corner of the pad (Chapter 2). This 

indicates that partial removal did not alleviate impacts to ecohydrological function in the fen. 
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 Furthermore, the low magnitude of horizontal groundwater fluxes across the interior of the residual 

pad meant that areas away from the upgradient edges did not have a high degree of hydrological connection 

to the adjacent fen (Chapter 2). The WT in those areas (i.e., NO areas) was instead highly responsive to 

rainfall events and vertical drainage of water into the underlying peat (Chapter 5). This resulted in a poorly 

regulated WT, which had considerable implications for substrate water availability (Chapter 3). Flow 

reversals from the downgradient peatland into the residual well pad were insufficient to offset the rapid 

vertical drainage of the residual mineral fill in those areas (Chapters 2 & 5). This is a novel finding, given 

that the Partial Removal Technique has only been applied on either narrow roads (Guérin, 2022) or the 

edges of well pads to date (M. E. Gauthier et al., 2018; Lemmer et al., 2022, 2020; Vitt et al., 2011), where 

the WT has generally remained near the surface. It also suggests that there is a need to enhance horizontal 

hydrological connectivity across residual well pads (i.e., through the creation of flow conduits) in order to 

improve the distribution of water (Chapters 2 & 5). There is also a clear need to reduce the magnitude of 

vertical drainage from coarse-textured residual mineral substrates by testing restoration treatments that 

might increase their water retention capacity, such as the addition of organic matter amendments or mixing 

of mineral fill with underlying peat through ripping of the pad surface (Chapter 5). 

 Evapotranspiration was a large loss term in the pad water balance, with the greatest rates of 

atmospheric water loss frequently being observed when a considerable portion of the pad’s surface area 

was inundated with surface water (Chapter 5). Combined with the potential for ponding to encourage the 

establishment of Typha latifolia and to prevent the formation of moss carpets (Lemmer et al., 2020, 2022), 

this indicates that there is a need to reduce the extent of surface ponding across residual well pads by 

refining the reprofiled surface elevation. However, daily rates of evapotranspiration from non-inundated 

surfaces were also sufficiently high to offset large proportions of the water inputs to the residual pad 

(Chapter 5), suggesting that efforts should also be taken to reduce bare soil evaporation. That said, the straw 

mulch surface covering applied in the present study had a limited effect on evapotranspiration rates (Chapter 
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5). Additional study of the effects of mulch surface coverings at a higher temporal resolution is thus 

required. 

 Finally, the exact magnitude of snowmelt inputs could not be determined with confidence, given 

that much of the initial snowmelt input during the spring freshet may have been lost to the surrounding fen 

owing to potential formation of concrete frost within the pad footprint (Chapter 5). Thus, additional detailed 

study of spring ecohydrological dynamics on residual well pads is also required. What is clear is that 

hillslopes constructed out of the excess mineral fill removed during civil earthworks cannot be expected to 

provide an appreciable source of snowmelt or surface runoff to residual well pads (Chapter 5), further 

confirming the importance of direct rainfall within the pad footprint as a source of water during the growing 

season. 

 

6.1.2. Residual Mineral Substrate Moisture Dynamics 

The well regulated WT observed within 20-30 metres of the upgradient pad edges resulted in the 

maintenance of moisture conditions that were optimized for the establishment of true mosses for much of 

the growing season (Chapter 3). In those areas, the creation of microtopography through roughing of the 

residual mineral substrate (Chapter 2) provided a gradient of microhabitats that was likely to support the 

establishment of a range of moss species with different hydrological tolerances (Chapter 3). In contrast, the 

poorly regulated WT in NO areas of the residual pad was associated with more variable substrate moisture 

conditions for true moss establishment. Specifically, literature-based desiccation thresholds were 

occasionally exceeded in those areas, and the WT frequently fell below 6 cm depth, which was identified 

as the threshold separating optimal from non-optimal moisture availability to mosses (Chapter 3). 

Combined, the NO areas of the residual pad can be said to support a mesic to hygric moisture regime, while 

the WO areas can be said to support a sub-hydric to hydric moisture regime (Chapter 4). The application of 

a straw mulch surface covering had no clear effect on substrate water content or availability to mosses, 
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which may have been a result of the poor water retention capacity of the residual loamy sand substrate 

(Chapters 2 & 3). 

 

6.1.3. Residual Mineral Substrate Nutrient Biogeochemical Dynamics 

Nutrient regimes were relatively consistent across the residual well pad (Chapter 4), indicating that short-

term vegetation establishment outcomes are likely to be controlled primarily by spatial differences in 

moisture regime (Chapter 3), as well as changes in moisture availability over time (Chapter 4). However, 

the availability of nitrogen was limited for the duration of the study, and both phosphorus and nitrogen were 

rapidly immobilized or taken up by vegetation in all years (Chapter 4). This indicates that vegetation 

productivity may be limited by nutrient availability across the full site, at least until an increase in the 

availability of organic substrates for decomposition occurs as a result of litter build-up (Chapter 4). 

Regardless of nitrogen and phosphorus availability, the similarity between the base cation supply rates, pH, 

and EC observed within the residual well pad and those reported for regional moderate and extreme-rich 

fens suggests that true moss establishment can be expected in areas with optimal moisture conditions 

(Chapter 4). This would be in alignment with previous vegetation establishment patterns on residual mineral 

substrates (M. E. Gauthier et al., 2018; Lemmer et al., 2022, 2020). Notably, application of rock phosphate 

fertilizer had a very limited effect on mineral fill nutrient biogeochemical dynamics, as did the application 

of the straw mulch surface covering (Chapter 4). Combined with the limited efficacy of straw mulch in 

improving substrate moisture dynamics (Chapter 3) and reducing atmospheric water losses (Chapter 5), it 

appears that these treatments may not be effective when applied onto coarse-textured residual well pads 

(Chapter 4). 
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6.1.4. Potential Vegetation Successional Trajectories 

The high base cation content of the residual mineral fill resulted in the site being characterized by a rich to 

very rich (minerotrophic) nutrient regime (Chapter 4; Beckingham and Archibald, 1996). Furthermore, 

increases in the availability of nitrogen and phosphorus over the medium to long-term are likely, owing to 

the eventual decomposition of the litter layer observed to be developing on the surface of the pad (Chapter 

4). Combined, this indicates that partial removal of the well pad resulted in conditions that were likely 

favourable for the establishment of vegetation characteristic of nutrient-rich ecosites on the WBP (Chapter 

4), as also found in previous studies (M. E. Gauthier et al., 2018). However, considerable variation is 

common between natural nutrient-rich boreal ecosites based on differences in site-specific moisture regimes 

(Beckingham and Archibald, 1996). As such, the WO and NO areas of the residual pad are likely to follow 

differing successional trajectories, and will likely be characterised by different vegetation community 

structures in the years to come (Chapters 3 & 4).  

 Specifically, the consistently wet conditions in WO areas (sub-hydric to hydric moisture regime) 

were identified in Chapter 3 as being potentially favourable for the establishment of peatland mosses 

including Tomentypnum nitens, Drepanocladus aduncus, Helodium blandowii, and Ptychostomum 

pseudotriquetrum (Figure 6.1). High and low microsites might also be colonized by submergence-intolerant 

Aulacomnium palustre and submergence-tolerant Hamatocaulis vernicosus, respectively (Chapter 3; Figure 

6.1). This assessment was based on the fact that those species have been identified in previous trials of moss 

initiation on cation-rich residual mineral substrates at various scales in areas with well regulated 

hydrological dynamics (Borkenhagen and Cooper, 2016; M. E. Gauthier et al., 2018; Guérin, 2022; Lemmer 

et al., 2022, 2020). Many of them also tend to be found in natural rich fens on the WBP (Vitt, 2014). 

 Notably, the WO areas can also be expected to support the establishment of a graminoid community 

characterized by Carex and Scirpus spp. (Figure 6.1) given their dominance in previous trials of partial well 

pad removal (M. E. Gauthier et al., 2018; Lemmer et al., 2022, 2020; Vitt et al., 2011). Areas with nearly-

permanent surface inundation might also support establishment of Typha latifolia (Figure 6.1; Lemmer et 
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al., 2022, 2020), given how common this species is in regional mineral open water wetlands (Alberta 

Environment, 2015). Furthermore, natural peatland ecosites on the WBP characterized by similar moisture 

and nutrient regimes also commonly support robust communities of Rhododendron groenlandicum, 

Figure 6.1: Conceptual model of potential vegetation establishment outcomes in hydrologically well optimized (WO) and 

hydrologically non-optimized (NO) areas of the residual well pad. Potential vegetation establishment outcomes were informed by 

previous trials of partial well pad removal (references in-text) and current environmental conditions on the site. 
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Vaccinium oxycoccos, and canopies of Larix laricina and Picea mariana (Beckingham and Archibald, 

1996). While the site currently lacks a layer of peat, this does suggest that WO areas on the residual well 

pad might support the establishment of typical fen vegetation communities over the long-term (Chapter 4; 

Figure 6.1). That said, it may take a considerable amount of time for these sites to develop layers of peat 

given the slow rates of peat accumulation observed in natural fens on the WBP (Halsey et al., 1998; Kuhry 

et al., 1992). As the development of such a peat layer will be essential for ecosystem functional processes 

to resemble those in reference peatlands (Nwaishi et al., 2015a), this means the establishing ecosystem may 

remain vulnerable to shifts towards divergent successional trajectories in response to disturbances like 

drought for some time. 

 Conversely, the poorly regulated hydrological dynamics observed across NO areas of the residual 

pad resulted in a moisture regime best described as mesic to hygric for much of the growing season 

(Chapters 3 & 4). Chapter 3 identified the potential of these areas to support robust communities of Carex 

and Scirpus spp. (Figure 6.1) given their extensive rooting systems and ability to access water at depth 

(Borkenhagen et al., 2024; Chapin and Chapin, 1981; Koropchak et al., 2012). However, it is likely that the 

highly variable substrate moisture conditions observed in those areas may restrict the establishment of 

extensive moss carpets, and may only favour desiccation tolerant moss species (Chapter 3). In turn, this 

might result in only discontinuous cover of particularly hardy mosses like Tomentypnum nitens, 

Aulacomnium palustre, and Polytrichum strictum (Borkenhagen and Cooper, 2016; M. E. Gauthier et al., 

2018; Lemmer et al., 2022, 2020), as well as non-peatland feather mosses that have been found to colonize 

dry areas in disturbed peatlands on the WBP (Miller et al., 2015) (Figure 6.1). 

 Regardless of species composition, the coverage of peatland mosses is likely to be more limited in 

NO than in WO areas due to the greater frequency of non-optimal moisture conditions there (Chapter 3). 

Furthermore, natural nutrient-rich ecosites on the WBP with similar moisture regimes (and which lack 

substantial peat accumulation) are also characterized by a range of shrubs and trees, only some of which 

are characteristic of peatlands (Beckingham and Archibald, 1996). This might result in the establishment of 
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a community including plants like Cornus sericea, Ribes spp., Rubus spp., Equisetum spp., and ferns 

(Chapter 4; Figure 6.1). Of note, it might also support the establishment of trees like Picea glauca or 

Populus spp. (Chapter 4; Figure 6.1), which may contribute to shifting the vegetation community in NO 

areas to one more typical of swamps on the WBP (Alberta Environment, 2015; Beckingham and Archibald, 

1996; Elmes et al., 2021a). This further highlights the need to modify the Partial Removal Technique to 

support better-regulated hydrological dynamics if fen vegetation communities are to be established across 

their full extent. Thus, the next section integrates the findings of the individual chapters of this thesis to 

identify potential modifications of research and practical interest. 

 

6.2. Potential Modifications to the Partial Removal Technique 

6.2.1. Refinement of the Target Reprofiled Surface Elevation 

The surface elevation of the fen on the downgradient side of the residual well pad examined herein was 

considerably lower than that of the fen on its upgradient and north sides (Chapter 2). However, the target 

reprofiled surface elevation of the pad itself was based on a pre-removal survey of ground ice elevation in 

the upgradient fen only, as no ground ice elevation measurements were made in the downgradient fen due 

to logistical and time constraints. This survey was subsequently used to identify a single target reprofiled 

surface elevation for use during civil earthworks, meaning that the residual pad had an approximately even 

elevation across its full extent (i.e., it was not intentionally sloped). Combined, this meant that the reprofiled 

pad surface was considerably higher than that of the peat surface and the WT in the fen on the downgradient 

side of the pad at all times (Chapter 2). As such, this thesis recommended sloping the reprofiled surfaces of 

future residual pads to better align them with the WT elevation in the peatland on all sides of a given pad. 

This would require determination of the elevation of the seasonal ground ice adjacent to all sides of a well 

pad prior to the commencement of civil earthworks. Notably, sloping of residual well pads would be more 

challenging to implement in the field than targeting a single reprofiled elevation, especially when the extent 



161 

 

of surface ponding is to be minimized. Nonetheless, the findings of this thesis suggest that this modification 

should be considered in future trials, given its potential to improve substrate moisture dynamics in areas of 

residual pads not receiving consistent groundwater inputs (Chapters 2 & 3). 

 

6.2.2. Improvement of Horizontal Hydrological Connectivity 

This thesis identified the importance of horizontal hydrological connectivity for the maintenance of near-

surface WTs in portions of the residual pad (Chapters 2 & 5). However, because Qh represented a small 

term in the pad water balance (Chapter 5), horizontal hydrological connectivity with the surrounding fen 

was insufficient to maintain near-surface WTs and optimal substrate moisture conditions across a large 

extent of the pad’s surface (Chapters 2, 3, & 5). The need to consider the creation of either surface or 

subsurface flow conduits across future residual well pads was therefore identified. Surface flow conduits 

(i.e., trenches) were first tested by one of the earliest trials of partial well pad removal (Vitt et al., 2011). 

While the open trenches created in that case resulted in water distribution into the residual well pad (Vitt et 

al., 2011), they also promoted undesirable establishment of T. latifolia (B. Xu, personal communication). 

As such, a more recent trial of partial road removal tested the creation of subsurface flow conduits. These 

were constructed by first excavating shallow trenches across the residual mineral substrate and filling them 

with bales of straw that were subsequently buried under a layer of mineral fill (Guérin, 2022). However, it 

remains unclear whether straw-filled subsurface flow conduits would be feasible at the scale of a full-size 

residual well pad. Also of concern is the fact that the straw bales could become compressed or clogged with 

peat from the adjacent peatland, thus potentially reducing their efficiency. 

 An alternative form of subsurface flow conduit could include backfilling trenches with coarse 

gravel, as it has a high effective porosity (Domenico and Shwartz, 1998) and a rigid structure. Subsurface 

flow conduits constructed in this way could be covered with a permeable geotextile material before placing 

mineral fill over it to provide a spatially consistent mineral substrate for vegetation establishment. 
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Alternatively, it could be possible to leave gravel at the surface of such flow conduits, given that fen mosses 

have been observed to establish directly on saturated gravel substrates in past trials (Amon et al., 2005). 

Another potential option would be to combine the Complete Removal and Partial Removal techniques, 

wherein sections of residual mineral substrate could be interspersed with elongated sections within which 

the mineral fill could be completely removed. While this would be operationally complex, a high degree of 

subsurface flow has been observed through the peat substrates re-exposed following the complete removal 

of both roads (Elmes et al., 2021b) and well pads (Lemmer et al., 2022; Xu et al., 2022). This could permit 

better distribution of water into the patches of residual mineral fill that are left in place by increasing the 

proportional surface area of the flow faces along their edges. 

 

6.2.3. Application of Soil Amendments 

Given that the poorly regulated WT across much of the residual pad resulted in rapid fluctuations in 

substrate water availability to establishing vegetation, the application of organic soil amendments may be 

a useful restoration treatment following partial removal (Chapters 3 & 4). This could both increase substrate 

water retention (Rawls et al., 2003) and increase the availability of organic substrates for microbially-

mediated decomposition processes (Nwaishi et al., 2015a), thus potentially increasing the availability of 

both water and nutrients (Chapters 3 & 4). Soil amendments have been employed in the restoration of 

borrow pits (Hugron et al., 2013) and disturbed upland sites (Hemstock et al., 2010) in boreal regions, 

although trials on residual mineral substrates have been limited to date (M. E. Gauthier et al., 2018). 

Notably, it may be especially useful to target the use of locally-sourced peat amendments on residual well 

pads (Chapter 4). These would be less likely to result in the introduction of undesirable ruderal species, and 

would likely contain humic acids that might limit phosphorus precipitation with iron, aluminum, and 

calcium contained within the mineral fill (Ge et al., 2020; Lobartini et al., 1998). 
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6.2.4. Refinement of Microtopography 

The fact that the provision of microtopography was associated with the creation of microhabitats that were 

generally suitable for the establishment of a wide range of true moss species suggests that this is an 

important restoration treatment (Chapter 3). This is also in alignment with previous trials of moss 

establishment on mineral substrates (Borkenhagen and Cooper, 2018, 2016). However, high microsites in 

NO areas examined in the present study (which had a mean height of between 0.13 and 0.19 m above low 

microsites) were associated with more frequent exceedance of moss desiccation thresholds than low 

microsites (Chapter 3). Thus, it may be beneficial to reduce the amplitude of the microsites created during 

future implementations of the Partial Removal Technique. This would enable the creation of a range of 

microsites, but would also reduce the risk of desiccation at high positions during especially dry conditions. 

Notably, the effects of microtopography may differ on residual well pads constructed out of fine-textured 

mineral substrates, and further study of moisture dynamics on clay pads is thus also recommended (see 

Section 6.3.3). 

 

6.2.5. Modification of the Moss Introduction Ratio 

The moss community establishing on the residual well pad examined in this thesis was observed to be 

spatially discontinuous, with extensive areas of bare mineral substrate remaining at the surface (Chapter 5). 

In natural peatlands, the physical structure of continuous moss carpets plays a major role in regulating 

evaporative water losses by controlling the magnitude of capillary flow to the surface and decreasing 

available energy during dry conditions (Brown et al., 2010; McCarter and Price, 2014). Therefore, moss 

community growth forms are unlikely to have had a substantial control over evaporative water losses on 

the residual well pad examined here (Chapter 5), and it may thus be useful to increase the density of the 

introduced moss community (i.e., increasing the ratio of the area of the restoration site to that of the 

harvested donor site). While this would result in greater disturbance to an offsite donor peatland, it may be 
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a desirable option in cases where the construction of new well pads or other industrial facilities will result 

in the loss of peatland vegetation anyway. In such instances, it might be possible to collect mosses from a 

peatland prior to the construction of a well pad or other facility for use in the restoration of a nearby 

decommissioned well pad (see Chapter 3). 

 

6.3. Recommendations for Further Research 

6.3.1. Long-term Vegetation Establishment Monitoring 

While the results presented in this thesis confirm that the Partial Removal Technique has promise for the 

reestablishment of peatland vegetation communities on decommissioned well pads, long-term monitoring 

of actual vegetation establishment outcomes will be required. Specifically, although near-saturated moisture 

conditions on residual mineral substrates have supported the establishment of favourable peatland 

vegetation communities in past trials (Borkenhagen and Cooper, 2016; M. E. Gauthier et al., 2018; Lemmer 

et al., 2022, 2020; Vitt et al., 2011), it is likely that areas with a more variable hydrological regime may 

follow divergent successional trajectories (see Section 6.1.3). Reestablishing vegetation communities can 

also be set on divergent successional trajectories in response to changes in environmental conditions (e.g., 

decreased moisture availability due to drought), making long-term establishment outcomes difficult to 

predict (Audet et al., 2015; González and Rochefort, 2014; Pinno and Hawkes, 2015). As such, continued 

monitoring of vegetation establishment on this and other residual well pads will likely need to occur on a 

multi-decadal scale. Of note, similar long-term monitoring has also been found to be necessary during the 

assessment of restoration techniques applied to cutover and disturbed peatlands (Chimner et al., 2017; 

González and Rochefort, 2014). Recent results also indicate that multi-decadal monitoring is likely required 

to fully assess the development of ecosystem function following the construction of peatlands in post-

mining landscapes (Borkenhagen et al., 2024; Popović et al., 2023, 2022). These long timescales reflect the 
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long successional trajectories associated with natural peatland development (Halsey et al., 1998; Kuhry et 

al., 1992). 

 

6.3.2. Long-term Environmental Monitoring 

Similar to the need for long-term vegetation establishment monitoring, there is also a need for ongoing 

monitoring of substrate moisture conditions and the development of biogeochemical processes on this and 

other residual well pads (Chapters 3 & 4). This will be especially important given that the development of 

an organic litter layer is likely to occur over time (Chapter 4), as this has been observed to affect ecosystem 

energy balances and moisture dynamics (Popović et al., 2023; Scarlett et al., 2017) as well as nutrient 

cycling and availability (Popović et al., 2022). Furthermore, increases in organic matter availability can be 

expected to result in increases in the water retention capacity of mineral substrates (Rawls et al., 2003), 

which may decrease the magnitude of vertical drainage from the residual mineral fill over time (Chapters 

2 & 5). That said, increases in substrate water retention capacity could also increase evaporative losses, 

given that the supply of water at the surface would be increased, thereby potentially sustaining stage I 

evaporation for longer (Chapter 5). The combined effects of these changes on the water balance of residual 

well pads remains unknown, as does the rate at which these changes may occur and their effects on both 

moisture and nutrient availability to establishing vegetation. 

 

6.3.3. Trial of Partial Removal on Fine-Textured Residual Well Pads 

As the present study was conducted on a residual well pad constructed out of loamy sand, it is unlikely that 

the results will be fully applicable to fine-textured residual well pads. Specifically, there is a need to assess 

whether WT dynamics would be better regulated on fine-textured sites pads as a result of their greater water 

retention capacity and lower Kv than sandy fill materials (Chapter 2). This could reduce the magnitude of 

drainage to the underlying compacted peat, thus potentially changing the relative importance of all water 
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balance components (Chapter 5). Furthermore, finer-textured residual well pads might restrict horizontal 

hydrological connectivity with adjacent peatlands to an even greater extent than the mineral substrate 

examined here (Chapter 2). Thus, additional assessment of horizontal groundwater fluxes on fine-textured 

pads will be essential to understand hydrological function on those sites. There is also a clear need to assess 

what impact finer-textured mineral substrates might have on water availability to establishing mosses 

(Chapter 3) and their impacts on nutrient cycling and availability, including the effects of fertilization and 

application of straw mulch surface coverings (Chapter 4). Finally, finer-textured residual well pads will 

likely sustain different rates of evapotranspiration than coarse-textured pads like that observed herein, and 

as such detailed assessment of atmospheric water losses from fine-textured residual well pads is 

recommended (Chapter 5). 

 

6.3.4. Trial of Partial Removal on Well Pads Underlain by Geotextile Liners 

Vertical groundwater fluxes were an especially important hydrological flux on the residual pad examined 

herein, which lacked a geotextile liner (Chapter 5). As such, the presence of impermeable or semi-

impermeable geotextile liners between residual mineral fill materials and the compacted peat beneath them 

could have a considerable effect on the overall water balance of residual well pads (Chapters 2 & 5). Thus, 

future trials should seek to apply the Partial Removal Technique on well pads underlain by geotextile liners 

of varying permeability. These studies should specifically assess the relative magnitudes of horizontal and 

vertical groundwater fluxes into the residual mineral fill left at the surface, and draw comparisons against 

the water balance of residual pads not underlain by these materials. 

 

6.3.5. Additional Assessment of Mulch Surface Coverings 

Further assessment of the effects of mulch coverings applied onto the surface of residual well pads should 

also be undertaken. Specifically, the assessment of the effects of straw mulch on rates of evapotranspiration 
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presented herein was limited in its temporal scope, being based solely on physical lysimeter measurements 

representative of only one week per month, and conducted on the scale of approximately 24 hours per 

measurement (Chapter 5). An assessment with greater temporal resolution could be undertaken by 

implementing an energy-balance approach to the quantification of evapotranspiration rates in both mulched 

and non-mulched plots, allowing for direct comparison of atmospheric losses between the two. Such an 

approach would be similar to that applied in previous assessments conducted in both mulched and non-

mulched plots in a constructed fen in the Athabasca Oil Sands region (Scarlett et al., 2017) and on cutover 

peatlands undergoing restoration (Price et al., 1998). However, this would be resource-intensive, requiring 

multiple micrometeorological stations to quantify the energy balance in mulched and non-mulched plots in 

both WO and NO areas on a residual pad. Additional study of the effect of straw mulch surface coverings 

on soil moisture and rates of evapotranspiration should also be undertaken on fine-textured residual well 

pads (Chapters 3 & 5), given the high likelihood that those substrates would sustain greater rates of 

evaporation under dry conditions than the loamy sand substrate examined herein. 

 

6.3.6. Assessment of Microbial Dynamics within Residual Mineral Substrates 

Given the uncertainty surrounding the controls on rates of organic matter decomposition and stabilization 

on the residual pad examined herein (Chapter 4), there is a clear need to conduct a detailed assessment of 

substrate microbial community dynamics following the partial removal of well pads. Similar assessments 

have been conducted in restored cutover peatlands (Andersen et al., 2013, 2006) and in road-bisected 

peatlands (Saraswati et al., 2019), which has improved our understanding of nutrient cycling processes and 

greenhouse gas dynamics in those sites. A detailed understanding of microbial dynamics on residual well 

pads would greatly improve our understanding of the controls and drivers of early biogeochemical function 

(Chapter 4), and thus also of the biological processes supporting nutrient availability to establishing 

peatland vegetation. 
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6.3.7. Assessment of Fertilization in Combination with Soil Amendments 

Owing to rapid geochemical interactions with the mineral fill, the application of rock phosphate fertilizer 

was observed to have limited biogeochemical effects on the residual well pad examined in this study 

(Chapter 4). However, if organic soil amendments were to be added to residual well pads in future trials, 

this might reduce the extent to which geochemical interactions would make phosphorus non-bioavailable. 

This might make fertilization a more effective restoration treatment (Chapter 4), and additional study of 

rock phosphate application in combination with organic matter amendments is therefore recommended. 

 

6.3.8. Development of Water Availability Thresholds for Common True Mosses 

Given the sensitivity of peatland mosses to changes in substrate water content (Graf and Rochefort, 2010; 

Ketcheson and Price, 2014; Price and Whitehead, 2001; Vitt et al., 2014) and the high degree of spatial and 

temporal variability in moisture dynamics across the residual pad examined here (Chapter 3), there is a 

clear need to better understand the desiccation tolerances of peatland true mosses. This would complement 

existing thresholds used to predict the optimal range of moisture levels for true moss survival and growth 

(Graf and Rochefort, 2010) by allowing for improved prediction of the lower range of substrate water 

contents suitable for true moss colonization and establishment (see Guérin, 2022). This would also reduce 

reliance upon desiccation thresholds developed specifically for Sphagnum mosses, like the one cautiously 

used in support of the interpretations herein (Price and Whitehead, 2001) (Chapter 3). Such an assessment 

of true moss desiccation tolerances should ideally include a combination of field (e.g., Price and Whitehead, 

2001) and greenhouse experiments (e.g., Guérin, 2022) to control confounding variables while also 

ensuring that the results are field-representative (e.g., Graf and Rochefort, 2010). 
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6.4. General Conclusion 

The construction of tens of thousands of oil and gas well pads in boreal peatlands to date presents a 

landscape-scale environmental management challenge. Furthermore, techniques to reestablish peatland 

ecosystem function and self-sustaining peatland vegetation communities on these features are still in their 

infancy. Thus, the Partial Removal Technique has received considerable interest from researchers, 

regulators, and practitioners alike. While the residual mineral substrate left following the partial removal of 

a well pad in support of the present study did impede hydrological connectivity with the surrounding 

peatland, the well-regulated and near-surface water tables observed in areas adjacent to the fen suggest that 

the technique has promise. Nonetheless, additional research is required to confirm the generalizability of 

the findings presented herein, and to refine the technique itself and its application at the site level. 

Combined, while the Partial Removal Technique is likely to be vulnerable to divergent successional 

trajectories, it does appear that refinements may make it a viable strategy to better meet equivalent land 

capability at a large scale. 
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APPENDIX A 

Supplementary Figures and Tables for Chapter 2 

 

 

Figure A.1: Photos of the intact well pad taken prior to partial removal (a) and photos of the partial removal process taken during 

earthworks in March 2020 (b-d). Photo (a) was provided by the Northern Alberta Institute of Technology (Centre for Boreal 

Research). 
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Figure A.2: Photos of the vegetation propagule collection process (a), vegetation propagules prior to introduction onto the site (b), 

spreading of the vegetation propagules using a skid-steer (c), and propagules introduced directly onto the roughened residual 

mineral substrate (d). All photos were provided by the Northern Alberta Institute of Technology (Centre for Boreal Research). 
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Figure A.3: Aerial photos of the residual well pad taken using a drone during wet conditions (a-b), overview photo of the mulch 

treatment (c), and detailed photos of recently introduced moss propagules (d-e). All photos were taken in June 2020. All photos 

were provided by the Northern Alberta Institute of Technology (Centre for Boreal Research). 
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Table A.1: Geometric mean horizontal saturated hydraulic conductivity by depth and location/substrate type, including sample 

size (number of laboratory cores or in-situ bail tests used for calculation). Geometric standard deviations (unitless) are provided 

in brackets. 

Location 

(substrate type) 

Sampling depth 

(cm b.g.s.) 

Geometric mean Kh 

(m s-1) 
n 

Residual pad 

(mineral fill) 

0-5 5.20 x 10-6 (1.91)a 12 

25 1.77 x 10-5 (3.90) 38 

Residual pad 

(underlying peat) 

50 9.29 x 10-6 (3.25) 33 

100 5.81 x 10-8 (5.37) 26 

Upgradient peatland 

(peat) 

25 1.28 x 10-4 (3.02) 21 

50 4.54 x 10-5 (2.42) 27 

100 1.48 x 10-6 (7.18) 22 

Downgradient peatland 

(peat) 

25 8.80 x 10-5 (2.18) 15 

50 1.11 x 10-5 (3.53) 14 

100 6.11 x 10-7 (3.39) 12 

North peatland 

(peat) 

25 9.86 x 10-5 (1.65) 22 

50 4.76 x 10-5 (2.22) 27 

100 8.01 x 10-7 (4.82) 22 

a Laboratory-based estimate, all other values are in-situ estimates 

 

 

Table A.2: Summary of seasonal mean half-hourly depth to water table (DWT) for logged wells on the residual pad and in 

adjacent peatlands. Negative values denote mean WTs below the ground surface. Standard deviations are provided in brackets. 

Well location 

Mean DWT 

(m) 

2020 (Wet) 2021 (Dry) 

Upgradient pad -0.02 (0.03) -0.13 (0.14) 

North pad 0.09 (0.07) -0.02 (0.15) 

Inner pad -0.26 (0.14) -0.51 (0.16) 

Downgradient pad -0.13 (0.17) -0.19 (0.21) 

Upgradient peatland 0.02 (0.03) -0.05 (0.10) 

North peatland 0.09 (0.03) -0.09 (0.15) 

Downgradient peatland -0.06 (0.03) -0.24 (0.16) 
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APPENDIX B 

Supplementary Tables for Chapter 3 

 

Table B.1: Summary of VWC at total saturation (Ψ = 0) and the approximate threshold values associated with optimal moss-water 

availability (> -10 mb) and desiccation risk (< -100 mb) modelled using the constrained bimodal van Genuchten equations fit for 

each of five soil cores collected from the residual mineral pad. The 95% confidence intervals about the means are reported in 

brackets. 

Ψ (mb) 
Mean modelled 

VWC (m3m-3) 

Maximum modelled 

VWC (m3m-3) 

Minimum modelled 

VWC (m3m-3) 

0 0.39 (0.02) 0.41 0.37 

-10 0.39 (0.02) 0.41 0.37 

-100 0.28 (0.07) 0.34 0.20 

 

 

Table B.2: Summary of bimodal-constrained van Genuchten soil water retention model parameters for each of five soil cores 

collected from plots on the residual mineral pad. 

Core 
α1 

(cm-1) 
n1 w1 

Residual 

water 

content 

(cm³ cm-3) 

Saturated 

water 

content 

(cm³ cm-3) 

α2 

(cm-1) 
n2 w2 

1 0.00846 7.728 0.349 0.082 0.409 0.00806 1.899 0.651 

2 0.00931 3.359 0.457 0.075 0.387 0.011 15.000 0.543 

3 0.0103 12.671 0.433 0.079 0.372 0.00861 3.021 0.567 

4 0.00423 3.212 0.404 0.137 0.385 0.0117 4.143 0.596 

5 0.00766 2.102 0.662 0.091 0.407 0.00885 7.808 0.338 
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Table B.3: Summary of seasonal mean manually measured depth to water table values on the residual pad for 2020 and 2021 by 

plot and associated hydrological classifications (well-optimized and non-optimized classifications denoted as WO and NO, 

respectively). Negative depth to water table values denote mean water table positions below the ground surface, while positive 

depth to water table values denote mean water table positions above the ground surface. Standard deviations are provided in 

brackets. 

Plot 
Mean depth to water table (m) Classification 

(2020) 

Classification 

(2021) 
2020 2021 Multi-year 

1 -0.04 (0.13) -0.18 (0.20) -0.13 (0.19) WO NO 

2 -0.03 (0.10) -0.15 (0.22) -0.11 (0.20) WO NO 

3 -0.03 (0.10) -0.15 (0.22) -0.11 (0.20) WO NO 

4 0.03 (0.05) -0.06 (0.12) -0.03 (0.11) WO WO 

5 -0.18 (0.19) -0.35 (0.26) -0.29 (0.25) NO NO 

6 -0.18 (0.17) -0.31 (0.26) -0.25 (0.24) NO NO 

7 -0.14 (0.12) -0.25 (0.22) -0.18 (0.19) NO NO 

8 -0.02 (0.05) -0.12 (0.13) -0.07 (0.11) WO NO 

9 -0.19 (0.19) -0.35 (0.26) -0.29 (0.25) NO NO 

10 -0.28 (0.19) -0.38 (0.28) -0.33 (0.25) NO NO 

11 -0.36 (0.16) -0.38 (0.28) -0.37 (0.24) NO NO 

12 -0.02 (0.05) -0.12 (0.13) -0.07 (0.11) WO NO 

13 -0.18 (0.15) -0.29 (0.26) -0.24 (0.22) NO NO 

14 -0.24 (0.16) -0.46 (0.28) -0.32 (0.24) NO NO 

15 -0.31 (0.17) -0.47 (0.28) -0.41 (0.26) NO NO 

16 0.00 (0.02) -0.11 (0.11) -0.07 (0.10) WO NO 
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APPENDIX C 

Supplementary Figures and Tables for Chapter 4 

 

 

Figure C.1: Pore water chloride (Cl) concentrations in the surrounding fen and in the hydrologically well optimized (WO) and 

non-optimized (NO) areas on the residual pad. In the years 2022-2024, pore water was not collected in the surrounding fen. Bars 

illustrate median values ± the 25th and 75th percentiles for each group. Medians of groups within a given year not sharing any 

common letters significantly differ based on Kruskal-Wallis, Wilcoxon Rank-Sum, or Peto-Peto tests. The limit of quantitation is 

denoted by a dashed red line. 

 

 

Table C.1: Mean annual and growing season (May to September) air temperatures and total precipitation reported for all study 

years, and comparison to 30-year climate normals (1991-2020). All data were recorded at the Slave Lake airport (55°17'35.000" N, 

114°46'38.000" W) approximately 20 km away from the study site. 

Year 
Air temperature (oC)  Total precipitation (mm) 

Annual mean Growing season mean  Annual sum Growing season sum 

30-year climate normal (1991-2020) 2.1 13.0  422.1 292.0 

2020 1.7 13.1  615.6 311.3 

2021 2.3 14.3  530.7 273.7 

2022 2.3 14.1  372.8 181.6 

2023 4.2 14.9  366.9 320.0 

2024 4.1 13.9  474.6 388.1 
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Table C.2: Mean (± standard deviation) shallow groundwater pH, electrical conductivity (EC), and temperature values for the moss 

propagule donor site. Donor site measurements (n = 10 per year) were made in the month of August in each year between 2020 and 

2022. 

Year  pH 
EC 

(µS cm-1) 

Temp. 

(oC) 

2020 6.3 ± 0.1 70.2 ± 5.4 13.1 ± 0.2 

2021 5.9 ± 0.1 43.2 ± 6.7 12.7 ± 0.6 

2022 6.0 ± 0.1 100.8 ± 5.4 Not measured 
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Table C.3: Results of statistical analyses performed on nutrient supply rates measured using PRS probes installed on the pad and in the fen. Statistically significant results are provided in bold typeface. 

The type of model used (OLS or OLS-Log) is provided for each statistical test. 

Parameter Effect 

 2020 (June; pre-fertilization)  2020 (August; post-fertilization)  2021 (June)  2023 (June) 

 Model Estimate t-value p-value  Model Estimate t-value p-value  Model Estimate t-value p-value  Model Estimate t-value p-value 

NH4 

VWC  

Insufficient 

data > LOD 

- - -  

Insufficient 

data > LOD 

- - -  

Insufficient 

data > LOD 

- - -  

OLS-Log 

15.055 2.588 0.036 

Fertilization  - - -  - - -  - - -  -0.099 -0.371 0.722 

Mulching  - - -  - - -  - - -  0.118 0.504 0.630 

Soil temp.  - - -  - - -  - - -  0.072 0.579 0.581 

P 

VWC  

OLS 

-6.944 -0.193 0.851  

OLS-Log 

5.827 1.099 0.304  

OLS-Log 

7.167 4.701 <0.001  

OLS 

21.711 2.120 0.072 

Fertilization  - - -  -1.147 -3.140 0.014  0.339 1.388 0.180  -0.189 -0.403 0.699 

Mulching  -0.019 -0.019 0.985  -0.355 -1.164 0.278  0.415 1.712 0.102  -0.519 -1.259 0.248 

Soil temp.  - - -  - - -  - - -  -0.126 -0.581 0.580 

Ca 

VWC  

OLS-Log 

-0.420 -0.088 0.932  

OLS 

9559.400 2.231 0.056  

OLS 

4049.600 4.357 <0.001  

OLS-Log 

0.719 0.518 0.620 

Fertilization  - - -  -587.700 -1.991 0.082  278.100 1.866 0.077  -0.038 -0.596 0.570 

Mulching  0.218 1.694 0.125  -124.400 -0.505 0.628  -157.300 -1.065 0.299  -0.035 -0.631 0.548 

Soil temp.  - - -  - - -  - - -  -0.053 -1.787 0.117 

Mg 

VWC  

OLS 

-160.160 -0.117 0.909  

OLS-Log 

0.717 0.184 0.858  

OLS-Log 

1.163 1.119 0.276  

OLS-Log 

-4.189 -1.609 0.152 

Fertilization  - - -  -0.588 -2.192 0.060  0.457 2.740 0.013  -0.191 -1.606 0.152 

Mulching  42.940 1.170 0.272  -0.060 -0.269 0.795  -0.226 -1.368 0.186  -0.186 -1.775 0.119 

Soil temp.  - - -  - - -  - - -  0.034 0.607 0.563 

K 

VWC  

OLS 

-333.930 -1.892 0.091  

OLS 

11.350 0.087 0.933  

OLS-Log 

-1.628 -2.146 0.044  

OLS-Log 

-1.388 -0.302 0.772 

Fertilization  - - -  -2.912 -0.323 0.755  0.297 2.442 0.024  0.227 1.078 0.317 

Mulching  13.845 2.916 0.017  12.613 1.678 0.132  0.254 2.108 0.048  0.005 0.028 0.978 

Soil temp.  - - -  - - -  - - -  0.098 1.006 0.348 

Fe 

VWC  

OLS 

569.900 0.124 0.904  

OLS 

2318.650 3.109 0.014  

OLS 

3321.750 5.789 <0.001  

OLS-Log 

18.358 2.320 0.053 

Fertilization  - - -  -223.090 -4.341 0.002  -90.450 -0.983 0.337  -0.054 -0.150 0.885 

Mulching  -45.110 -0.364 0.724  -183.700 -4.282 0.003  -56.720 -0.622 0.541  0.077 0.241 0.816 

Soil temp.  - - -  - - -  - - -  -0.092 -0.550 0.600 

Mn 

VWC  

OLS 

-257.610 -0.646 0.535  

OLS-Log 

24.269 2.438 0.041  

OLS 

288.170 3.361 0.003  

OLS 

494.876 1.420 0.199 

Fertilization  - - -  -0.943 -1.376 0.206  11.430 0.831 0.416  30.228 1.895 0.100 

Mulching  13.990 1.304 0.225  -0.016 -0.029 0.978  -16.940 -1.244 0.228  -17.296 -1.232 0.258 

Soil temp.  - - -  - - -  - - -  -9.759 -1.320 0.228 

S 

VWC  

OLS-Log 

21.857 0.943 0.370  

OLS-Log 

6.007 0.844 0.423  

OLS-Log 

2.032 1.241 0.229  

OLS-Log 

10.726 1.620 0.149 

Fertilization  - - -  0.267 0.544 0.601  0.492 1.875 0.075  -0.060 -0.197 0.849 

Mulching  0.123 0.198 0.848  0.414 1.011 0.342  -0.102 -0.392 0.699  -0.151 -0.566 0.589 

Soil temp.  - - -  - - -  - - -  -0.021 -0.152 0.883 

Al 

VWC  

OLS 

-171.421 -1.294 0.228  

OLS-Log 

-1.169 -0.469 0.651  

OLS-Log 

0.644 1.190 0.248  

OLS-Log 

-1.434 -0.205 0.843 

Fertilization  - - -  -0.448 -2.613 0.031  0.007 0.079 0.938  0.090 0.280 0.787 

Mulching  4.655 1.306 0.224  0.178 1.243 0.249  0.003 0.033 0.974  -0.077 -0.273 0.793 

Soil temp.  - - -  - - -  - - -  0.134 0.907 0.394 

OLS = ordinary least squares regression (untransformed data); OLS-Log = ordinary least square regression (log-transformed response variable) 
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Table C.4: Results of statistical analyses performed on values of k and S determined using the Tea Bag Index for substrates within the pad and fen. 

Statistically significant results are provided in bold typeface. The type of model used (OLS or OLS-Log) is provided for each statistical test. 

Parameter Effect 

 2021  2023 

 Model Estimate t-value p-value  Model Estimate t-value p-value 

k 

VWC  

OLS 

-0.132 -2.291 0.049  

OLS-Log 

-3.775 -4.484 <0.001 

Fertilization  0.006 1.310 0.227  0.101 1.023 0.316 

Mulching  0.004 1.003 0.345  -0.074 -0.794 0.434 

Soil temp.  - - -  -0.090 -1.727 0.096 

S 

VWC  

OLS 

0.533 1.391 0.202  

OLS-Log 

0.227 0.401 0.692 

Fertilization  -0.122 -4.169 0.003  0.165 2.485 0.019 

Mulching  -0.041 -1.515 0.168  0.009 0.146 0.885 

Soil temp.  - - -  -0.076 -2.168 0.039 

*OLS = ordinary least squares regression (untransformed data); OLS-Log = ordinary least square regression (log-transformed response variable) 
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Table C.5: Results of statistical analyses performed on nutrient transformation rates quantified for substrates on the pad and in the fen. Statistically significant results are provided in bold typeface. 

The type of model used (OLS or OLS-Log) is provided for each statistical test. 

 Parameter Effect 

 2020  2021  2023  2024 

 Model Estimate t-value p-value  Model Estimate t-value p-value  Model Estimate t-value p-value  Model Estimate t-value p-value 

NO3 

VWC  

OLS* 

-0.213 -3.747 0.002  

OLS* 

0.023 1.442 0.180  

Insufficient 

data > LOD 

- - -  

OLS* 

0.951 0.280 0.789 

Fertilization  - - -  0.006 2.027 0.070  - - -  -0.014 -0.025 0.981 

Mulching  -0.002 -0.460 0.652  -0.001 -0.551 0.594  - - -  -0.335 -0.686 0.518 

Soil temp.  - - -  - - -  - - -  - - - 

NH4 

VWC  

OLS 

-1.280 -4.260 <0.001  

Insufficient 

data > LOD 

- - -  

Insufficient 

data > LOD 

- - -  

OLS 

-0.117 -0.074 0.943 

Fertilization  - - -  - - -  - - -  -0.399 -1.440 0.188 

Mulching  0.016 0.946 0.355  - - -  - - -  0.091 0.327 0.752 

Soil temp.  - - -  - - -  - - -  - - - 

*OLS = ordinary least squares regression (untransformed data) 

 

 

Table C.6: Results of statistical analyses performed on substrate extractable nutrient contents quantified for substrates on the pad and in the fen. Statistically significant results are provided in bold 

typeface. The type of model used (OLS, OLS-Log, or MLE-Cen) is provided for each statistical test. For OLS and OLS-Log models, t-values are reported. For MLE-Cen models, Wald’s Z-values are 

reported. 

Parameter 

  2020  2021  2023  2024 

Effect  Model Estimate Test statistic p-value  Model Estimate Test statistic p-value  Model Estimate Test statistic p-value  Model Estimate Test statistic p-value 

ext-NO3 

VWC  

MLE-Cen 

17.156 2.470 0.013  

MLE-Cen 

-6.787 -2.890 0.004  

Insufficient 

data > LOD 

- - -  

OLS-Log 

-0.530 -0.198 0.848 

Fertilization  - - -  -0.507 -1.300 0.193  - - -  0.133 0.283 0.785 

Mulching  0.441 1.150 0.250  0.253 0.680 0.496  - - -  0.281 0.594 0.569 

Soil temp.  - - -  - - -  - - -  - - - 

ext-NH4 

VWC  

OLS-Log 

8.076 1.810 0.085  

MLE-Cen 

-0.280 -0.060 0.951  

MLE-Cen 

37.278 2.310 0.021  

OLS-Log 

-0.054 -0.014 0.989 

Fertilization  - - -  -1.202 -1.640 0.101  -1.152 -1.620 0.106  -0.694 -1.022 0.337 

Mulching  0.188 0.763 0.454  1.306 1.830 0.067  1.157 1.800 0.071  0.865 1.275 0.238 

Soil temp.  - - -  - - -  0.539 1.640 0.101  - - - 

*OLS = ordinary least squares regression (untransformed data); OLS-Log = ordinary least squares regression (log-transformed response variable); MLE-Cen = censored regression (maximum likelihood; log-transformed response variable) 

* Insufficient data > LOD to perform statistical analyses on extractable PO4 concentrations 

* F-values are presented for OLS and OLS-Log models, while z-values are presented for MLE-Cen models. 
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Table C.7: Results of statistical analyses performed on nutrient concentrations in pore water collected from the pad and the fen between 2020 and 2024. Statistically significant results are provided in 

bold typeface. The type of model used (OLS, OLS-Log, or MLE-Cen) is provided for each statistical test. For OLS and OLS-Log models, t-values are reported. For MLE-Cen models, Wald’s Z-values 

are reported. 

Parameter Effect 

 2020 (June)  2020 (July)  2020 (August, pre-fertilization)  2020 (August, post-fertilization) 

 Model Estimate Test statistic p-value  Model Estimate Test statistic p-value  Model Estimate Test statistic p-value  Model Estimate Test statistic p-value 

NO3 

VWC  

Insufficient 

data > LOD 

- - -  

Insufficient 

data > LOD 

- - -  

Insufficient 

data > LOD 

- - -  

Insufficient 

data > LOD 

- - - 

Fertilization  - - -  - - -  - - -  - - - 

Mulching  - - -  - - -  - - -  - - - 

Soil temp.  - - -  - - -  - - -  - - - 

NH4 

VWC  

OLS-Log 

-2.570 -0.091 0.929  

OLS-Log 

15.546 1.771 0.110  

MLE-Cen 

-1.735 -0.200 0.840  

MLE-Cen 

-1.221 -0.120 0.900 

Fertilization  - - -  - - -  - - -  -0.470 -0.560 0.580 

Mulching  -0.641 -1.172 0.271  0.045 0.125 0.903  -0.380 -0.520 0.610  -0.486 -0.680 0.500 

Soil temp.  - - -  - - -  - - -  - - - 

TON 

VWC  

Insufficient 

data > LOD 

- - -  

Insufficient 

data > LOD 

- - -  

Insufficient 

data > LOD 

- - -  

Insufficient 

data > LOD 

- - - 

Fertilization  - - -  - - -  - - -  - - - 

Mulching  - - -  - - -  - - -  - - - 

Soil temp.  - - -  - - -  - - -  - - - 

Cl 

VWC  

OLS-Log 

8.094 0.957 0.363  

OLS-Log 

-2.521 -0.369 0.721  

OLS-Log 

-0.899 -0.378 0.715  

OLS 

-1.124 -0.098 0.924 

Fertilization  - - -  - - -  - - -  -0.074 -0.075 0.942 

Mulching  0.012 0.070 0.946  0.071 0.253 0.806  0.132 0.644 0.537  -0.088 -0.107 0.917 

Soil temp.  - - -  - - -  - - -  - - - 

*OLS = ordinary least squares regression (untransformed data); OLS-Log = ordinary least squares regression (log-transformed response variable); MLE-Cen = censored regression (maximum likelihood; log-transformed response variable)    

* Insufficient data > LOD to perform statistical analyses on pore water concentrations of NO2, PO4, and SO4              

* F-values are presented for OLS and OLS-Log models, while z-values are presented for MLE-Cen models.              
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Table C.7 Continued 

Parame

ter 
Effect 

 2021 (June)  2021 (July)  2022 (June)  2023 (June)  2024 (June) 

 Model 
Estim-

ate 

Test 

statistic 

p-

value 
 Model 

Estim-

ate 

Test 

statistic 

p-

value 
 Model 

Estim-

ate 

Test 

statistic 

p-

value 
 Model 

Estim-

ate 

Test 

statistic 

p-

value 
 Model 

Estim-

ate 

Test 

statistic 

p-

value 

NO3 

VWC  

OLS-

Log 

-0.104 -0.053 0.959  

OLS 

1623.6

00 
1.547 0.160  

MLE-

Cen 

34.037 1.770 0.077  

OLS 

24.986 0.071 0.945  

OLS-

Log 

-7.062 -1.035 0.331 

Fertilizat

ion 
 -0.322 -1.196 0.266  406.00

0 
2.695 0.027  -0.432 -1.030 0.304  25.592 1.132 0.295  0.654 1.323 0.222 

Mulchin

g 
 0.236 0.892 0.398  222.60

0 
1.764 0.116  -0.085 -0.180 0.858  -16.668 -0.807 0.446  -0.501 -0.983 0.354 

Soil 

temp. 
 -  -  - - -  -0.333 -0.720 0.471  -5.675 -0.466 0.656  - - - 

NH4 

VWC  

OLS-

Log 

9.615 2.101 0.069  

OLS 

-19.790 -0.022 0.983  

OLS-

Log 

10.027 0.359 0.730  

OLS-

Log 

-19.427 -3.326 0.013  

OLS-

Log 

-5.095 -1.868 0.099 

Fertilizat

ion 
 0.142 0.223 0.829  17.600 0.137 0.894  0.160 0.254 0.807  -0.253 -0.675 0.521  -0.034 -0.171 0.869 

Mulchin

g 
 1.937 3.109 0.014  42.370 0.394 0.704  0.485 0.672 0.523  -0.503 -1.467 0.186  -0.215 -1.052 0.323 

Soil 

temp. 
 - - -  - - -  0.158 0.225 0.828  -0.137 -0.676 0.521  - - - 

TON 

VWC  

OLS-

Log 

-0.181 -0.086 0.934  

OLS-

Log 

3.213 0.731 0.485  

MLE-

Cen 

34.482 1.780 0.075  

OLS 

16.836 0.047 0.964  

OLS-

Log 

-7.086 -1.041 0.328 

Fertilizat

ion 
 -0.272 -0.931 0.379  2.123 3.367 0.010  -0.429 -1.010 0.311  26.413 1.149 0.288  0.652 1.322 0.223 

Mulchin

g 
 0.279 0.972 0.360  0.828 1.568 0.156  -0.100 -0.210 0.835  -16.617 -0.792 0.455  -0.506 -0.994 0.349 

Soil 

temp. 
 - - -  - - -  -0.337 -0.720 0.469  -5.752 -0.464 0.657  - - - 

Cl 

VWC  

OLS-

Log 

-1.819 -0.802 0.446  

OLS 

-5.275 -1.088 0.308  

OLS-

Log 

22.368 1.010 0.346  

OLS-

Log 

-1.629 -0.534 0.610  

OLS 

-8.986 -1.909 0.093 

Fertilizat

ion 
 0.259 0.824 0.434  1.241 1.783 0.113  -0.044 -0.089 0.932  0.074 0.376 0.718  -0.061 -0.180 0.862 

Mulchin

g 
 0.096 0.310 0.764  -0.157 -0.270 0.794  -0.679 -1.185 0.275  -0.204 -1.139 0.292  -0.091 -0.259 0.802 

Soil 

temp. 
 - - -  - - -  -0.194 -0.349 0.737  -0.029 -0.275 0.791  - - - 

*OLS = ordinary least squares regression (untransformed data); OLS-Log = ordinary least squares regression (log-transformed response variable); MLE-Cen = censored regression (maximum likelihood; log-transformed response variable) 

* Insufficient data > LOD to perform statistical analyses on pore water concentrations of NO2, PO4, and SO4 

* F-values are presented for OLS and OLS-Log models, while z-values are presented for MLE-Cen models. 
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Table C.8: Mean (± standard deviation) nutrient supply ratios (N:P, Fe:P, and Al:P) for peat from the surrounding fen and mineral 

fill from the residual pad. Ratios were calculated using PRS probe supply rates. The supply of total N is the sum of the supplies of 

NO3
- and NH4

+. When data were not available (due to nutrient supply rates < LOQ), they are denoted by NA. 

Year  Month Substrate N:P Fe:P Al:P 

2020 June Peat 8:1 (5.6) 4:1 (1.9) 24:1 (16.6) 

2020 June Mineral fill NA 93:1 (78.4) 10:1 (5.4) 

2020 August Peat 8:1 (2.9) 4:1 (2.9) 30:1 (10.2) 

2020 August Mineral fill NA 91:1 (75.1) 13:1 (7.2) 

2021 June Peat 6:1 (3.6) 7:1 (9.7) 23:1 (12.3) 

2021 June Mineral fill NA 195:1 (237.2) 10:1 (6.9) 

2023 June Mineral fill 5:1 (2.9) 195:1 (81.0) 13:1 (13.1) 
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APPENDIX D 

Supplementary Figures and Tables for Chapter 5 

 

 

Figure D.1: Photographs of the constructed upland including an aerial overview image taken in June 2020 using a drone (a) and 

detail images taken from the residual pad (looking south towards the ridge) in June (b) and August (c) 2020. Red arrows highlight 

examples of swales. Swales were configured such that they ran perpendicularly across the constructed upland slopes. The location 

of runoff collectors is not shown. Note that the upland slopes were fully vegetated with Melilotus officinalis (all areas) and Scirpus 

spp. (moist swales at toeslope positions) by the study periods detailed in this paper (2022 to 2024). 
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Figure D.2: Aerial photos of the residual pad taken using a drone during wet conditions in 2022 (a) and dry conditions in 2024 (b-

c), and detailed ground-level photos of the sedge and moss community present across the residual pad taken in July 2024 (d-f). 
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Figure D.3: Photographs of the runoff collectors installed on the constructed upland including an overview of the collection trench 

layout (a), detail of the eavestrough connecting collection trenches to buckets including the concrete base (b), detail of a collection 

trench lined with metal angle flashing (c), detail of the air pump location and bucket insulation technique (d), and detail of pressure 

transducers protected from freezing using latex sheaths filled with ethylene glycol (e). A second pressure transducer was added to 

each bucket in the first year as a backup in case of freezing, but not in the second season. 
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Figure D.4: Photographs of an example of the square acrylic evaporation pans used to quantify actual open-water evaporation rates 

(a-b), examples of weighing lysimeters used to quantify actual evapotranspiration rates in sparsely vegetated (c) and well vegetated 

(d-e) areas, and an example of a drainage bucket used to quantify drainage losses from the lysimeters (f). Note that evaporation 

pans were adjusted prior to each measurement period to ensure that the surface of the pan was closely aligned with the surface of 

the surrounding water (images shown in panels a and b were taken prior to adjustment). 
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Figure D.5: Timelapse photographs of the snow ruler on the midslope of the constructed upland feature taken on April 5, 2023 (a), 

April 8, 2023 (b), and March 12, 2024 (c). The approximate location of a high berm feature separating the swales is identified with 

a red oval in each photo. The berm microtopographic features become snow-free one to four days before the swales. 
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Table D.1: Summary of surface runoff from the constructed upland feature during the 2023 spring freshet. 

Spring 2023 West flume Centre flume East flume 

Approximate catchment area (m2) 56.47 47.83 154.88 

Flume catchment SWE (m) 0.079 0.080 0.073 

Flume catchment SWE (m3) 4.45 3.83 11.23 

Total spring runoff (m3) 0.011 0.005 0.014 

Runoff coefficient (ratio) 0.0025 0.0013 0.0012 

Runoff coefficient (%) 0.25 0.13 0.12 

 

 

Table D.2: Summary of surface runoff from the constructed upland feature during the 2024 spring freshet. 

Spring 2024 West flume Centre flume East flume 

Approximate catchment area (m2) 56.47 47.83 154.88 

Flume catchment SWE (m) 0.043 0.035 0.025 

Flume catchment SWE (m3) 2.45 1.66 3.81 

Total spring runoff (m3) 0.018 0.014 0.005 

Runoff coefficient (ratio) 0.0074 0.0082 0.0014 

Runoff coefficient (%) 0.74 0.82 0.14 

 

 

Table D.3: Priestley-Tayor ∝ coefficients developed for each plot type (WO and NO) in 2022 and 2023. The R2 and p values for 

the linear regressions between ETa and ETeq used to develop each ∝ value are also presented. 

 2022  2023 

 ∝ R2 p  ∝ R2 p 

WO 1.06 0.50 < 0.001  1.51 0.50 < 0.001 

NO 0.99 0.51 < 0.001  1.15 0.68 < 0.001 

 

 

 


